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ABSTRACT OF THE DISSERTATION
Halogen Oxidants Contribute to Organic Compound Degradation and Toxic Halogenated
Byproduct Formation in Engineered Aquatic Systems
by
Moshan Chen
Doctor of Philosophy in Energy, Environmental, and Chemical Engineering
Washington University in St. Louis, 2023
Professor Kimberly Parker, Chair

Organic contaminants are present in the aquatic environment and pose risks to human
health. To address this concern, organic contaminants are degraded by oxidants in engineered
aquatic systems. Halogen oxidants, including hypohalous acids and halogen radicals, are
commonly used for the degradation of organic contaminants. However, one environmental concern
associated with halogen oxidants is the formation of toxic halogenated byproducts. Thus, it is
essential to develop effective strategies to degrade organic contaminants while mitigating the
formation of halogenated byproducts. Consequently, this dissertation focused on evaluating the
degradation kinetics and transformation mechanisms of organic compounds in three different
engineered aquatic systems involving halogen oxidants.

The first objective examined how halogen oxidants (e.g., hypochlorous acid) led to the
formation of halogenated byproducts in conventional drinking water treatment during harmful
algal blooms. Specifically, multiple oxidation stages in drinking water treatment may impact the
formation of halogenated byproducts from algal organic matter (AOM) that occurred at high
concentrations during harmful algal blooms. | found that transformations of organic moieties in
AOM through additional oxidation processes changed the potential for halogenated byproduct

formation from the reactions between halogen oxidants and AOM. The potentially increased

Xi



formation of halogenated byproducts raises challenges for water treatment processes due to the
escalating issue of harmful algal blooms on a global scale.

The second objective investigated the impacts of halogen oxidants on the mechanisms and
Kinetics of organic compound degradation in hydraulic fracturing fluids. Specifically, persulfate is
commonly used to generate sulfate radicals to break down polymer-based gels during hydraulic
fracturing processes. However, high concentrations of halides in hydraulic fracturing fluids may
convert sulfate radicals to halogen oxidants (i.e., hypohalous acids, halogen radicals). | found that
halogen radicals were the key intermediates that led to the halogenation and selective degradation
of organic compounds in hydraulic fracturing fluids. Inaddition, while previous research primarily
investigated the direct reactions between halogen radicals and organic compounds, | demonstrated
that the recombination products of halogen radicals (i.e., hypohalous acids) are also important
oxidants that lead to the formation of halogenated byproducts in hydraulic fracturing fluids. The
unintentional formation of halogen oxidants must be considered in future hydraulic fracturing
designs to minimize their adverse effect on target organic compound degradation and to mitigate
halogenated byproduct formation.

The final objective evaluated how halogen oxidants contributed to organic compound
degradation during brine treatment by plasma, a recently developed water treatment technology.
Specifically, since hydroxyl radicals are the primary reactive species generated during plasma-
based water treatment, halides in brines may convert hydroxyl radicals to halogen oxidants and
thereby lead to selective degradation of organic compounds. | provided the first evidence that in
contrast to the negligible effect of chloride, bromide that occurs at orders of magnitude lower
concentrations significantly increased the formation of halogen oxidants during plasma treatment
of brines. 1 also for the first time demonstrated that, via a radical-mediated pathway, halides led to

the formation of hypohalous acids as the dominant oxidants during plasma treatment. The

xii



formation of hypohalous acids altered the degradation kinetics of some organic compounds from
pseudo-first order to zero order, distinguishing plasma reactors from conventional radical-based
treatment processes. The dominant role of hypohalous acids suggests that halides may contribute
to the formation of halogenated byproducts, which is important to consider when expanding the
application of plasma-based water treatment to more complex brines.

Overall, this dissertation sheds light on the role of halogen oxidantsin both conventional
water treatment and emerging oxidative processes based on radicals. In conventional drinking
water treatment, careful consideration of the oxidation of organic moieties is essential for effective
strategies to control halogenated byproduct formation during harmful algal blooms. Moreover, in
emerging oxidative treatment, it is important to acknowledge the role of hypohalous acids in
assessing the degradation efficiency and halogenated byproduct formation when halides are
present. These findings are necessary for future engineering designs to effectively degrade organic

compounds while reducing the hazard posed by halogenated byproducts.
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Chapter 1: Introduction

1.1 Background and motivation

Organic contaminants in the aquatic environment may pose risks to the ecosystem and
human health. To alleviate the environmental risks posed by organic contaminants, we may
degrade them through redox reactions. In engineered aquatic systems, conventional chemical
oxidants (e.g., hypochlorous acid, monochloramine, ozone, permanganate) and reactive species
(e.g., hydroxyl radicals ("OH), sulfate radicals (SO4'")) are often used to react with organic
contaminants and decrease their concentrations. For example, in water treatment facilities,
hypochlorous acid, monochloramine, and ozone can be used to reduce the concentrations of
organic contaminants (e.g., pesticides,' -3 pharmaceuticals).2* Inaddition, both hydroxyl and SO4~
react with a wide range of organic contaminants with near-diffusion-limit rate constants®® so that
they have been employed in advanced oxidation processes (AOPSs) during water treatment.

Among various oxidants, halogen oxidants (e.g., hypochlorous acid, halogen radicals)
specifically raise concern because their reactions with organic contaminants potentially lead to the
formation of toxic halogenated byproducts.”-2 Forexample, in water treatment facilities, one major
issue relevant to disinfection using hypochlorous acid is the formation of carcinogenic disinfection
byproducts (DBPs, e.g., trihalomethanes, haloacetic acids, haloacetonitriles, nitrosamines) from
the degradation of organic compounds.®1° Similarly, in other engineered aquatic systems involving
halogen radicals, halogenated byproducts have raised particular concerns due to their toxicity.®

Consequently, to ensure the water quality in the aquatic environment, it is necessary to
assess the formation of unwanted byproducts in the degradation of organic contaminants.

Therefore, the overall objective of this dissertation is to investigate how halogen oxidants



contributed to the degradation kinetics and halogenation mechanisms of organic compounds in

three specific engineered aquatic systems.

1.1.1 Conventional chemical oxidants in drinking water treatment

Chemical oxidants are added to degrade organic compounds that pose adverse effectson
human health in drinking water facilities. In more than 70% of all community water systems and
all surface water systems in the U.S, hypochlorous acid, monochloramine, chlorine dioxide and
permanganate have been used as preoxidants in raw water.1! In addition, in most water treatment
facilities, hypochlorous acid, chloramine and ozone have been primarily used as disinfectants in
post-disinfection.!! As these chemicals may degrade organic contaminants, DBPs are often
produced at levels that potentially cause risks in human health. For example, hypochlorous acid,
the most commonly applied chemical oxidant,*?3 often lead to the highest levels of halogenated
disinfection byproducts such as trihalomethanes and haloacetic acids among all chemical oxidants
in the treatment of freshwater,141>wastewater,'6and desalinated seawater!’. To meet the regulatory
standards of trihalomethanes and haloacetic acids by the U.S. Environmental Protection Agency
(i.e., 80 pg/L and 60 pg/L, respectively),’® ozone, monochloramine, and chlorine dioxide were
considered as alternative oxidants to hypochlorous acid. However, previous literature reported that
these alternative oxidants would likely lead to the formation of other DBPs (e.g., nitrosamine)1®-
21 that were currently unregulated.

The formation of DBPs causes many challenges in the treatment of impaired water,
including water impacted by harmful algal blooms (HABs). During HAB events, conventional
oxidants such as permanganate and hypochlorous acid cause algal cells to lyse and release algal
organic matter (AOM), which is a precursor for DBPs.22-26 Moreover, because AOM is more

abundant in nitrogen, one particular concern associated with HAB-impacted water is the formation



of unregulated nitrogenous DBPs (e.g., haloacetonitriles) that are more toxic than regulated
trinalomethanes and haloacetic acids.2” Consequently, the application of conventional chemical
oxidants during drinking water treatment needs additional scrutiny during HAB events.

1.1.2 Radical-based AOPs used in engineered aquatic systems.

Radical-based treatments are often applied in engineered aquatic systems. In water
treatment facilities, radicals are primarily generated by ultraviolet (UV) advanced oxidation
processes (AOPs). In common UV AOPs, conventional chemical oxidants have also been added
to improve the degradation efficiency of organic compounds. In these so-called UV-based AOPs,
oxidants such as hydrogen peroxide and persulfate may undergo activation and generate *OH and
S04, Theses radicals have high oxidation-reduction potentials (e.g., 1.8-2.7 V for *OH,>2.5-3.1
V for SO4™)% and react with most organic pollutants at near-diffusion-limited rate constants.®28 In
prior reports, *OH indiscriminately reacts with organic compounds (e.g., saturated aliphatic,
olefinic, aromatic, and organosulfur compounds) at bimolecular rate constants near 1010 M-1s18
Also, SO4" has been previously shown to react with a wide spectrum of organic compounds (e.qg.,
aliphatic alcohols,2° alkanes,3° ethers, 3931 aromatic compounds).32:33

In contrast to these non-selective reactive species (i.e., "OH, SO4*), halogen radicals (i.e.,
CI', Br, Clx, BrCl', Brz™), except for chlorine radical, are more selective oxidants.® In
engineered aquatic systems such as water treatment facilities, selective halogen radicals may be
generated directly by the photolysis of hypochlorous acid or monochloramine or converted from
primary radicals (e.g., "OHand SO4"") by halides (e.g., in seawater).8 Halogen radicals are selective
because they react with certain organic compounds (e.g., alkenes, aromatics, organothiols) with
high rate constants (i.e., k = 106-101° M-1s-1) and react with other organic compounds (e.g., aliphatic

molecules) with much lower rate constants (i.e., k = 103-106 M-1s-1).8 In addition, the conversion



of radicals and other reactive species to halogen radicals in sunlit seawater has also been shown to
accelerate the transformations of certain pollutants and biogeochemically relevant compounds
(e.g., algal toxins,34:35 organosulfur biomolecules,3°:36 chromophoric moieties in organic matter).3”
40 Inadditionto altering reaction rates, halogen radicals also alter reaction mechanisms by enabling
halogenation both directly and indirectly. Directly, halogen radicals add to the structure of certain
aromatic*! and olefinic molecules.*142 Indirectly, halogen radicals react via termination reactions
to generate other halogenating agents (i.e., hypohalous acids),*3-4° which react with organics
through substitution®°-52 or addition.>°

Although reactions between halogen radicals and organic compounds have been widely
studied in seawater or brines, they have not yet been investigated more broadly in other saline
engineered aquatic systems, for example, hydraulic fracturing fluid. Recent studies have
demonstrated that one particular concern of hydraulic fracturing fluid is the formation of
halogenated products. As a radical-based process (i.e., breaker persulfate generates SO4™) is
involved in the hydraulic fracturing operation,>3°* halogen radicals may be involved in the
mechanism of generating halogenated products. Consequently, understanding the role of halogen
radicals may help future hydraulic fracturing designs to reduce the levels of halogenated products.

1.1.3 Plasma-based water treatment

Plasma has the potential to improve water treatment systems. Plasma in liquid or gas-liquid
systems generates highly reactive oxidizing species (e.g., ‘OH, hydrogen peroxide or H2O>) and
reducing species (i.e., hydrated electron, superoxide).®® In previous studies, the proposed
application of plasma in water treatment is based on the formation of some reactive species (e.g.,
(‘'OH) that are non-selective toward a wide spectrum of organic compounds (e.g.,

pentachlorophenol,®® tert-methyl butyl ether,> pesticides,>® pharmaceuticals,>® algal toxins).®° In



addition, recent studies also revealed that solvated electron generated in plasma causes the
reductive destruction of per- and polyfluoroalkyl substances (PFASSs)).61-64

However, to implement plasma technology in water treatment facilities, we should also
consider various treatment scenarios, including the application of plasma to high-salinity systems
that contain high concentrations of halides. Due to the scavenging ability of halides on *OH, which
generates halogen radicals, we suspected that halides would alter the degradation kinetics of
organic compounds. Therefore, the effects of halides on organic compound degradation are

necessary when expanding plasma application to more complex water matrices such as brines.

1.2 Research objectives and hypotheses

The overall objective of this study is to investigate the reaction kinetics of organic
compounds and the mechanisms of halogenated byproduct formation in three different engineered
aquatic systems. In the first objective (Chapter 2), | investigated the mechanisms of how
conventional chemical oxidants contributed to halogenated disinfection byproduct formation
during HABs. More specifically, | evaluated the impact of permanganate as a preoxidant on
halogenated DBP formation during subsequent chlorination or chloramination. In the second
objective (Chapter 3), | investigated the degradation kinetics and halogenation mechanism of
organic additives in high-salinity hydraulic fracturing fluids. In the third objective (Chapter 4), I
investigated the effects of halides on organic compound degradation during plasma treatment of
brines. Specific objectives and hypotheses are given below.

Objective 1. Investigate disinfection byproduct formation in drinking water treatment during
HABsS.
Hypothesis 1: Permanganate preoxidation increases the formation of certain DBPs during

subsequent chlorination of AOM.



Hypothesis 2: Permanganate preoxidation increases the formation of certain DBPs during
subsequent chloramination of AOM.

Hypothesis 3: Permanganate preoxidation increases the overall toxicity of treated water impacted
by high concentrations of AOM.

Objective 2. Elucidate the halogenation and degradation kinetics of organic additives used in
hydraulic fracturing.

Hypothesis 1. Halogenation of organic additives in hydraulic fracturing fluid is mediated by
halogen radicals.

Hypothesis 2: Selective halogen radicals promote the degradationrates of certain organic additives
but reduce the degradation rates of others.

Objective 3. Evaluate the effects of halides on organic compound degradation during plasma
treatment of brines.

Hypothesis 1: Halides lead to the selective degradation of organic compounds during plasma
treatment of brines.

Hypothesis 2: High concentrations of scavengers for oxidants such as bicarbonate and organic
matter in brines suppress the effect of halides on organic compound degradation during plasma

treatment.



Chapter 2: Permanganate preoxidation
affects the formation of disinfection
bvproducts from algal organic matter

This chapter is adapted from Chen, M.; Rholl, C. A.; Persaud, S. L.; Wang, Z.; He, Z.; Parker, K.
M. Permanganate Preoxidation Affects the Formation of Disinfection Byproducts from Algal

Organic Matter. Water Res. 2023, 232, 119691.

2.1 Abstract

During harmful algal blooms (HABSs), permanganate may be used as a preoxidant to
improve drinking water quality by removing algal cells and degrading algal toxins. However,
permanganate also lyses algal cells, releasing intracellular algal organic matter (AOM). AOM
further reacts with permanganate to alter the abundance of disinfection byproduct (DBP)
precursors, which in turn affects DBP formation during disinfection. In this study, we evaluated
the impacts of preoxidation by permanganate applied at commonly used doses (i.e., 1-5 mg/L) on
DBP generation during chlorination and chloramination of AOM. We found that permanganate
preoxidation increased trichloronitromethane (TCNM) formation by up to 3-fold and decreased
dichloroacetonitrile (DCAN) formation by up to 40% during chlorination, indicating that
permanganate oxidized organic amines in AOM to organic nitro compounds rather than organic
nitrile compounds. To test this proposed mechanism, we demonstrated that permanganate oxidized
organic amines in known DBP precursors (i.e., tyrosine, tryptophan) to favor the production of
TCNM over DCAN during chlorination. Compared to the decreased formation of DCAN during
chlorination, permanganate increased DCAN formation by 30-50% during chloramination of
AOM. This difference likely arose from monochloramine’s ability to react with non-nitrogenous
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precursors (e.g., organic aldehydes) that formed during permanganate preoxidation of AOM to
generate nitrogen-containing intermediates that go on toform DCAN. Our results also showed that
permanganate preoxidation favored the formation of dichlorobromomethane (DCBM) over
trichloromethane (TCM) during chlorination and chloramination. The increased formation of
DBPs, especially nitrogenous DBPs that are more toxic than carbonaceous DBPs, may increase

the overall toxicity in finished drinking water when permanganate preoxidation is implemented.

2.2 Introduction

Preoxidation is commonly used during drinking water treatment. Among surface water
treatment facilities that implemented preoxidation in the U.S., permanganate was the second most
commonly used preoxidant.1! Permanganate is conventionally used to remove iron and manganese
and control the taste and odor of drinking water. 11 Due to its ability to degrade moieties in natural
organic matter (NOM) such as olefins, amines, and phenolic compounds,®5-67 permanganate has
also been investigated for its impact on the formation of toxic disinfection byproducts (DBPs)
during subsequent disinfection. For example, prior studies reported that permanganate decreased
the formation of trihalomethanes (THMs) by 10-20%%8-72 and haloacetonitriles (HANS) by 50-
70%7°-72 during subsequent chlorination.

Permanganate may also be used as a preoxidant during harmful algal blooms (HABS),
which threaten drinking water quality worldwide by causing taste and odor problems and
producing toxins.”-76 During HABs, permanganate preoxidation has been applied to induce
aggregation of algal cells for removal by coagulation-flocculation,””-81 lyse cells to prevent
membrane fouling,26.77:82-8 and degrade certain algal toxins (e.g., microcystins, anatoxin-a).8°86
However, algal cell lysis caused by permanganate preoxidation also leads to the release of

intracellular algal organic matter (AOM) that is a precursor of DBPs.22:2387 To date, information
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regarding the impact of permanganate preoxidation on DBP formation during disinfection of
intracellular AOM remains limited. When treating algal cell suspensions, one study showed that
permanganate decreased the abundance of trichloromethane (TCM) precursors by up to 40% from
extracellular AOM,88 while another one found that permanganate preoxidation did not alter DBP
formation during subsequent chlorination.2 However, the permanganate dosages applied in these
studies were too low (<2 mg/L) to lyse algal cells and release intracellular AOM.26 The impact of
permanganate on intracellular AOM from lysed cells was only investigated by one study, which
found that permanganate dosed at 4 mg/L did not alter DBP formation (e.g., TCM,
dichloroacetonitrile (DCAN), trichloronitromethane (TCNM)) during subsequent chlorination.89
However, this study reported the impact of permanganate only under a single pair of
preoxidant/disinfectant doses,®® which may be insufficient to account for preoxidant effects that
depend on the doses of preoxidant and disinfectant.?1.72.90

Whereas preoxidants tend to decrease DBP formation from NOM, preoxidants other than
permanganate have been found to increase the formation of DBPs from AOM. For example,
preoxidation using chlorine dioxide decreased the formation of TCM by 10% and DCAN by 60%
during chlorination of NOM,°1 but increased the formation of these DBPs during chlorination of
intracellular AOM (i.e., by 60% for TCM, 50% for DCAN).89 Like chlorine dioxide, ozone
typically decreased THM formation by 20-50% during chlorination of NOM, 1929 hut increased
THM formation by 30-70% during chlorination of AOM.89.94-96 The increased formation of DBPs
from AOM may result from specific changes made by the preoxidants to AOM properties (e.g.,
decreasing its molecular weight, aromaticity, or hydrophobicity).8789-% |n addition, some
preoxidants react with specific moieties from AOM to generate DBPs. For example, organic

amines, which are more abundant in AOM than NOM,23:87 were oxidized by ozone to generate



precursors of TCNM,®” which could contribute to a greater extent of increase in the formation of
TCNM by preozonation observed from AOM (i.e., 5- to 100-fold) than NOM (i.e., 2- to 8-
fold).89.92-96

In this study, we hypothesized that permanganate preoxidation increases DBP formation
during disinfection of AOM in contrast to NOM, which was included as a control throughout the
study. Using AOM derived from cultivated Microcystis aeruginosa, we first tested the effects of
permanganate on DBP formation during chlorination of AOM and linked some of these effects to
the reaction of permanganate with specific moieties in AOM (i.e., organic amines). We next
extended our work to investigate the impact of permanganate on DBP formation during
chloramination of AOM, which we hypothesized would differ from chlorination due to
monochloramine acting as a weaker oxidant that can also participate in unique reactions that
generate new DBP precursors, particularly for nitrogenous DBPs.23:27.% Finally, we evaluated the
impact of permanganate preoxidation on calculated toxicity associated with DBP formation.?°-101
In contrast to prior findings under limited conditions,?® our work demonstrated that permanganate
preoxidation increased the formation of some DBPs specifically from AOM under relevant doses

of permanganate and disinfectant.

2.3 Materials and Methods

2.3.1 Chemicals and reagents

All chemicals (Table S2.1) were used as received. Oxidant solutions were prepared in
Milli-Q water as described in Section 2.5.1. We obtained AOM from Microcystis aeruginosa
following the method described in Section 2.5.2. For experiments, AOM was added to Milli-Q

water at a concentration of 5 mg-C/L, which is approximately equivalent to the concentration of
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AOM that would be released by algal cells present at 108 cells/mL 22:82, We obtained NOM from
natural water samples that were collected from the Mississippi River at a location near the Chain
of Rocks Water Treatment Plant in St. Louis, Missouri, where no HAB was reported at the time
of collection. The water samples were filtered through 0.7 um glass fiber filters (Fisher) that were
pre-baked in an oven at 450°C for 4 h. These water samples were directly used for experiments
requiring NOM and contained total organic carbon (TOC) measured to be 3 mg-C/L. Water quality
parameters including TOC, specific UV absorbance at 254 nm (SUV A2s4nm), and concentrations
of inorganic ions were measured for solutions containing AOM and NOM as described in Section
2.5.3 and are shown in Table S2.2. All solutions containing either AOM or NOM were stored at
4 °C.
2.3.2 Experimental procedure

Experiments were conducted to measure the concentrations of DBPs generated during
permanganate preoxidation and disinfection of AOM and NOM. All solutions contain 5 mg-C/L
AOM or 3 mg-C/L NOM, 10 mM phosphate buffer (pH 7), and permanganate at concentrations
commonly used during preoxidation (i.e., 1-5 mg/L as potassium permanganate, KMnQ4).11.7787
The solutions were prepared in 40 mL amber glass vials that were headspace-free and reacted at
room temperature in the dark for 3 d to allow sufficient time for reactions between permanganate
and moieties in organic matter.192 After 3 d, residual permanganate in solutions was measured. To
terminate the reaction, a quencher was applied at >10-fold molar excess relative to permanganate
concentrations in a 100 pL aliquot. Sodium thiosulfate was used to quench permanganate in an
early experiment (i.e., Figure 2.1a-d), but was replaced with ascorbic acid in all later experiments
including Figure 2.3a-d that replicated identical experimental conditions to achieve the same

results after permanganate preoxidation alone. These quenched solutions were extracted into
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methyl tert-butyl ether (MtBE) within 30 min as described in Section 2.5.4. Then, DBP
concentrations in the MtBE extracts were analyzed to determine the amount generated during
permanganate preoxidation.

To a separate set of unquenched solutions after permanganate preoxidation, small volumes
(i.e., <100 pL) of disinfectant stock solutions were added into each vial to achieve a targeted
concentration (i.e., 15 mg/L chlorine or 4 mg/L monochloramine as chlorine, Cl2) for disinfection
carried out over 3 d. The disinfection time was selected to align with other studies investigating
DBP formation from AOM,?%238288 while oxidant concentrations were selected to maintain
residuals after the disinfection period (Figure S2.1). Subsequently, solutions were quenched with
ascorbic acid, extracted, and analyzed for DBP concentrations generated during disinfection.

For experiments investigating the impact of permanganate preoxidation on DBP formation
during chlorination of model organic amines (i.e., tyrosine and tryptophan), 3.2 mg-C/L tyrosine
or 4.0 mg-C/L tryptophan (i.e., 30 uM) were treated with 1-50 mg/L permanganate (as KMnQa,
i.e., 6-320 uM) during preoxidation. These concentrations spanned values above and below
permanganate demand in these experiments. After 3 d, solutions were measured for residual
permanganate concentrations or treated with chlorine as described above.

2.3.3 Analytical procedures

Concentrations of residual oxidants were measured as described in Section 2.5.5. Residual
chlorine and monochloramine concentrations were measured after disinfection for 3 d without
preoxidation (Figure S2.1). Residual permanganate concentrations were measured after
preoxidation of AOM and NOM (Figure S2.2) and model amino acids (Figure S2.3), each for 3

d.
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Four THMs (i.e., TCM, dichlorobromomethane (DCBM), dibromochloromethane
(DBCM), tribromomethane (TBM)), three haloacetonitriles (i.e., DCAN, bromochloroacetonitrile
(BCAN), dibromoacetonitrile (DBAN)), and TCNM were measured on gas chromatography-mass
spectrometry (GC-MS, Section 2.5.4). In all of our experiments, we only detected four of these
DBPs above the levels of their method detection limit: TCM (0.1 pg/L), DCBM (0.1 pg/L), DCAN
(0.1 pg/L), and TCNM (0.1 pg/L). All other measured DBPs never occurred at concentrations
above the levels of their detection limit: DBCM (0.1 pg/L), TBM (0.1 pg/L), BCAN (0.2 pg/L),
DBAN (0.1 pg/L).

The toxicity associated with detected DBPs was calculated by dividing the molar
concentration of each DBP by their corresponding LCso cytotoxicity values (i.e., the DBP
concentration that results in 50% reduction in growth of Chinese hamster ovary cells compared to
the untreated control), which facilitates quantitative comparison of DBP toxicities determined
using a common assay.??-191 The calculated toxicity aggregates the contributions of several DBPs
measured on a consistent basis, though notably it does not account for toxicity contributed by other

DBPs occurring below method detect limits nor excluded from the analytical method 103
2.3.4 Statistical analysis

All experiments were conducted in triplicate. Error bars represent the standard deviations
of the data obtained from triplicate experiments. The significance of differences between DBP
formation with and without preoxidation was assessed by two-tail t-tests in GraphPad Prism with

a confidence level set to be <0.05.
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2.4 Results and Discussion

2.4.1 DBP formation from disinfection without preoxidation

Before investigating the impact of preoxidation on the abundance of DBP precursors, we
first measured the production of DBPs from AOM during chlorination or chloramination in the
absence of preoxidation as a control. During chlorination and chloramination, we found that TCM,
DCBM, DCAN, and TCNM were generated from AOM, while other four DBPs included in our
method were below their detection limits (Table S2.3). The yields of measurable DBPs (ug per
mg-C) were comparable to those reported in previous literature during chlorination of AOM,
indicating that our AOM behaved similarly to AOM used in other studies (Table
$2.4),22:23,2582,88,94.96,104-112 Gimjlarly, our results showed that the yields of TCM, DCAN, and
TCNM from chloramination of AOM were also comparable to the previously reported ranges from
AOM (Table S2.5)23.96.105108 Among the four DBPs that formed at measurable quantities, we
found that DCBM formed at the lowest yield, which was 30- to 80-fold lower than the previously
reported yields (Table S2.5) obtained from AOM samples amended with bromide (i.e., 0.05-1
mg/L).108

To enable a comparison between AOM and NOM, we also measured the production of
DBPs from NOM during chlorination and chloramination. Similar to AOM, only four among eight
DBPs (i.e., TCM, DCBM, DCAN, TCNM) were detectable during disinfection of NOM. Similar
to the yields of DBPs from AOM, the yields of these four DBPs from NOM were comparable to
previously reported ranges during chlorination (Table S2.4).2223.719193105113-119 3nqg
chloramination (Table $2.5).23.91.93113114118 Compared to AOM, NOM yielded more
carbonaceous DBPs (C-DBPs) during chlorination (i.e., ~2-fold more TCM and ~10-fold more

DCBM, Table S2.4) and chloramination (i.e., ~30-fold more DCBM, Table S2.5). The higher
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yields of C-DBPs, particularly TCM, may be attributed to a higher content of aromatic organic
carbon from NOM than AOM?22 that is correlated with a higher value of SUV A254 nm!2 from NOM
(i.e., 3.5 L/(mg-Csm)) than AOM (i.e., 1.0 L/(mg-C+m), Table S2.2). NOM also yielded ~3-fold
less DCAN and ~2-fold more TCNM than AOM during chlorination (Table S2.4). The total N-
DBP yield (dominated by DCAN) from NOM was less than from AOM, likely because AOM has
been reported to have ~20-fold higher abundance of organic nitrogen relative to organic carbon

than NOM.23
2.4.2 DBP formation from permanganate preoxidation followed by chlorination

To investigate the effects of permanganate preoxidation on the abundance of DBP
precursors from AOM and NOM, we next added 1-5 mg/L permanganate before chlorination.
Measured DBPs were never detected after permanganate preoxidation of AOM (Figure 2.1a-d)
and NOM (Figure 2.1e-h) for 3 d. Therefore, the effects of permanganate on DBP formation after
chlorination were entirely attributable to the effects of permanganate on precursors that
subsequently reacted with chlorine rather than DBP formed from permanganate itself.

When we used 1 mg/L initial permanganate during preoxidation, the production of TCM
during subsequent chlorination of AOM was comparable to the control (Figure 2.1a). When the
concentration of permanganate was increased to 3 and 5 mg/L, the yield of TCM decreased by
20+£10% and 42+4%, respectively, relative to the control (Figure 2.1a). Compared to AOM, we
found similar effects of permanganate preoxidation on TCM yield from NOM (Figure 2.1e). Our
results showed marginally greater decreases in TCM yield from AOM and NOM than the slight
decrease reported in a prior report (i.e., by <5%) during chlorination of NOM under similar
experimental conditions.”! The decreased TCM formation indicates that permanganate degrades

TCM precursors from AOM and NOM.
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In additionto TCM, DCBM was also detected after chlorination of both AOM and NOM
(Figure 2.1b,f). Although we found low concentrations of bromide in solutions containing AOM
(i.e., <0.01 mg/L, below the detection limit) and NOM (i.e., 0.02 mg/L) (Table S2.2), oxidation
of trace bromide may still have led tothe formation of hypobromous acid °*-*21or other brominating
oxidants!?2-124 that react with organic matter to generate brominated DBPs like DCBM. In contrast
to the decreased yield of TCM after permanganate preoxidation (Figure 2.1a,e), the yield of
DCBM during chlorination was either unchanged or increased upon preoxidation of NOM or
AOM, respectively (Figure 2.1b, f). While the exact causes of the different effects of
permanganate preoxidation on DCBM formation relative to TCM are unknown, it is possible that
permanganate reacts differently with their respective precursors, which are somewhat distinct. For
example, DBPs with more brominated substituents were found to be preferentially generated from
more hydrophilic organic matter fractions relative to their chlorinated analogues,*>11° suggesting
possible differences in the precursors of TCM and DCBM alter the effects of preoxidation on their
eventual formation.

We next investigated the impact of permanganate preoxidation on the formation of N-
DBPs including DCAN. We found that preoxidation by 1-5 mg/L permanganate decreased the
yield of DCAN from AOM by up to 40% relative to the control (Figure 2.1c). Similarly,
permanganate decreased the yield of DCAN from NOM (Figure 2.1g). The decrease in DCAN
yield from NOM was comparable to the previously reported decrease during chlorination of NOM
(i.e., by ~40%) under similar experimental conditions.”* Our results indicate that, like its impact
on DCAN precursors from NOM, permanganate also degrades DCAN precursors from AOM

during preoxidation.
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Although permanganate preoxidation decreased the formation of DCAN, it increased the
formation of the other detected N-DBP, TCNM, from both AOM and NOM. Specifically,
permanganate at 1 and 3 mg/L increased the yield of TCNM from AOM by ~3-fold relative to the
control (Figure 2.1d). A moderate decrease in TCNM yield was observed when permanganate
was increased to 5 mg/L (Figure 2.1d), possibly due to further oxidation of TCNM precursors
similar to TCM precursors (Figure 2.1a). Compared to the large increase in TCNM vyield from
AOM, permanganate preoxidation only slightly increased the yield from NOM by ~20% relative
to the control (Figure 2.1h). The greater increase in TCNM yield from AOM than NOM may be
explained by the higher amount of organic nitrogen in AOM than NOM,23 which makes AOM

more susceptible to react with permanganate to form TCNM precursors.
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Figure 2.1. Formation of trichloromethane (TCM), dichlorobromomethane (DCBM),
dichloroacetonitrile (DCAN), and trichloronitromethane (TCNM) during preoxidation by
permanganate (as KMnQa) for 3 d followed by chlorination of AOM (a-d) or NOM (e-h) for 3 d.
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All solutions are prepared in headspace-free amber vials initially containing 5 mg-C/L AOM (a-
d) or 3 mg-C/L NOM (e-h), permanganate at the indicated concentration, and 10 mM phosphate
buffer (pH 7). After3 d, 15 mg/L chlorine (as Cl2) was added as the disinfectant to all solutions.
DBP vyields after permanganate preoxidation without chlorination were below the method
detection limits (i.e., 0.1 pg/L: 0.02 pg/mg-C for AOM, 0.03 pg/mg-C for NOM).

The different effects of permanganate on the formation of DCAN and TCNM from AOM
in our experiments might result from the fact that they are both proposed to be generated from
organic amine precursors (e.g., amino acids, proteins) during the chlorination of AOM.23 One key
difference in their formation mechanisms is the transformation from organic amines to organic
nitrile compounds (i.e., R-C=N) or organic nitro compounds (i.e., R-NO2), which leads to the
formation of DCAN or TCNM, respectively.23:27:102\We hypothesized that permanganate oxidizes
organic amines from AOM to form organic nitro compounds (Scheme 2.1, step 1),1921251%6which
contributes to the increased formation of TCNM during subsequent chlorination (step 2).2327
However, oxidation of amines to nitro groups may reduce the abundance of precursors that go on
to form organic nitrile compounds (step 3) and subsequently DCAN (step 4) during

chlorination.23.27

cl
KMnO, Cl, Cl
R-NO, ——2—
1 2 2 C|>kN02
R-NH,
(in AOM)

Scheme 2.1. Formation pathways of dichloroacetonitrile (DCAN) and trichloronitromethane
(TCNM) from organic amines of AOM during permanganate preoxidation and chlorination.

Oxidation of organic amines by permanganate to form organic nitro compounds (step 1),102.125126
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followed by formation of TCNM during chlorination (step 2).2327 Transformation of organic
amines to form organic nitrile compounds during chlorination (step 3),23:27 followed by formation

of DCAN (step 4).2327

To test our hypothesis regarding the effect of permanganate preoxidation on N-DBP
precursors from organic amines, we measured the formation of both DCAN and TCNM from two
known amine-containing precursors, namely, the amino acids tyrosine and tryptophan.127128
Notably, even though the carbon-based concentration of 30 pM solutions of tyrosine and
tryptophan were similar to AOM and NOM (i.e., 3-4 mg-C/L relative to 3-5 mg-C/L, respectively),
the permanganate demands of the model compounds were much higher (Figure S2.3), likely due
to a greater abundance of reactive sites present relative to carbon mass. Consequently, for this
mechanistic experiment, permanganate was applied at both a lower concentration range (1-5 mg/L)
— corresponding to that used for AOM and NOM experiments — and a higher concentration range
(10-50 mg/L) — spanning the measured permanganate demand of 3.2 mg-C/L tyrosine (i.e.,
27.6+0.7 mg/L) and 4.0 mg-C/L tryptophan (i.e., 41.2+0.4 mg/L) (Figure S2.3). The greater
permanganate demand by tryptophan than tyrosine likely resulted from permanganate selectively
reacting with the indoleamine in tryptophan (Figure 2.2),102 though tyrosine and tryptophan exert
similar demands for other common preoxidants (e.g., chlorine, ozone).129.130

The effect of permanganate preoxidation on DCAN and TCNM formation during
chlorination of tyrosine and tryptophan differed when permanganate was below or above the
permanganate demand of the amino acid precursors. In all cases where permanganate was applied
below the permanganate demand of the amino acids (i.e., 20 mg/L or lower), DCAN yield tended

to increase with increasing permanganate doses (Figure 2.2a,b). Notably, whereas DCAN yield
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from tryptophan increased continuously as the permanganate dose was increased from 1 to 20
mg/L permanganate dose (Figure 2.2b), DCAN yield from tyrosine plateaued when permanganate
dose was increased from 5 to 20 mg/L (Figure 2.2a), which may be related to tryptophan’s greater
permanganate demand relative to tyrosine (Figure S2.3). When permanganate dose was applied
in excess of the demand (i.e., when permanganate dose was increased from 20 to 50 mg/L), DCAN
yield from both tyrosine and tryptophan decreased. In contrast to the dose-dependent effect of
permanganate on DCAN yield, TCNM increased consistently with increasing permanganate doses
above 3 mg/L (Figure 2.2c,d). The greatest increase in TCNM occurred when permanganate dose
approached or exceeded the demand of the two amino acids.

Overall, our results using amino acids suggest that the effect of permanganate on DCAN
and TCNM formation from organic amine precursors depends on the amount of permanganate
applied relative to the demand exerted by the precursors. We found that higher doses of
permanganate decreased DCAN formation and increased TCNM, but only under the condition
where permanganate was applied in excess of the precursor’s demand. Notably, this condition was
met during our experiments using AOM, wherein all permanganate doses (1-5 mg/L) exceeded the
demand (i.e., <1 mg/L, Figure S2.2). At lower permanganate doses, DCAN formation from amino
acids increased, which suggests that partially oxidized intermediates generated from the reaction
of the amino acids with permanganate serve as better precursors for DCAN than the parent
molecules. This finding is in stark contrast to a prior study that reported preoxidation of amino
acids by permanganate at doses ranging from 1-5 mg/L resulted in decreased formation of both
DCAN and TCNM.131 A possible cause for this difference is the elevated chlorine dose (i.e., 213
mg/L as Cl2) employed by the prior study,3! which may have sufficiently oxidized the amino acids

in the absence of permanganate to mask the effect of preoxidation on N-DBP precursors detectable
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under the more relevant conditions applied in our experiments using AOM. Together, results from
both our study and the prior study point to important effects of both preoxidant and disinfectant

concentrations in determining the overall effect of preoxidation on DBP formation.
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Figure 2.2. Formation of dichloroacetonitrile (DCAN) and trichloronitromethane (TCNM) during
preoxidation by permanganate (as KMnOg) for 3 d followed by chlorination of tyrosine (a,c) or
tryptophan (b,d) for 3 d. All solutions are prepared in headspace-free amber vials initially
containing 3.2 mg-C/L tyrosine (a,c) or 4.0 mg-C/L tryptophan (b,d) (i.e., both 30 pM),
permanganate at the indicated concentration, and 10 mM phosphate buffer (pH 7). After 3 d, 15
mg/L chlorine (as Cl2) was added as the disinfectant to all solutions. DBP vyields after

permanganate preoxidation without chlorination were below the method detection limits (i.e., 0.1
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pg/L: ~0.033 pg/mg-C for tyrosine, ~0.025 pg/mg-C for tryptophan). The asterisks (*) in (c) and

(d) indicate TCNM occurred at concentrations below its method detection limit.

2.4.3 DBP formation from permanganate preoxidation followed by
chloramination

We next investigated the impact of permanganate on the abundance of DBP precursors
from AOM when monochloramine was applied during disinfection. We hypothesized that DBP
formation during chloramination is more sensitive to permanganate preoxidation because
monochloramine is a weaker oxidant than chlorine and therefore reacts with a smaller pool of
precursors. The ability of monochloramine to react with fewer DBP precursors in both AOM and
NOM relative to chlorine was further evidenced by both lower DBP yields (i.e., Figure 2.3 vs.
Figure 2.1) and disinfectant demand (Figure S2.4). This difference between the reactivities of
monochloramine and chlorine therefore may translate to differences in the effect of permanganate
preoxidation on ultimate DBP formation.

Whereas TCM formation during chlorination decreased after preoxidation by higher levels
of permanganate (Figure 2.1a), the impact of permanganate on TCM formation during
chloramination of AOM varied depending on permanganate concentration (Figure 2.3a).
Surprisingly, at the lowest dose of permanganate (i.e., 1 mg/L), TCM vyield increased by 70%
(Figure 2.3a), which suggests that permanganate at a relatively low concentration reacts with
AOM to form TCM precursors that more readily react with monochloramine but not chlorine.
However, at higher permanganate doses (i.e., 3 and 5 mg/L), TCM vyield decreased to 50% of the
control (Figure 2.3a), in closer alignment to decreasing yields observed from NOM upon

permanganate preoxidation (Figure 2.3e). Notably, TCM yield during chloramination of NOM
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was highly sensitive to permanganate preoxidation, decreasing to below the method detection limit
when permanganate was applied at its highest dose (Figure 2.3e). Consequently, permanganate
preoxidation appears capable of dramatically eliminating the relatively small pool of TCM
precursors from NOM that react with monochloramine, but is less effective at degrading TCM
precursors from AOM.

In contrast to TCM, the effects of permanganate preoxidation on the formation of DCBM
during chloramination of both AOM (Figure 2.3b) and NOM (Figure 2.3f) were more similar to
the effect observed during chlorination (Figure 2.1b,f). We again observed that permanganate
preoxidation increased the yield of DCBM during chloramination of AOM, in this case by up to
~3-fold (Figure 2.3b), while the yield of DCAN during chloramination of NOM remained
unchanged or slightly decreased (Figure 2.3f). As observed for TCM, the greatest increase in
DCBM vyield from AOM was found at the lowest permanganate dose (i.e., 1 mg/L); however,
DCBMYyields remained above the control even at higher permanganate doses. Together, our results
from both chlorination and chloramination suggest that AOM, but not NOM, specifically reacts
with permanganate to generate DCBM precursors.

Another key difference between chlorination and chloramination was observed when
comparing the impact of permanganate on DCAN formation. Unlike the decreased yield of DCAN
during chlorination of both AOM and NOM (Figure 2.1c,g), the impact of permanganate
preoxidation on DCAN yield during chloramination differed between AOM and NOM (Figure
2.3¢,9). While we still found a decreased yield of DCAN during chloramination of NOM (i.e., up
to50%, Figure 2.3g), permanganate preoxidation surprisingly increased the yield of DCAN during
chloramination of AOM (i.e., by 30-50%, Figure 2.3c). When considering DCAN formation

during chlorination, we proposed that permanganate preoxidation shifts N-DBP formation from
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organic amines towards TCNM instead of DCAN (Figure 2.2), possibly due to oxidation of
amines to nitro compounds (Scheme 2.1). While permanganate may still convert organic amines
to organic nitro compounds over organic nitrile compounds before chloramination,
monochloramine serves as an additional source of nitrogen for DCAN formation.2327:% In this
case, permanganate may have reacted with AOM to form other DCAN precursors such as organic
aldehydes.125.126.132-134 The nucleophilic attack of monochloramine on the aldehyde leads to the
formation of organic nitrile compounds,?3:27.98 which in turn increase the formation of DCAN
during chloramination (Scheme 2.2).

Similar to DCAN, the impact of permanganate preoxidation on the formation of TCNM
also differed between chlorination and chloramination of AOM. While permanganate increased
the yield of TCNM during chlorination (Figure 2.1d), the yield of TCNM was comparable to the
control except when we used 3 mg/L permanganate (i.e., the yield increased by 170+30% relative
to the control, Figure 2.3d). Our results indicate that permanganate at an intermediate
concentration (i.e., 3 mg/L) oxidizes organic amines to organic nitro compounds that are reactive
with monochloramine. However, these precursors may also contain other organic moieties (e.g.,
aromatic groups) that further react with permanganate.®®> Therefore, a higher permanganate
concentration (i.e., 5mg/L) may also oxidize these TCNM precursors to become less reactive with
monochloramine. Compared to AOM, the yield of TCNM during chloramination of NOM was
either unchanged or slightly decreased (Figure 2.3h). The increased formation of TCNM from
only AOM suggests that organic amines from AOM are more susceptible than NOM to react with

permanganate to produce organic nitro compounds that go on to generate TCNM.
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Figure 2.3. Formation of trichloromethane (TCM), dichlorobromomethane (DCBM),
dichloroacetonitrile (DCAN), and trichloronitromethane (TCNM) during preoxidation by
permanganate (as KMnOg) for 3 d followed by chloramination of AOM (a-d) or NOM (e-h) for 3
d. All solutions are prepared in headspace-free amber vials initially containing 5 mg-C/L AOM
(a-d) or 3mg-C/L NOM (e-h), permanganate at the indicated concentration, and 10 mM phosphate
buffer (pH 7). After 3 d, 4 mg/L monochloramine (as Cl2) was added as the disinfectant to all
solutions. DBP yields after permanganate preoxidation without chloramination were below the
method detection limits (i.e., 0.1 pg/L: 0.02 pg/mg-C for AOM, 0.03 pg/mg-C for NOM), except
TCM that was yielded at 0.029£0.007 and 0.04+0.01 pg/mg-C after preoxidation of AOM by 1
and 3 mg/L permanganate, respectively. The asterisk (*) in (e) indicates TCM occurred at

concentrations below its method detection limit.
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Scheme 2.2. Formation pathway of dichloroacetonitrile (DCAN) during permanganate
preoxidation and chloramination of AOM. Oxidation of AOM to organic aldehyde compounds
(step 1);125:126,132-134 contribution of monochloramine nitrogen to organic aldehyde compounds to
produce N-chloroaminomethanol (step 2);2-9 formation of organic nitrile compounds through
elimination of hydrochloric acid and dehydration (step 3);2%27:98 and transformation of organic

nitrile compounds to DCAN during chloramination (step 4).23:27.98

2.4.4 Impact of preoxidation on the toxicity of treated water

Because permanganate preoxidation had different effects on the formation of each DBP,
we next calculated the summed toxicity associated with detected DBPs®%1°1to estimate the overall
impact of preoxidation on the toxicity of treated water. After permanganate preoxidation, we found
that subsequent chlorination led to weighted toxicity an order of magnitude higher than subsequent
chloramination, which was attributed to the orders of magnitude higher concentrations of DBPs
generated by chlorination (Figure 2.1) than chloramination (Figure 2.3). In addition, although
DCAN occurred at 1-2 orders of magnitude lower concentrations than the most abundant DBP
TCM, it contributed to 60-100% of the overall toxicity in all solutions (Figure 2.4). This
observation was consistent with previous studies that identified haloacetonitriles as the primary

contributors to the toxicity of treated AOM and NOM among DBPs considered across these

26



Because DCAN was found to be the primary toxicity driver from AOM, the changes in the
overall toxicity were most closely related to the changes in DCAN concentrations. For example,
permanganate preoxidation decreased the formation of DCAN from chlorination of AOM (relative
to the control, Figure 2.1c), leading to decreased toxicity relative to the control (Figure 2.4a).
However, as the formation of DCAN during the chloramination of AOM increased (Figure 2.2c),
the estimated toxicity increased (Figure 2.4b). Although permanganate preoxidation increased the
toxicity from chloramination of AOM at all permanganate doses relative to the control, the
estimated toxicity after chloramination of AOM was decreased as the initial permanganate
concentration was increased from 1 to 5 mg/L (Figure 2.4b). Therefore, higher doses of
permanganate reduced the toxicity after chloramination relative to lower doses.

Our results showed that permanganate preoxidation decreased the estimated toxicity from
NOM after chlorination or chloramination (Figure 2.4c-d). Similar to AOM, DCAN wasa primary
contributor to the toxicity from NOM. However, because chlorination of NOM also yielded greater
TCM and less DCAN than AOM, TCM also contributed to a larger portion of the overall toxicity
after chlorination of NOM (i.e., 30-40%, Figure 2.4c) than AOM (i.e., ~10%, Figure 2.4a). As
permanganate preoxidation decreased the formation of both TCM and DCAN, the estimated

toxicity after chlorination of NOM decreased (Figure 2.4c).
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Figure 2.4. The impact of permanganate preoxidation on summed toxicity associated with
detected DBPs%%1% from (a-b) AOM or (c-d) NOM. All solutions are prepared in headspace-free
amber vials initially containing 5 mg-C/L AOM (a-b) or 3 mg-C/L NOM (c-d) and 10 mM
phosphate buffer (pH 7). After 3 d, 15 mg/L chlorine (as Clz, a and c) or 4 mg/L monochloramine

(as Clz, b and d) was added as the disinfectant to all solutions.

245 Environmental Implications

While our work agrees with prior studies that consistently demonstrated that preoxidation
decreased the DBP formation from NOM,59719193 permanganate preoxidation increased the

formation of certain DBPs during chlorination and chloramination of AOM. When followed by
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chlorination,  permanganate preoxidation specifically increased the formation of
dichlorobromomethane and trichloronitromethane. In addition to these two DBPs, permanganate
preoxidation also increased the formation of dichloroacetonitrile when followed by chloramination
of AOM. Therefore, strategies involving permanganate preoxidation may require additional
scrutiny during HABS.

Among DBPs considered in our study, DCAN was the primary toxicity driver in AOM-
impacted water, suggesting that the formation of DCAN must be controlled to mitigate the toxicity
of drinking water during HABs. While permanganate preoxidation consistently decreased the
formation of dichloroacetonitrile during both chlorination and chloramination of NOM, its effect
on dichloroacetonitrile formation from AOM was more variable. We found that
dichloroacetonitrile formation during chlorination was decreased by permanganate preoxidation,
which we tentatively attributed to oxidation of organic amine moieties under excess permanganate
conditions that reduce their availability to form organic nitrile compounds during chlorination
(Scheme 2.1). In contrast, dichloroacetonitrile formation during chloramination was increased by
permanganate preoxidation; this distinction may relate to the ability of monochloramine to
contribute its nitrogen when reacting with non-nitrogenous precursors (i.e., organic aldehydes)
generated during permanganate preoxidation of AOM that can then become new precursors of
dichloroacetonitrile (Scheme 2.2). Consequently, both the abundance of AOM relative to NOM
and the type of disinfectant used, as well as concentrations of the preoxidant and disinfectant, may
contribute to determining the impact of preoxidation on dichloroacetonitrile formation and
therefore a significant fraction of DBP-associated toxicity in treated water.

Beyond DCAN, permanganate preoxidation also altered the formation of other DBPs, most

notably by increasing the formation of TCNM from AOM during both chlorination and
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chloramination at certain doses. Like DCAN, TCNM formation might also be related to the
reaction of permanganate with organic amines, which were oxidized to nitro groups92.12512 that
led toincreased TCNM formation (Scheme 2.1). Inadditionto TCNM, permanganate preoxidation
also increased the formation of DCBM — particularly in contrast to the decreased formation of its
chlorinated analogue, TCM — during both chlorination and chloramination of AOM. The origin of
the increased formation of DCBM from AOM preoxidized by permanganate is less clear,
particularly in light of the tendency for permanganate preoxidation to decrease the formation of its
chlorinated analogue, trichloromethane. However, prior studies demonstrating that more
hydrophilic organic matter fractions preferentially form brominated DBPs over chlorinated
DBPs!®115 point to possible differences in their precursors that may contribute to this effect.

Our work contributed new insights into the impact of permanganate preoxidation on DBP
formation during HABs. While a previous study showed that permanganate at a low concentration
did not increase the formation of DBPs during chlorination of algal cell suspensions,8? our study
found that permanganate increased the formation of certain DBPs during chlorination of AOM
from lysed algal cells. These differences may be explained by the permanganate concentration
(i.e., 2 mg/L) used in the prior study,®? which was lower than the level required to cause algal cell
lysis (i.e., 3 mg/L).26 However, higher permanganate concentrations (i.e., > 3 mg/L)%6 may be
needed to lyse algal cells during water treatment operations to avoid other problems such as filter
fouling.84 Consequently, our findings regarding the impact of permanganate on DBP formation
during HABs will be applicable to this condition under which AOM is released from lysed algal

cells.
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2.5 Supporting information

2.5.1 Preparation of oxidant solutions

Oxidant solutions were prepared daily before use. A chlorine stock solution was prepared
from a sodium hypochlorite solution (5%) and standardized spectrophotometrically at 292 nm?138
by a UV-vis spectrophotometer (Varian Cary 50) or a NanoDrop One (Fisher). Monochloramine
stock solutions were prepared daily by mixing equal volumes of ammonium chloride and chlorine
solutions to achieve a chlorine to nitrogen molar ratio of 0.81%° and standardized
spectrophotometrically at 245 nm'2°, Permanganate stock solutions were prepared by dissolving

solid potassium permanganate in water and standardized spectrophotometrically at 526 nm.140

2.5.2 Procedures to obtain AOM for DBP experiments

A culture of Microcystis aeruginosa (UTEX 2385) was purchased from the Culture
Collection of Algae at the University of Texas at Austin. The algal cells were cultivated under a
12 h/12 h light/dark cycle at room temperature in BG-11 media.?3 After cultivation for 28 d, algal
cell suspensions were centrifuged at 10,000 g for 10 min to separate algal cells and the supernatant.
The collected algal cells were rinsed in Milli-Q water followed by centrifugation three times. To
obtain AOM, algal cells were re-suspended in Milli-Q water, then frozen and thawed three times,
and finally filtered through pre-baked 0.7 um glass fiber filters.

2.5.3 Water quality analysis

The concentrations of total organic carbon (TOC) in solutions containing AOM and NOM
were measured using a Shimadzu TOC analyzer. The UV 2s4nm absorbance was measured ona UV -
vis spectrophotometer (Varian Cary 50). Nitrate (NO3s™-N), nitrite (NO2™-N), chloride (CI), and

bromide (Br) concentrations were measured using an ion chromatography system equipped with
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an lonPac AS18 column (Dionex, Thermo Fisher Scientific). The concentration of ammonium
(NH4*-N) was measured by a salicylate colorimetric method!4! using a spectrophotometer (DR
890, Hach Company). The measured parameters were shown in Table S2.2.

2.5.4 Quantification of disinfection byproducts on gas chromatography —mass

spectrometry

Four trihalomethanes (i.e., TCM, DCBM, DBCM, TBM), three haloacetonitriles (i.e.,
DCAN, BCAN, DBAN), and TCNM were measured by gas chromatography—mass spectrometry
(GC-MS). As detailed in the method section in Section 2.3.2, we prepared quenched solutions
after preoxidation and disinfection. Then, quenched solutions (20-mL) were spiked with 60 ug/L
1,2-dibromopropane as an internal standard and mixed with anhydrous sodium sulfate in excess
and 3 mL tert-butyl methyl ether (MtBE). Then the solutions were vigorously shaken by hand for
2 min and allowed to sit for 20 min for separation. The MtBE extracts were further dried by ~2 g
sodium sulfate and then analyzed using an Agilent 7820-5922 GC-MS equipped with an HP-5ms
fused silica column (30 m x 0.25 mm x 0.25 um). The injection volume was 5 pL in splitless mode
with an inlet temperature of 90°C. The oven temperature was held at 28°C for 16 min, 40°C/min
to 139°C, 60°C/min to 274°C and was held for 1 min. The quantification ions, retention times,

limit of detection (LOD) levels, and recoveries of all DBPs are reported in Table S2.3.

2.5.5 Residual oxidant measurement

Residual chlorine and monochloramine concentrations were measured by DPD (N,N-
diethyl-p-phenylendiamine) colorimetric method or DPD/potassium iodide colorimetric method,
respectively.142 Concentrations of residual permanganate were determined by measuring
absorbance at 526 nm'4? after preoxidation of AOM or model amino acids. Consistent with prior

literature,82:143 in samples in which permanganate was applied as a preoxidant, we did not
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subsequently measure residual chlorine and monochloramine concentrations because residual

permanganate interfered with the DPD colorimetric methods.144

2.5.6 Supplementary tables

Table S2.1. Chemicals used in this chapter.

Vendor Chemicals

ascorbic acid (ACS grade) (>99.5%)

ammonium chloride (>99%)
Millipore-Sigma EPA 501/601 trihalomethane calibration mix

L-tyrosine (99.0%)

L-tryptophan (99.0%)

monobasic sodium phosphate (>99%)
dibasic sodium phosphate (>99%)
sodium hydroxide (98.7%)

Fisher Scientific hydrochloric acid solution (36.5-38.0%)
sodium hypochlorite solution (5.65-6%)

Agilent EPA 551B-1 disinfection byproducts standard
TCI America 1,2-dibromopropane (98.0%)
Acros ammonium chloride (>99%)

Table S2.2. Total organic carbon (TOC), specific UV absorbance at 254 nm (SUVA254nm), and
concentrations of inorganic ions in solutions containing algal organic matter (AOM) and natural

organic matter (NOM).

Solutions TOC SUVA254nm Cl Br NO3™-N NO2-N NH4*-N

(mg-C/L) L/(mg-Cem) (mg/L) (mg/L) (mg-N/L) (mg-N/L) (mg-N/L)
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AOM 5.0 1.0 <0.52 <0.012 <0.52 <0.52 0.63

NOM 3.0 3.5 23 0.02° 2.3 <0.5% 0.10

2 These values were below the lowest standard concentration of each anion.
b This value was measured by standard addition due to the interference by another constituent

specifically in the NOM sample.

Table S2.3. Quantification ions, retention times, method detection limits, and recoveries of

analytes.
quantification retention times  method detection recoveries
analyte ions @ (min) limits (ug/L) (%)
TCM 83, 85 4.4 0.1 90+20
DCBM 83, 85, 129 5.7 0.1° 80+10
DCBM 127,129, 131 9.6 0.1° 88+8
TBM 171,173,175 16.9 0.1b 98+9
DCAN 74,76, 82, 84 6.2 0.1° 109+3
BCAN 74,75, 155 11.6 0.2 9010
DBAN 18, 120, 199 16.9 0.1° 100+20
TCNM 117,119, 121 8.8 0.1b 80+20
1,2-dibromopropane 41, 121, 123 11.18 NAC NAc°

a All listed ions were used for quantification of analytes.
b These values are the concentrations of the lowest standard analyzed, which are higher than the
calculated values of LOD based on standard curves.

® NA = not applicable
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Table S2.4. DBP formation from chlorination of AOM and NOM. All solutions are prepared in

headspace-free amber vials, initially containing 5 mg-C/L AOM or 3 mg-C/L NOM, 15 mg/L

chlorine (as CI2), and 10 mM phosphate buffer (pH 7).

DBP yield in this study literature range
(ng/mg-C) (ug/mg-C)
TCM AOM 5142 10-508
NOM 110+10 40-130P
DCBM AOM 1.46+0.08 2-5¢
NOM 13+1 8-26¢
DCAN AOM 3.40+0.02 0.4-5¢
NOM 1.3+0.1 0.5-5f
TCNM AOM 0.08+0.05 0.04-0.29
NOM 0.45+0.02 0.06-0.6"
References:
a. 22,23,25,82,88,96,104-107,110-112
b. 22,23,71,91,93,105,113-119
C. 108,110
d. 93.118
e. 22,23,82,108,109,111

5 e -

23,71,91,93,113,114

22,23,82,94
23,93,114

35



Table S2.5. DBP formation from chloramination of AOM and NOM. All solutions are prepared

in headspace-free amber vials, initially containing 5 mg-C/L AOM or 3 mg-C/L NOM, 4 mg/L

monochloramine (as CI2), and 10 mM phosphate buffer (pH 7).

DBP yield in this study literature range (ug/mg-C)
(ug/mg-C)
TCM AOM 2.2+0.2 1-42
NOM 2.1+0.3 1-10b
DCBM AOM 0.034+0.006 ~1-2.7¢
NOM 1.0+0.1 0.2-14
DCAN AOM 0.11+0.02 0.2-1.5¢
NOM 0.3£0.1 0.1-5f
TCNM AOM 0.074+0.008 ~0.1¢9
NOM 0.21+0.01 0.06-0.3"
References:
a. 23,96,105,108
b. 23,91,93,113,114,118
C. 108
d. 93.18
e. 23,96,105,108
f. 23,91,93,113,114
g. 23,96
h. 23,93
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2.5.7 Supplementary figures

15+

B3 chlorine
= Ea monochloramine
O
w
@ 10+
—
~
o
e
e
=
© 51
ie)

x
O,
0_

AOM NOM

Figure S2.1. Residual chlorine and monochloramine concentrations (both mg/L as CI2) after
disinfection of (a) AOM or (b) NOM for 3-d. All solutions are prepared in headspace free amber
vials, initially containing 5 mg-C/L AOM or 3 mg-C/L NOM and 10 mM phosphate buffer (pH
7). The initial chlorine concentration was 15 mg/L and the initial monochloramine concentration

was 4 mg/L.
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549 Em 1 mg/L initial permanganate
E3 3 mg/L initial permanganate
4- BB 5mg/L initial permanganate

[permanganate] (mg/L)
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Figure S2.2. Residual permanganate concentrations (mg/L as KMnO4) after preoxidation of AOM
or NOM for 3-d. All solutions are prepared in headspace-free amber vials, initially containing 5

mg-C/L AOM or 3 mg-C/L NOM and 10 mM phosphate buffer (pH 7).
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Figure S2.3. Residual permanganate concentrations (mg/L as KMnO4) after preoxidation of (a)
tyrosine or (b) tryptophan for 3-d. All solutions are prepared in headspace-free amber vials,
initially containing (a) 3.2 mg-C/L tyrosine or (b) 4.0 mg-C/L tryptophan (i.e., both 30 uM) and
10 mM phosphate buffer (pH 7). Data labeled with asterisks (*) indicates permanganate at

concentrations below the level of the method detection limit (i.e., 0.14 mg/L).
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Figure S2.4. Consumption of chlorine or monochloramine concentrations (both mg/L as CI2)
during disinfection of AOM or NOM (no preoxidation). All solutions are prepared in headspace-
free amber vials, initially containing 5 mg-C/L AOM or 3 mg-C/L NOM and 10 mM phosphate
buffer (pH 7). The initial chlorine concentration was 15 mg/L and the initial monochloramine

concentration was 4 mg/L. Error bars represent the standard deviation of triplicate experiments.
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Chapter 3: Halogen radicals contribute to the
halogenation and degradation of chemical
additives used in hydraulic fracturing

This chapter is adapted from Chen, M.; Rholl, C. A.; He, T.; Sharma, A.; Parker, K. M. Halogen
Radicals Contribute to the Halogenation and Degradation of Chemical Additives Used in

Hydraulic Fracturing. Environ. Sci. Technol. 2021, 55(3) 1545-1554.

3.1 Abstract

In hydraulic fracturing fluids, the oxidant persulfate is used to generate sulfate radicals to
break down polymer-based gels. However, sulfate radicals may be scavenged by high
concentrations of halides in hydraulic fracturing fluids, producing halogen radicals (e.g., Cl*, Cl>",
Br, Brz'~, BrCI*). In this study, we investigated how halogen radicals alter the mechanisms and
kinetics of the degradation of organic chemicals in hydraulic fracturing fluid. Using a radical
scavenger (i.e., isopropanol), we determined that halogenated products of additives
cinnamaldehyde (i.e., a-chlorocinnamaldehyde and a-bromocinnamaldehyde) and citrate (i.e.,
trihalomethanes) were generated via a pathway involving halogen radicals. We next investigated
the impact of halogen radicals on cinnamaldehyde degradation rates. The conversion of sulfate
radicals to halogen radicals may result in selective degradation of organic compounds.
Surprisingly, we found that addition of halides to convert sulfate radicals to halogen radicals did
not result in selective degradation of cinnamaldehyde over other compounds (i.e., benzoate, guar),
which may challenge the application of radical selectivity experiments to more complex

molecules. Overall, we find that halogen radicals, known to react in advanced oxidative treatment
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and sunlight photochemistry, also contribute to the unintended degradation and halogenation of

additives in hydraulic fracturing fluids.

3.2 Introduction

Hydraulic fracturing currently accounts for a major fraction of U.S. domestic natural gas
extraction and is projected to account for greater than 75% of natural gas production by 2050.1%
One environmental risk associated with energy production from hydraulic fracturing is the
formation of hazardous waste fluids (e.g., flowback and produced water) containing the chemical
additives used in hydraulic fracturing operations, the chemical species originating from the shale
itself (e.g., halides), and the products of chemical transformation occurring downhole.146-149
Halogenated transformation products have raised particular concern due to their toxicity and
persistence.14150-153 Recent studies have revealed dozens of halogenated organic compounds in
hydraulic fracturing flowback and produced water, including halogenated benzenes, pyrans,
alkanes, acetones, alcohols, and carboxylic acids.1>4-157 |aboratory experiments simulating
hydraulic fracturing conditions also demonstrated the halogenation of cinnamaldehyde, a
commonly used corrosion inhibitor in hydraulic fracturing operation, %8159 and citrate,'% a known
trihalomethane precursort®-161 and widely used complexing agent in hydraulic fracturing
fluid.149:162 However, remaining uncertainties in the mechanisms contributing to the formation of
halogenated compounds in hydraulic fracturing fluids challenge direct action toreduce this hazard.

Insaline waters in the natural and engineered environment, halogen radicals (i.e., CI*, Br",
Cl>, BrCl—, Br2™) are important oxidants that may contribute to halogenation.® Halogen radicals
are produced when other radicals (e.g., hydroxyl radical or *OH; sulfate radical or SO4™) are
scavenged by halides (e.g., ClI-, Br).2 This so-called conversion of *OH and SO4*~ to halogen

radicals alters both reaction kinetics and mechanisms.8 Both *OH and SO~ are relatively non-

42



selective oxidants, reacting with most organic compounds with near-diffusion-limited rate
constants.>6 In contrast, halogen radicals (except for CI°) are more selective oxidants.® They react
with certain organic compounds (e.g., alkenes, aromatics, organothiols) with high rate constants
(i.e., k=108-101° M-1s-1) and react with other organic compounds (e.g., aliphatic molecules) with
much lower rate constants (i.e., k=103-10% M-1s-1).8 Consequently, the conversion of *OH or SO+
to halogen radicals decreases the degradation rate of certain organic compounds!63-165 and
increases the degradation rate of others'63.166.167 jn advanced oxidative treatment of brines and other
saline waters. In sunlit seawater, the presence of halogen radicals accelerates the transformations
of certain pollutants and biogeochemically relevant compounds.4-4° In addition to altering
reaction rates, halogen radicals also alter reaction mechanisms by enabling halogenation both
directly and indirectly. Directly, halogen radicals add to the structure of certain aromatic*! and
olefinic molecules.*142 Indirectly, halogen radicals react via termination reactions to generate other
halogenating agents (i.e., hypohalous acid),+3-49.124168169 which react with organics through
substitution®°-52 or addition.>°

Although the role of halogen radicals in the degradation and halogenation of additives in
hydraulic fracturing fluid has not yet been investigated, there are two primary reasons to suspect
that they may be involved in these reactions. Firstly, hydraulic fracturing fluids frequently have
even higher halide concentrations (e.g. median CI~ and Br~ concentrations up to 4.6 M and 5.0
mM, respectively)170 than seawater or brines previously shown to be conducive to halogen radical
formation.34:38.163-165.167 Secondly, oxidative breakers (e.g., persulfate, S20g2") are widely used to
generate radicals (in particular SO4") at high temperatures (i.e., 40-100°C)!70 to break down
polymer gels (i.e., guar).>354 The use of persulfate as an oxidative breaker is associated with the

formation of halogenated products in hydraulic fracturing fluids,°6-15% and water treatment with

43



S04~ in the presence of halides can lead to the halogenation of organic compounds.171-174 Notably,
S04~ generated from thermally activated persulfate is likely to generate halogen radicals because
it can be scavenged directly by either ClI~or Br~ (Eq. 3.1-3.2175176)_In comparison, halogen radical
formation from "“OH is limited by the rapid reverse reaction of the intermediate CIOH ™ (Eq. 3.3-
3.4), which limits its accumulation.t’” Consequently, the formation of halogen radicals from *OH
scavenging is dependent on reactions with Br~in most environmental systems (Eq. 3.5-3.6).8:178
180 As CI~ is much more abundant than Br~ in most environmental waters including hydraulic
fracturing fluids, radical reactions involving SO4'~, including reactions resulting from the use of
persulfate in hydraulic fracturing fluids, are more susceptible to halide scavenging than those

involving "OH.164

50,"” + CI- > Cl° + S0~ ki=2.5x108 M-1s1 175 (3.1)
SO,"” + Br~ — Br* + SOZ~ ka=3.5x10° M1s1 176 (3.2)
“OH + CI~ - CIOH "~ ks.=4.3x10° M-1sL 177 ks = 6.1x10° 51477 (3.3)
CIOH*~ + H*(+ CI7, Br™) - CI* (or CI;~, BrCl*")+ H,0 (3.5)
*OH + Br~ — BrOH"" ka=1.1x10%0 M-isL, 178 K, , = 3.3x107 s 178 (3.4)
BrOH*~ + H*(+ CI~, Br™) - Br*® (or BrCI"", Br,7)+H,0 (3.6)

The goal of this work was to evaluate the processes that contribute to the degradation and
potential halogenation of chemical additives in hydraulic fracturing fluids. Specifically, we
investigated the halogenation of additives including cinnamaldehyde and citrate, which were
previously shown to be the precursors of halogenated compounds in simulated hydraulic fracturing
fluid 258159 We firstly hypothesized that the halogenation of cinnamaldehyde and citrate occurs
through a radical-mediated pathway in the presence of halides and persulfate.® After testing the

involvement of radicals in halogenation, we next investigated the radical initiation and propagation
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mechanisms that dominate under conditions relevant to hydraulic fracturing. Finally, we tested
how the conversion of SO4°~to halogen radicals impacted radical selectivity. We hypothesized that
the generation of halogen radicals would result in rapid degradation of cinnamaldehyde due to
their apparent role in its halogenation, while reducing the rate of reactions between radicals and
other solution components (i.e., guar). We discussed the implications of expanding the role of
halogen radicals beyond reactions in other high salinity waters to halogenation and degradation

reactions in hydraulic fracturing.

3.3 Materials and Methods

3.3.1 Chemicals and reagents

In this work, all chemicals were used as received (Table S3.1). All experimental solutions

were prepared in Milli-QR water.

3.3.2 Investigation of additive halogenation mechanisms

To investigate the halogenation of organic additives under physicochemical conditions
relevant to hydraulic fracturing, we measured the formation of halogenated products of
cinnamaldehyde (a-chlorocinnamaldehyde and a-bromocinnamaldehyde)!®8.159 by high pressure
liquid chromatography (HPLC) and citrate (four trihalomethanes)!®® by gas chromatography —
mass spectrometry (GC-MS). In a typical experiment, solutions were prepared with halides,
organic substrates, and phosphate buffer at indicated concentrations. Indicated experiments also
included additional chemicals common to hydraulic fracturing fluid (Table S3.2). All experiments
were performed in a water bath that was preheated to 80°C to match the temperature commonly

occurring in actual hydraulic fracturing practice (median temperature 77°C).170 Specific
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experimental and analytical procedures of experiments with cinnamaldehyde or citrate are
described in Section 3.5.1 and Section 3.5.2, respectively.

3.3.3 Persulfate loss rate constant determination

To investigate the radical initiation process under conditions relevant to hydraulic
fracturing, we determined the first order rate constant of persulfate loss by measuring the
decreasing persulfate concentration over the experimental time. Solutions (10 mL) containing 10
mM phosphate buffer (at the experimental pH) and any additional constituents (e.g., salts, organic
compounds) were first heated until the temperature was stabilized. A small volume (0.1 mL) of
0.1 M persulfate stock was spiked in the sample to achieve an initial concentration of 1 mM
persulfate. The persulfate concentration was measured periodically using a version of a previous
method modified to accommodate smaller volumes.'8! Specifically, a 25 pL aliquot of the sample
was transferred to 2 mL 100 mM phosphate buffer (pH 6.85) followed by the addition of 0.5 mL
potassium iodide (6 M) solution. The remaining persulfate concentration was then calculated from
a standard curve using absorption at 352 nm measured on a Varian Cary 50 Bio UV-Vis
Spectrophotometer. Additional constituents were confirmed to not interfere with the persulfate
measurement (Figure S3.1). The limit of detection (LOD) of persulfate detected by this method is

0.03 mM.

3.3.4 Effect of radical speciation on the Kinetics of organic degradation

To investigate the Kinetics of additive degradation in hydraulic fracturing fluids, we first
measured the degradation rates of organic compounds mixed together in solutions under
conditions relevant to hydraulic fracturing. Solutions (25 mL) were prepared in 40 mL amber vials
with 50 uM of each organic compound (i.e., para-hydroxybenzoate and benzoate, cinnamaldehyde

and benzoate), salts selected for the experiment condition, and 10 mM phosphate buffer (pH 7).
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The reaction was initiated and quenched as described in experiments investigating cinnamaldehyde
halogenation. Over the duration of 10 min, 6 aliquots (each 0.5 mL) were collected every 2 min
into 2 mL amber vial and analyzed by HPLC (Section 3.5.3). Additional experimental procedures
for the measurement of cinnamaldehyde degradation in the presence of guar are shown in Section
3.5.4.

3.3.5 Statistical analysis

All experiments were conducted in two replicates. Errors in concentrations represent the
range of two replicate measurements. Errors in degradation rate constants represent the standard

error of the slope obtained from linear regression.

3.4 Results and Discussion

3.4.1 Radical involvement in halogenation of cinnamaldehyde

We used cinnamaldehyde to investigate the mechanisms leading to halogenation in the
presence of persulfate under physicochemical conditions relevant to hydraulic fracturing (i.e., pH
7, 80°C, 1.4 M Cl7, 6 mM Br~). We selected cinnamaldehyde because it had previously been
shown to produce halogenated products, a-chlorocinnamaldehyde and a-bromocinnamaldehyde,
in simulated hydraulic fracturing fluid.158

In our experiments, cinnamaldehyde (initially present at 500 uM) was degraded with a
pseudo-first order rate constant of 7.7(£0.3)x10° s (Figure 3.1a). After 2 h, 220+30 uM of
cinnamaldehyde was degraded, while 1.6+0.1 uM a-chlorocinnamaldehyde was produced over the
same period (Figure 3.1b). The resultant molar product yield of o-chlorocinnamaldehyde
(0.7£0.2%, Figure S3.2) is about 2-fold lower than that previously reported to occur (1.2+0.1%)

at similar conditions (pH 7, 60°C, 1.4 M CI~, 6 mM Br).158 In addition, in our experiments, o-
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bromocinnamaldehyde concentration remained below the LOD (0.07 pM, Figure 3.1b) over the
2 h time frame, whereas the molar yield of a-bromocinnamaldehyde had been previously reported
as 6.4+0.4% (pH 7).158 We hypothesized that the lower product yield in our experiment resulted
from the lower initial concentration of cinnamaldehyde in our study (0.5 mM) in comparison to
the prior study (5 mM).158 The lower initial concentration of cinnamaldehyde may have favored
product degradation by oxidants during the experiment. To investigate the impact of initial
cinnamaldehyde concentration on halogenation yield, we decreased the initial cinnamaldehyde
concentration in our experiment by 10-fold to 0.05 mM. Our results showed that the o-
chlorocinnamaldehyde concentration reached a maximum after 30 min, but then decreased to
below the LOD (0.08 uM) after 2 h (Figure S3.3). After 30 min, reactions appeared to degrade
a-chlorocinnamaldehyde faster than it could be generated since less than 20% of the initial
cinnamaldehyde concentration remained (Figure S3.3). In this experiment, o-
bromocinnamaldehyde was never detected (Figure S3.3). Because bromo-substituted molecules
may react more quickly with key oxidants (e.g., halogen radicals) than chloro-substituted
molecules,® the rapid degradation of a-bromocinnamaldehyde under our experimental conditions
may account for our inability to detect it.

Because we sought to evaluate the mechanisms leading to both a-chlorocinnamaldehyde
and a-bromocinnamaldehyde simultaneously, we selected to increase Br— concentration to favor
a-bromocinnamaldehyde formation from cinnamaldehyde. When the Br~ concentration was
increased 10-fold to 60 mM, the rate constant of cinnamaldehyde degradation increased by ~50%
to 1.12(x0.04)x10* s! (Figure 3.1a). As cinnamaldehyde degraded, both o-
chlorocinnamaldehyde and o-bromocinnamaldehyde were produced, resulting in final

concentrations of 1.5£0.3 uM and 2.1+0.2 uM, respectively, over the 2 h experiment (Figure
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3.1b). Overall, the molar yield of a-chlorocinnamaldehyde at 2 h slightly decreased from 0.7+0.2%
in the presence of 6 mM Br to 0.5+0.1% in the presence of 60 mM Br~ (Figure S3.2). In the 60
mM Br- solution, a-bromocinnamaldehyde formed at a similar yield (0.7+0.1% after 2 h) (Figure
S3.2).

To investigate the involvement of radicals in the halogenation of cinnamaldehyde, we next
evaluated a-chloro- and a-bromocinnamaldehyde formation in the presence of isopropanol.
Isopropanol effectively scavenges both SO4"~ (i.€., Kisopropanoisos-=8.0x107 M-1s1)® and halogen
radicals (e.g., Kisopropanol,cl2--=1.2%10° M-1571,41 Kiso propano1Br==6.6% 108 M-1s1).1 7 Our results showed
that, in the presence of 50 mM isopropanol, the concentrations of both a-chlorocinnamaldehyde
and a-bromocinnamaldehyde were below their respective LOD throughout the 2 h experiment
(Figure 3.1b). The complete reduction in measurable halogenation indicated that radicals are
intermediates in the halogenation of cinnamaldehyde.

We hypothesized that the radical intermediates involved in cinnamaldehyde halogenation
were halogen radicals. Therefore, we calculated the expected fraction of SO4"~ converted to
halogen radicals in the above experimental solutions. The calculation showed that, at both halide
concentrations (i.e., 1.4 M CI~, 6 or 60 mM Br) and with or without 50 mM isopropanol, almost
all (> 99%) of the SO4"~ is scavenged by halides rather than other constituents (Tables S3.3-S3.5).
Although bimolecular rate constants between halogen radicals and cinnamaldehyde are
unavailable in literature, available rate constants for reactions of halogen radicals with other
aromatic and olefinic molecules span the same range as those for reactions with isopropanol (i.e.,
10%-101° M-1s1).8 Consequently, it is feasible that 50 mM isopropanol (two orders of magnitude
higher in concentration than cinnamaldehyde) could scavenge halogen radicals under these

conditions.
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Although the production of both a-chlorocinnamaldehyde and a-bromocinnamaldehyde
was prevented by the addition of 50 mM isopropanol, the pseudo-first order rate constant of
cinnamaldehyde degradation only decreased by about 50% relative to the isopropanol-free control
(Figure 3.1a) and was not decreased further by the addition of a 5-fold higher isopropanol
concentration (Figure S3.4). Consequently, the remaining degradation of cinnamaldehyde was
attributed to other oxidants that were not scavenged by isopropanol. We evaluated the potential
for non-radical reactions to contribute to cinnamaldehyde loss in subsequent experiments.

To provide additional evidence that the halogenation of cinnamaldehyde proceeded
through a radical-mediated pathway, we evaluated the potential contribution of an alternative non-
radical pathway to halogenation (Section 3.5.5). Specifically, since persulfate oxidizes |~ to
produce 12/HOI,18 we investigated whether HOCI and HOBr® were generated by persulfate
directly oxidizing CI~ or Br~ and subsequently contribute to organic halogenation. Our experiments
showed that while no HOCIl was detected above its LOD (23 uM) upon the addition of 1.4 M CI-
to 1 mM persulfate, 120+4 uM HOBr was produced when 60 mM Br- was added to 1 mM
persulfate (pH 7, 2 h, 80°C, Figure S3.5). However, when 50 mM isopropanol was added, no
HOBr was detected above its lowest standard concentration (13 puM) (pH 7, 2 h, 80°C, Figure
S3.5). Since isopropanol reacts very slowly with HOBr (i.e., kHoBrisopropana<3.9x10-4 M-1s°1)182
HOBT generated in the absence of isopropanol was attributed to halogen radical recombination
rather than the non-radical pathway. Consequently, halogenation of cinnamaldehyde is most likely
to occur only via a radical-mediated pathway under physicochemical conditions relevant to

hydraulic fracturing.
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Figure 3.1. (a) Cinnamaldehyde degradation and (b) formation of a-bromocinnamaldehyde and
a-chlorocinnamaldehyde in the presence of persulfate, halides and isopropanol (IPA). Experiments
were conducted at 80°C in solutions initially containing 1 mM persulfate and 0.5 mM
cinnamaldehyde at pH 7 buffered with 10 mM phosphate buffer. Green and blue lines in (b)
limit of detection of a-bromocinnamaldehyde (0.07 pM) and a-

represent  the

chlorocinnamaldehyde (0.08 uM), respectively.

3.4.2 Radical involvement in formation of trinalomethanes
We also hypothesized that halogenation of citrate to generate trihalomethanes!®9-161 js
mediated by halogen radicals in hydraulic fracturing fluid. Thus, we next investigated the role of

halogen radicals in the halogenation of citrate under physicochemical conditions relevant to

hydraulic fracturing.1®® Our results showed that in the presence of 1.4 M Cl-and 60 mM Br,
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2.4(x0.3)x10* puM dichlorobromomethane, 3.7(x0.4)x10-3 uM dibromochloromethane, and
9.3(20.2)x10-% uM tribromomethane were produced from 0.05 mM citrate over 2 h (pH 7, 80°C,
Figure 3.2a). Moreover, the addition of 50 mM isopropanol reduced the levels of
dichlorobromomethane and dibromochloromethane to below their lowest standard concentrations
(Table S3.6) and reduced the level of tribromomethane more than 99% to 5.3x10-° uM (Figure
3.2a), indicating that the formation of trihalomethanes depends on halogen radicals as
intermed iates.

Next, we tested whether halogen radicals contribute to the formation of trihalomethanes in
solutions including additional common chemical components used in hydraulic fracturing fluids
(Table S3.2). We observed that 2.2(+0.3)x10* uM dichlorobromomethane, 2.8(+0.4)x10-4 uM
dibromochloromethane, and 2.4(+0.4)x10* uM tribromomethane were produced over 2 h (Figure
3.2b). Compared to trihalomethane levels produced in the absence of major hydraulic fracturing
fluid components (Figure 3.2a), the concentrations of dibromochloromethane and
tribromomethane formed in the presence of major hydraulic fracturing components were orders of
magnitude lower, likely due to the scavenging of halogen radicals by these components.
Furthermore, when 50 mM isopropanol was added to the mixture, all trihalomethanes were not
measurable (Figure 3.2b). The elimination of measurable trihalomethanes indicate that halogen
radicals are the key intermediates in the halogenation of citrate even in the presence of major

hydraulic fracturing fluid components.
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Figure 3.2. Trihalomethane formation from citric acid for 2 h at 80°C. (a) Solutions initially
contained 200 mg/L guar, 5 mM persulfate and 0.05 mM citrate at pH 7 buffered with 10 mM
phosphate buffer in MilliQ water. (b) In addition to the constituents included in experiments
presented in (a), these solutions also contained 200 mg/L guar, 212 mg/L petroleum distillate, 47.2
mg/L citrus terpenes, 280 mg/L propylene glycol, 9.6 mg/L, 400 mg/L borate and 200 mg/L
sodium carbonate. Halide and isopropanol (IPA) concentrations are as indicated. Red, grey, green,
and blue asterisk signs (*) represent below the lowest standard concentrations of trichloromethane
(8.4x107° uM), dichlorobromomethane (6.1x10° uM), dibromochloromethane (4.8x10-° uM) and

tribromomethane (4.0x10-° uM).

3.4.3 Initiation and Propagation of Radical Species.

Our above results demonstrate that halogen radicals are likely intermediates in organic

chemical halogenation in hydraulic fracturing fluid. Consequently, the processes that lead to the
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initiation and propagation of radicals in hydraulic fracturing fluids are anticipated to influence the
formation of these halogenated products. We expected the primary radical initiation pathway to be
thermal activation of persulfate83-185 and that this pathway would also determine the measured
persulfate loss rate (Eq. 7).18¢ Inaddition, we considered that persulfate loss can also occur through
additional pathways that contribute to either radical initiation (e.g., base catalysis, Eq. 3.8-3.9)8
or radical propagation (e.g., Eq. 3.10)188-1% that influence the type and concentrations of radicals
in solution. We investigated the occurrence of these additional initiation and propagation reactions
pathways alongside thermal activation of persulfate under conditions relevant to hydraulic

fracturing to clarify how solution constituents affect radical-mediated reactions.

S,0%" —— 250" 3.7)

S,05~ + 2H,0 o, HO, + 2S0Z + 3H* (3.8)

S,08~ + HO;, — S0;™ + SO~ + H* + 05~ (3.9)
S,02~ +S0;” —S,05™ + S0Z~ (3.10)

We first investigated the effect of temperature on persulfate loss rate at pH 7 (Figure 3.3a).
We determined that increasing the temperature from 37 to 95°C resulting in the persulfate loss rate
increasing 4000-fold from 1.300(£0.002)x10"" s to 5.10(+x0.03)x10* st. When fitted to the
Arrhenius equation, we determined the activation energy for persulfate thermal activation to be
14845 kJ/mol at pH 7 (Figure 3.3a), which is slightly higher than the previously reported value
(119-129 kJ/mol).1°1 We also investigated how the increased radical production at higher
temperature affects SO4'~ concentrations by measuring the pseudo-first order rate constant for the
degradation of benzoate, which is reported to react rapidly with SO~ (Kpenzoate s04--=1.2%10° Ms
1).192 We determined that the pseudo-first order rate of benzoate degradation increased 1000-fold

from 37 to 95°C (Figure S3.6). The temperature may have had less of an effect on benzoate
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degradationthan persulfate activation because the rates of reactions leading to SO4"~ loss may have
also increased at higher temperatures. Faster rates of SO4 "~ loss would partially offset the impact
of higher SO4*~ production rates at higher temperature on SO4"~ steady-state concentrations, which
determine the rate constant of benzoate degradation.

An alternative radical initiation pathway to persulfate thermal activation is persulfate base
activation.183.187.193 Gpecifically, Furman et al. proposed that hydroxide ion (OH") catalyzes the
hydrolysis of a persulfate molecule to produce a hydroperoxyl anion (HO2") (Eg. 8), which then
reacts with another persulfate molecule via one-electron transfer to generate a SO4" (Eq. 9).187 We
investigated the potential for base activation to contribute to persulfate loss by measuring the
persulfate loss rate over a range of temperature (37 to 95°C) and pH values (2-12) (Figure 3.3a).
Surprisingly, persulfate loss rate did not statistically change across all three pH conditions at each
temperature (one-way analysis of variance (ANOVA), p > 0.05, Table S3.7), contradicting prior
reports that OH™~ contributes to persulfate activation.187:19 The reaction of OH~ with persulfate is
likely too slow®” to affect overall persulfate loss rate at the temperatures used in our experiments
(Section 3.5.6). In addition, the values of activation energy of persulfate loss do not strictly
increase at a higher pH (i.e., 123+4, 148+5, and 13010 kJ/mol at pH 2, 7, and 12, respectively),
which contradicts previous literature reporting that the activation energy of persulfate increases
from acidic (100-116 kJ/mol)!°! to basic (134-139 kJ/mol)1°1 pH conditions. Overall, our results
indicated that base activation is negligible as compared to thermal activation at temperatures
relevant to hydraulic fracturing.

Although thermal activation appears to be the only important radical initiation reaction in
our system, additional propagation mechanisms can also contribute to persulfate loss and may be

influenced by solution conditions. Organic compounds have been shown to promote persulfate
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decomposition through propagation reactions involving organic radicals.1841941%5 However, we
determined that neither benzoate nor cinnamaldehyde addition (both 0.5 mM) significantly
changed the persulfate loss rate at 80°C (Figure 3.3b). A possible explanation is that the higher
temperature of our experiments led to faster thermal activation of persulfate, such that these
organic species at these relatively low concentrations had no measurable additional impact on
persulfate loss rate. However, when we included 50 mM isopropanol, the persulfate loss rate
constant increased by ~3-fold (Figure 3.3b). In this case, isopropanol appears to promote
propagation reactions involving organic radicals. These organic radicals may also contribute to
cinnamaldehyde loss absent the concurrent formation of halogenated products in the presence of
50 mM isopropanol (Figure 3.1).

Halides are also expected to influence propagation reactions by converting SO4*~ to
halogen radicals (Eq. 1-2).175:176 We hypothesized that halogen radicals react more slowly with
persulfate than SO4" (Eq. 10, k~10° M-1s1),188-1%0gch that persulfate loss would decrease upon
addition of halides to the solution due to scavenging of SO4~ to form halogen radicals. We
determined that at 80°C, the addition of 1.4 M CI~ and 6 mM Br~ to solution decreased the
persulfate loss rate by 30+6% relative to an ionic strength control (1.4 M ClO4") (Figure 3.3b).
Consequently, the conversion of SO4"~ to halogen radicals in the presence of halides appears both
to alter the mechanisms of organic compound transformation by promoting halogenation and to
reduce radical propagation mechanisms leading to loss of persulfate under conditions relevant to

hydraulic fracturing.
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Figure 3.3. Persulfate loss rate constant (ki, s%) (a) under varying physicochemical conditions(i.e.,
temperature, pH) relevant to hydraulic fracturing and (b) in the presence of solution constituents
(i.e., organic compounds, halides; all at 80°C, pH 7). All solutions initially contained 1 mM initial
persulfate and 10 mM phosphate buffer (at pH 2, 7, or 12). The experimental durations were 96,

23, 5, and 2 h for 37, 60, 80, 95°C, respectively (a), and 2.5 h (b).

3.4.4 Effect of radical speciation on degradation Kinetics of organic compounds

In addition to enabling halogenation and suppressing persulfate loss, the conversion of
S04 to halogen radicals is also expected to alter the kinetics of organic transformation. Except
for CI°, halogen radicals typically have lower bimolecular rate constants with organic compounds,?
frequently resulting in slower degradationrates in halogen radical-dominated systems than systems
in which *OH or SO4"~ dominate.163.164167 However, the lower reactivity of halogen radicals also
can result in decreased scavenging rate constants (e.g., with persulfate, other organic compounds,

natural organic matter) — leading to higher steady-state radical concentrations and faster
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degradation of certain molecules.3°164.165 Previously, the conversion of *OH and SO4" to halogen
radicals in UV/oxidant water treatment has been shown to result in the selective degradation of
certain organic constituents over others in organic chemical mixtures.164 In hydraulic fracturing
fluid, the selectivity of halogen radicals may also result in the degradation of certain additives (e.g.,
cinnamaldehyde) over the degradation of polymer gel (i.e. guar).

We investigated the potential for conversion of SO4~ to halogen radicals to result in
selective chemical degradation under physicochemical conditions relevant to hydraulic fracturing.
We began by investigating the degradation rates of benzoate and para-hydroxybenzoate mixed in
solution. We selected these compounds due to their known rate constants with SO4"192 and some
halogen radicals (i.e., Cl>"~,*! Br2""1%) that occur at high concentrations in saline water.2 We first
measured the degradation rates of both compounds in solutions adjusted to high ionic strength (1.4
M) using CIO4 (Figure 3.4a). In these solutions, SO4"~, which reacts with both organic species
with comparable rate constants (Koenzoate,504-=1.2%10° M-1s"L, kpara-tydroxybenzoate, s04-=2.5%10° M-1s
1),192 js expected to be the dominant radical. Accordingly, benzoate and para-hydroxybenzoate
were degraded at similar rates in the absence of halides due to the SO4*~ serving as the dominant
oxidant (Figure 3.4a).

The inclusion of 1.4 M CI~ is expected to rapidly convert SO4*to CI (Eq. 1),*” which then
reacts with CI~ again to produce Cl2*~ (kci- c=6.5x10° M-151).180 Whereas SO4"~ reacts with both
benzoate and para-hydroxybenzoate at similar rate constants, Cl>*~ reacts with benzoate
(Kbenzoare,c12-=2x108 M-1s1)*1 much more slowly than with para-hydroxybenzoate (Kpara-
hydroxybenzoate C12+-=2.8%108 M-1s1) 41 The inclusion of 1.4 M CI" resulted in the benzoate degradation
rate constant decreasing by a factor of ~5 relative to the ionic strength control (Figure 3.4a), likely

reflecting the conversion of SO4°~to Cl2*~, which reacts slowly with benzoate. The reduced reaction
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rate of radicals with benzoate in the presence of halides may lead to higher steady-state radical
concentrations. Coupled with the comparable high rate constant of Cl2~ with para-
hydroxybenzoate, we suspect that these elevated radical concentrations likely contributed to the
increased rate of para-hydroxybenzoate degradation, which increased by a factor of ~2 relative to
the ionic strength control (Figure 3.4a). Conversion of SO4*~ to Cl2*~ appears to result in the
selective degradation of para-hydroxybenzoate over benzoate.

The addition of Br- (6 mM) further increased the degradation rate of para-
hydroxybenzoate, while simultaneously decreasing the degradation rate of benzoate (Figure 3.4a).
We expect that the addition of bromide resulted in the formation of Br-containing halogen radicals
(i.e., Br,t7%Br"-, 179 BrCI)® that are more selective than their Cl-containing counterparts. While
the rate constants for the reaction of para-hydroxybenzoate with Br-containing radicals (e.g., Kpara-
hydroxybenzoate Br2-=2.3%108 M-151)1% gre comparable to the rate constants for its reaction with CI-
containing radicals,*? we expect that the rate constants for the reaction of benzoate with Br-
containing radicals, though not reported, are likely lower than the rate constants for its reaction
with Cl-containing radicals. Consequently, we observed that halides occurring in hydraulic
fracturing fluids appear to strongly favor the conversion of SO4"~to more selective halogen radicals
under conditions relevant to hydraulic fracturing.

Next, we investigated the potential for conversion of SO4°~ to halogen radicals to result in
the selective degradation of certain hydraulic fracturing additives (e.g., cinnamaldehyde). We
suspected that cinnamaldehyde, like para-hydroxybenzoate, would be selectively degraded by
halogen radicals over benzoate when applied in the same solution since cinnamaldehyde appears
to react via a radical mediated-pathway to generate halogenated products. Furthermore, we

expected that its olefinic group may serve as a moiety that can react rapidly with halogen radicals.®
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Surprisingly, the inclusion of 1.4 M CI~ decreased the degradation rate constant of both
cinnamaldehyde (by 41+4%) and benzoate (by 60+20%) relative to the ionic strength control
(Figure 3.4b). Subsequent addition of 6 mM Br~ further decreased the degradation rate constant
of cinnamaldehyde (by 74+3% relative to ionic strength control) but had no further impact on
benzoate (Figure 3.4b). Our results are consistent with a previous study reporting that the
degradation of 5 mM cinnamaldehyde was decreased by the addition of halides, though under
different experimental conditions.1%8

The unexpected result that conversion of sulfate did not increase cinnamaldehyde
degradation in the presence of benzoate challenged our expectation that halogen radicals would
selectively react with cinnamaldehyde under conditions relevant to hydraulic fracturing.
Specifically, we expected that halogen radicals generated in saline hydraulic fracturing fluids
would preferentially react with cinnamaldehyde over other organic molecules, in particular guar.
We selected guar, a widely used gelling agent used in hydraulic fracturing fluids,4° because it is
the primary target for SO4* generated by persulfate activation in hydraulic fracturing.®® In
comparison to SO4"~, we expected halogen radicals would be relatively slow to react with guar due
to its aliphatic alcohol structure (i.e., k=10%-10° M-1s1).41.197 The resultant decreased scavenging
of halogen radicals by guar was expected to increase radical steady-state concentration and thereby
increase the cinnamaldehyde degradation rate. However, the inclusion of 1 M CI~ decreased the
degradation rate of cinnamaldehyde in the presence of guar by 60+£10% as compared to the ionic
strength control (Figure 3.4c). Although these results are consistent with the decreased
degradation rate of cinnamaldehyde in competition with benzoate, they contradict prior reports

that conversion of non-selective radical to halogen radicals increase the degradation of certain
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compounds by reducing radical loss to reaction with solution constituents (e.g., natural organic
matter).35-37

Although the specific reason that halides reduce the degradation rate constant of
cinnamaldehyde in competition with benzoate or guar remains unknown, the possible explanations
may have important implications for studies on radical reaction kinetics and selectivity. Firstly,
non-radical oxidants (e.g., persulfate) may contribute to a portion of the measured cinnamaldehyde
degradation that is slowed upon the addition of halides. Oxidation by persulfate would be
consistent with the observation that cinnamaldehyde degradation continues in the presence of the
radical scavenger isopropanol (Figure 3.1a). However, we also observed that cinnamaldehyde (0.5
mM) did not increase the persulfate loss rate (Figure 3.3b), suggesting that the bimolecular rate
constant between cinnamaldehyde and persulfate must be below 106 M-is? (Section 3.5.7).
Applying the initial persulfate concentration (1 mM), we find that reaction with persulfate must
account for <0.002% of cinnamaldehyde degradation (Figure 3.1a) and is therefore insignificant.

An alternative explanation could be that cinnamaldehyde and benzoate (or guar) are not
the primary radical scavengers in the solution. The expected increased differential in the rate
constants for the degradation of a pair of organic compounds upon addition of halides (as observed
for benzoate/para-hydroxybenzoate) requires that the organic compounds are the dominant sink
for radicals in solution, such that the slower degradation of one compound upon SO4*~ conversion
to halogen radicals results in higher steady-state radical concentrations and faster degradation of
the other compound. If cinnamaldehyde and its competitor are not exclusively the primary radical
sinks, conversion of SO4°~ to halogen radicals may reduce both compound’s degradation rates
while accelerating reactions with other unmeasured constituents (e.g. reaction products, inorganic

species including buffers and persulfate). It is unlikely that reaction products became the primary
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radicals sink during the experiment duration because the degradation of the compounds followed
first order kinetics, indicating that the formation of reaction products over the experimental
duration do not reduce radical concentrations and thereby alter cinnamaldehyde and benzoate
degradation Kinetics (Section 3.5.8). However, due to limitations in known bimolecular rate
constants® between halogen radicals and other solution constituents, the effect of other unknown
scavengers in the solution that are more competitive toward halogen radicals than cinnamaldehyde
cannot be excluded.

Lastly, cinnamaldehyde might be particularly susceptible to reactions with other radical
species (e.g., organic radicals) that significantly increase its overall degradation rate in solution.
Reducing the abundance of radicals formed from the reactions involving SO4*~ may result in
decreased cinnamaldehyde degradation rates. Reactions with organic radicals produced upon the
reaction of isopropanol with SO4*~ may also contribute to the continued cinnamaldehyde
degradationin the presence of isopropanol (Figure 3.1a). These possible explanations suggest that
radical selectivity experiments used herein and in literature may develop more complexity when
expanded to include molecules of additional structural classes due to the potential for these

unintended effects.
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Figure 3.4. Pseudo-first order degradation rate constants (k£’) for organic compound pairs: (a)
para-hydroxybenzoate and benzoate and (b) cinnamaldehyde and benzoate together in solution in
the presence of perchlorate (ClO47) or halides (CI~ and Br~). Solutions initially contained 1 mM
persulfate and each organic compound (50 uM) indicated at pH 7 buffered with 10 mM phosphate
buffer. The rate constant for cinnamaldehyde (15 pM) was measured in the presence of 500 mg/L
guar and perchlorate (ClO47) or chloride (CI7) (c). The degradation rate of guar was not measured
in the experiments. The solutions initially contained 1 mM persulfate at pH 6.5 buffered with 1

mM phosphate buffer. All experiments were conducted at 80°C for 10 min.

3.5.5 Environmental implications

Our work demonstrates that, even in the presence of high organic content that may
scavenge radicals, halogenation of specific organic compounds to produce halogenated
compounds still occurs via a pathway mediated by halogen radicals. Consequently, our results
demonstrate the first experimental evidence that halogen radicals are the key intermediates in the
halogenation of the chemical additives in hydraulic fracturing fluid. These findings are necessary
for future improvements in hydraulic fracturing design to reduce the hazard posed by halogenated
chemicals in hydraulic fracturing wastewater.

Based on our result that halogen radicals are the key intermediates in the halogenation of
organic additives, we proposed a mechanism involving halogen radicals as key intermediates for
the halogenation of chemical additives in hydraulic fracturing fluids. In the proposed mechanism
(Scheme 3.1), persulfate generates SO4*~ primarily through thermal activation (step 1).183-185Next,
in the presence of halides at present in hydraulic fracturing, SO4"~ are scavenged by halides to

produce halogen radicals (step 2).175:176 The formed halogen radicals then react with chemical
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additives (e.g., cinnamaldehyde) to form halogenated products (step 3). However, a key question
in our mechanism remains regarding whether halogen radicals directly add to chemical additives
(step 3a)*142 or form non-radical halogen oxidants (i.e. hypohalous acid, step 3b) via
recombination reactions*3-45484 to react with chemical additives (e.g., cinnamaldehyde) for
halogenation.5%-52 The recombination processes are expected to be sensitive to radical
concentrations due to its second-order dependence on radical concentrations. Future research
might exploit this dependencytoexplore therelative role of direct halogenation by radicals relative

to the radical recombination process.
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Scheme 1. Proposed mechanism for the halogenation of chemical additivesin hydraulic fracturing
fluids. 1) generation of sulfate radicals (SO4™); 2) radical speciation from SO4*~ to halogen
radicals; 3) reaction of organic additive (i.e., cinnamaldehyde) through 3a) radical reaction

pathway or 3b) non-radical halogen oxidants formed from recombination of halogen radicals.

The mechanism proposed herein indicates that knowledge of halogen radical formation and
reactivity in advanced oxidative treatments63-167 and sunlight photochemistry34-49 in saline water
applies to the halogenation of chemical additivesin hydraulic fracturing fluids. A remaining barrier
to applying knowledge on halogen radicals more directly tothis emerging field is that reaction rate
constants used in these studies, as well as those cited herein, are largely determined at lower

temperatures than those relevant to hydraulic fracturing. In addition, future research should also
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explore the temperature-dependence of product yields from reactions associated with halogen
radicals and chemical additives in hydraulic fracturing fluids.

Furthermore, because the yields of halogenated cinnamaldehyde found in this study (i.e.,
<1%) are even lower than previously reported,'®® our results support the prior observation that
halogenation may only consist of a small fraction of chemical additive degradation in hydraulic
fracturing fluids. Although the conversion of SO4°~ to halogen radicals increased the difference in
the rate constants of para-hydroxybenzoate and benzoate, it did not increase the observed
degradation rate of cinnamaldehyde in competition with either benzoate or guar. Our results
suggest that the radical selectivity needs tobe more carefully considered when expanded toinclude
molecules of various structural classes. Also, the competition Kinetics used to determine the
second-order rate constants of radicals should be controlled to ensure that the reaction with halogen
radicals or other target radicals (e.g., carbonate) are actually the dominant reaction. This effort will
allow further application of halogen radical research to more complex reaction networks in

hydraulic fracturing fluids, as well as other high salinity water systems.

3.5 Supporting information

3.5.1 Experimental procedure for cinnamaldehyde halogenation and
quantification of a-chloro- and a-bromocinnamaldehyde

In a typical experiment to investigate the halogenation of cinnamaldehyde, solutions (25
mL) containing 1.4 M CI~, 6 mM Br~and 10 mM phosphate buffer were prepared in 40 mL amber
vials. The initial concentration of cinnamaldehyde was 0.5 mM (0.0066% by mass), which is about
50-fold higher than the reported concentration in hydraulic fracturing fluid (0.00012% by mass). 162

To evaluate the effect of cinnamaldehyde regarding its concentration, we also conducted an
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additional experiment using 50 uM initial cinnamaldehyde. Modifications to other conditions (i.e.,
increasing Br~ concentration to 60 mM, addition of 50 mM isopropanol) are indicated for specific
experiments.

After the temperature of the solutions stabilized at 80°C in the water bath, a small volume
(0.25 mL) of 0.1 M persulfate stock solution was added into each vial to achieve an initial
concentration of 1 mM persulfate. Overa 2 h duration, aliquots (each 0.5 mL) were collected every
15 min and stored in 2 mL amber vials with 50 uL 0.1 M ascorbic acid, which was in excess of
persulfate to quench the reactions. Collected aliquots were then analyzed by high pressure liquid
chromatography (HPLC). Concentrations of cinnamaldehyde and halogenated products (a-
chlorocinnamaldehyde and a-bromocinnamaldehyde) were used to calculate the product yield (the
ratio of the molar concentration of halogenation product detected to the molar concentration loss
of cinnamaldehyde during the experiment.

The  quantification of cinnamaldehyde, o-chlorocinnamaldehyde and a-
bromocinnamaldehyde was conducted on an Agilent 1260 Infinity Il High Pressure Liquid
Chromatography — UV (HPLC-UV) equipped with an Agilent Eclipse Plus C18 column (3.0 mm
x 150 mm, 3.5 pum). An isocratic mobile phase with 60% MilliQ water and 40% acetonitrile/water
(99/1, v/v) with 0.5 mL/min flow rate and 10 pL injection volume were used. These compounds
were eluted at 8.1, 12.0 and 13.0 min for cinnamaldehyde, a-chlorocinnamaldehyde and a-
bromocinnamaldehyde, respectively. UV absorbance at 30 nm was used to quantify their
concentrations. The values of the limit of detection (LOD) of cinnamaldehyde, a-
chlorocinnamaldehyde, and a-bromocinnamaldehyde measured by this HPLC program are 0.13,

0.08, and 0.07 puM, respectively.
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3.5.2 Experimental procedure for citrate halogenation and quantification of

trihalomethane

To investigate the halogenation of citrate under physicochemical conditions relevant to
hydraulic fracturing, we measured the formation of four trihalomethanes (trichloromethane,
dichlorobromomethane, dibromochloromethane, and triboromomethane) from citrate. Note that
although citrate has been shown to have a median concentration of 0.15 mM (0.003% by mass), 17
to successfully measure the produced trihalomethanes and investigate the halogenation
mechanism, we reduced the concentration of initial citrate to 0.05 mM. In a typical experiment,
solutions (20 mL) containing 0.05 mM citrate, 200 mg/L guar, 5 mM potassium persulfate, 1.4 M
Cl, 60 mM Br- and 10 mM phosphate buffer were prepared in 40 mL amber vials. All
experimental solutions were conducted in a water bath that was preheated to 80°C. Aftera 2 h
period, all experimental solutions were cooled down to room temperature by immersing into ice
for 5 min. Then, 2 mL of 0.1 M ascorbic acid, in excess of persulfate, was added to stop the
reaction.

Trihalomethanes were detected on gas chromatography — mass spectrometry (GC-MS).
After quenching the reaction, samples (22 mL) were spiked with 30 pg/L internal standard 1,2-
dibromopropane, extracted vigorously by hand for 2 min with 3 mL of tert-butyl methyl ether
(MtBE), and wait for separation for 10 min. The MtBE extracts were further dried by ~2 g
anhydrous sodium sulfate and then analyzed using GC-MS (Agilent 7820-5977 MSD) with an HP-
5ms fused silica capillary column (30 m x 0.25 mm x 0.25 um). MtBE extracts of 5 pL were
injected in splitless mode (inlet temperature 90°C). The oven temperature was held at 28°C for 11

min, 40°C/min to 139°C, 60°C/min to 274°C and was held for 1 min. The quantification ions,
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retention time and lowest standard concentrations of the four trinalomethanes are reported in Table
S3.6.

To further investigate the halogenation of citrate in hydraulic fracturing fluid, we
conducted experiments in more complex solutions incorporating major chemical constituents used
in hydraulic fracturing fluid (Table S3.2) and measured the formation of trihalomethanes on GC-
MS. We selected these compounds and their concentrations based on their reported concentrations
(Table S3.2).

3.5.3 HPLC quantification of para-hydroxybenzoate, benzoate, and

cinnamaldehyde

The quantification of organic compounds used in paired probe systems (i.e., para-
hydroxybenzoate and benzoate, cinnamaldehyde and benzoate) was conducted onan Agilent 1260
Infinity 11 High Pressure Liquid Chromatography — UV (HPLC-UV) equipped with an Agilent
Eclipse Plus C18 column (3.0 mm X 150 mm, 3.5 um). For samples from all probe systems, the
aqueous phase was 10 mM phosphoric acid (pH 2) in Mill-Q water and the organic phase was
acetonitrile/water (99/1, v/v). The flow rate was 0.5 mL/min flow rate and the injection volume
was 10 uL. For each pair of probes, gradient elution has been established for the elution of organic
compounds:

1) For the para-hydroxybenzoate/benzoate pair, gradient elution was carried out using

87% aqueous phase for 7 min, adjusted to 80% at 8 min and held until 19 min, then
adjusted to 87% at 20 min. The retention time was 5.6 min for para-hydroxybenzoate
and 16.4 min for benzoate. The UV absorbance wavelength was 255 nm initially and

switched to 227 nm at 8 min.
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2) For the cinnamaldehyde/benzoate pair, gradient elution was carried out using 80%
aqueous phase for 4 min, adjusted to 60% at 4.2 min and held until 13 min, then
adjusted to 80% at 13.2 min. The retention time was 12.0 min for cinnamaldehyde and
8.4 min for BA. The UV absorbance wavelength was 295 nm initially and switched to
227 nm at 8 min.

These compounds have limit of detection values as 0.39, 0.13, and 0.75 uM for para-

hydroxybenzoate, cinnamaldehyde, and benzoate, respectively.

3.5.4 Experimental procedures for cinnamaldehyde degradation in the

presence of guar

To investigate the kinetics of cinnamaldehyde in hydraulic fracturing fluids, solutions (25
mL.) containing cinnamaldehyde, guar, and phosphate buffer were prepared. The concentrations of
cinnamaldehyde (15 uM)162 and guar (500 mg/L)59.162.1%8 \was originally chosen to be similar to
the reported concentration in hydraulic fracturing fluid. We also adjusted the concentration of
phosphate buffer from 10 mM to 1 mM and pH from 7.0 to 6.5 to minimize the scavenging of
radicals by phosphate species to prevent interference with the degradation of cinnamaldehyde at
such low concentration.

Due to the presence of guar, we conducted liquid-liquid extraction of cinnamaldehyde
before analysis on HPLC. After quenching the aliquot (in water solution), 0.5 mL of
dichloromethane was added to each HPLC vial (with a total volume of 1.05 mL). The HPLC vials
containing the aqueous and organic phases were vigorously shaken for 5 min followed by 20 min
of settling. Then, the organic phase was transferred to a clean HPLC vial that was ready for
measurement on HPLC with a method to detect cinnamaldehyde as described in Section 3.5.3.

The recovery of this liquid-liquid extraction method was 91.9+2.2% and 94.5t£1.4% for
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experiments in the presence of ClO4™ and CI, respectively. The cinnamaldehyde concentration in
the experimental sample was calculated by its concentration in dichloromethane, which was
obtained by comparing the peak area measured on HPLC with a standard curve.

3.5.5 Experimental procedures to determine the production of HOCland HOBr

To investigate the possible production of HOCI and HOBr from persulfate directly
oxidizing CI~ or Br-, we added halides (i.e., 1.4 M CI~ or 60 mM Br) in solutions (25 mL) at pH
7 controlled by 10 mM phosphate buffer. After the temperature of the solutions stabilized at 80°C
in a water bath, a small volume (0.25 mL) of 0.1 M persulfate stock solution was added into each
vial toachieve an initial concentration of 1 mM persulfate. After2 h, 2 mL of each solution was
collected and added with 1 drop of 10 M sodium hydroxide (NaOH) to increase the pH to above
11. Then, the absorbance of hypochlorite (OCI") and hypobromite (OBr~) were measured on a
Varian Cary 50 Bio UV-Vis Spectrophotometer at 292 nm!9 and 329 nm,2% respectively.

The concentration of HOCl was calculated from the UV absorbance of OCI™ by a standard
curve directly prepared by diluting a sodium hypochlorite stock solution, with a LOD of 23 pM.
HOBr standard solutions were prepared by adding sodium bromide in large excess (i.e., 60 mM)
to a known concentration of HOCI (i.e., 12.5-150 uM) at pH around 5. The lowest standard

concentration of HOBr 13 pM.
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3.5.6 Contribution of base (OH") to persulfate loss rate

Furman et al. reported that persulfate decomposed at a rate of 3.3x10-3 mM/min (3 M
NaOH and 0.5 mM persulfate) at 20°C.187 From this rate and the known concentrations of NaOH
and persulfate, we calculated the bimolecular rate constant for the reaction between persulfate and
OH~to be 3.7 x 108 M-1s'1, We assume that this rate constant remains unchanged at temperatures
up to 95°C.

At pH 12, where we have the highest concentration of OH™ (i.e., 102 M), we calculated
that the pseudo-first order rate constant contributed by OH™ is 3.7 x 10-1°st, Therefore, the
contribution of OH™ to persulfate loss is 3 and 6 orders of magnitude lower than the measured
persulfate loss rate at 37°C (i.e., 1.300(x0.002)x10-" s'1) and 95°C (i.e., 5.10(+0.03)x10* s1)
across pH 2-12. Consequently, persulfate degradation in the investigated temperature range is
likely to be dominated by the thermal activation of persulfate so that the effect of base activation
is insignificant.

3.5.7 Possibility of cinnamaldehyde degradation by persulfate

We analyzed whether cinnamaldehyde was directly oxidized by the non-radical oxidant
persulfate (S20s2"). Since cinnamaldehyde did not significantly increase the loss rate of persulfate,
the bimolecular rate constant between cinnamaldehyde and persulfate was approximated to be
lower than 10-® M-1s1, calculated with the LOD (0.03 mM) of persulfate the time frame of the
experiment (2.5 h), and the assumption that cinnamaldehyde concentration is constantly at 0.5
mM. Applying 1 mM persulfate, we found that this bimolecular rate constant accounts for a
pseudo-first order rate of cinnamaldehyde degradation of below 10-° s1, which is less than 0.002%

as compared to the measured degradation rate of cinnamaldehyde, 5.2+0.4x10-° s’ (obtained from
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the lower-left panel in Figure 3.1a by assuming the first order degradation). Therefore, persulfate
oxidizing cinnamaldehyde is not significant in the observed degradation rate of cinnamaldehyde.

3.5.8 Effect of reaction products on the degradation kinetics of cinnamaldehyde

and benzoate

Since the conversion of sulfate radicals to halogen radicals decreased the degradation rate
of cinnamaldehyde, we hypothesized that other unmeasured constituents in the solution may be
more competitive toward halogen radicals than cinnamaldehyde. Possible unmeasured constituents
are the reaction products of cinnamaldehyde or benzoate. Consequently, we expected that
accumulated products would continuously slow down the degradation rate of cinnamaldehyde and
benzoate in the solution. We carried out a residual analysis for the concentrations of
cinnamaldehyde and benzoate as they were being degraded over 10 min (Figure 3.3b). The
residuals are obtained by subtracting modeled values (calculated by &’ values in Figure 3.3b) from
measured values. We found that in all experiments with salts, both compounds exhibit slowly
decreased degradation rates over the experimental period (Figure S3.7). However, these errors
between experimental measurements and predicted values (£0.02 uM) are much lower than the
concentrations of cinnamaldehyde (>12 uM) and benzoate (>33 M) at each time point, indicating
that the reaction product(s) have no significant influence on the degradation Kinetics of
cinnamaldehyde and benzoate. Therefore, we concluded that reaction products are not likely more

competitive toward halogen radicals than cinnamaldehyde and benzoate.
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3.5.9 Supplementary tables

Table S3.2. Chemicals used in this chapter.

Vendor Chemicals
Acros benzoic acid (>99.5%)
Organics potassium persulfate (99+%)

sodium chloride (99.5%)
sodium bromide (99.5%)

a-chlorocinnamaldehyde (97+%)

monobasic sodium phosphate (>99%)
dibasic sodium phosphate (>99%)
sodium hydroxide (98.7%)
Fisher sodium hypochlorite (5.65-6%)
Scientific anhydrous sodium sulfate (>99.0%)
citric acid monohydrate (>99%)

sodium tetraborate decahydrate (>99%)

ascorbic acid (ACS grade)
trans-cinnamaldehyde (99%)
para-hydroxybenzoic acid (97%)
sulfuric acid (95%-98%)
guar
dichloromethane (>99.8%)
EPA501/601 trihalomethane calibration mix
orange terpenes natural
petroleum distillate (>99.9%)
propylene glycol (>99.5%)
Sigma-Aldrich  tert-butyl methyl ether (>99.9%)

sodium carbonate (>99%)

Alfa Aesar a-bromocinnamaldehyde (99%)

TCIl America  1,2-dibromopropane (98+%)
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Table S3.2. Selected organic compounds in hydraulic fracturing fluid.

Component Concentration Function Reference
guar 200 mg/L gelling agent 162,198
petroleum distillate 212 mg/L gelling agent 162,198
citrus terpenes 47.2 mg/L surfactant 162,198
propylene glycol 283.4 mg/L other chemicals 162,198
citrate 9.6 mg/L complexing agent 162,198
borate 400 mg/L cross-linker 159,162,198
sodium carbonate 200 mg/L buffer relevant to 162,198

flowback water

Table S3.3. Fraction of sulfate radical (SO4"") scavenged by different solution components in the

presence of 1.4 M Cl- and 6 mM Br.

Compound? Concentration (M) k (M-1s1) Reference kxc (s1) Fraction®
H2PO4 6.1 x 103 7.0 x 104 6 43x102 00
HPO4? 3.9x10°3 1.2 x 106 6 46x103 0.0
$208% 103 6.3 x 10°¢ 188-190 6.3x102 0.0

CI 14 4.7 x 108 175 6.6 x 108  0.97

Br 6.0 x 103 3.5x10° 176 2.1x10" 0.03

Solution is buffered with 10 mM phosphate buffer (pH 7). The fraction of cinnamaldehyde is
neglected because it is less than 0.1 even with the second-order rate constant for the reaction of
cinnamaldehyde and sulfate radical is close to the diffusion limit (1010 M-1s1).

Calculated based on normalizing the total of kxc values to 1.

An average value of three referenced rate constants.
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Table S3.4. Fraction of sulfate radical (SO4") scavenged by different solution components in the

presence of 1.4 M CI~ and 60 mM Br.

Compound? Concentration (M) k (M-1s1) Reference kxc (s1) Fraction®
H2PO4 6.1 x 103 7.0 x 104 6 43x102 00
HPO4? 3.9x103 1.2 x 106 6 46x10% 0.0
$208% 103 6.3 x 10°°¢ 188-190 6.3x102 0.0

CI 14 4.7 x 108 175 6.6 x 108  0.76

Br 6.0 x 102 3.5x10° 176 21x108 024

a. Solution is buffered with 10 mM phosphate buffer (pH 7). The fraction of cinnamaldehyde is

neglected because it is less than 0.1 even with the second -order rate constant for the reaction

of cinnamaldehyde and sulfate radical is close to the diffusion limit (1010 M-1s1).

b. Calculated based on normalizing the total of kxc values to 1.

c. An average value of three referenced rate constants.

Table S3.5. Fraction of sulfate radical (SO4") scavenged by different solution components in the

presence of 1.4 M Cl, 60 mM Br and 50 mM isopropanol.

Compound? Concentration (M) k (M-1s1) Reference kxc (s1) Fraction®
H2PO4 6.1 x 103 7.0 x 104 6 43x102 0.0
HPO4? 3.9x103 1.2 x 106 6 46x10% 0.0
$208% 103 6.3 x 10°¢ 188-190 6.3x102 0.0

CI 14 4.7 x 108 175 6.6 x 108  0.76

Br 6.0 x 102 3.5x10° 176 2.1x10" 0.24
isopropanol 5.0 x 102 8.0 x 107 6 25x10% 0.0

a. Solutionis buffered with 10 mM phosphate buffer (pH 7). The fraction of cinnamaldehyde

is neglected because it is less than 0.1 even with the second-order rate constant for the

reaction of cinnamaldehyde and sulfate radical is close to the diffusion limit (101° M-1s-

1).
b. Calculated based on normalizing the total of kxc values to 1.

c. An average value of three referenced rate constants.

75



Table S3.6. Quantification ions, retention times and the lowest standard concentration for

trihalomethanes

retention times lowest standard

trihalomethane quantification ions  (min) concentration (UM)?
trichloromethane 83, 85, 87 3.96 8.4x10°
dichlorobromomethane 83, 85, 129 4.90 6.1x10°
dibromochloromethane 127,129, 131 7.62 4.8x10°
tribromomethane 171, 173, 175 12.11 4.0x10°
1,2-dibromopropane 41, 121, 123 11.18 NA

a. These values are converted from 10 ng/L, the lowest standard concentrations of all

trihalomethanes

Table S3.7. One-way analysis of variance (ANOVA) to assess the significance of the differences

in persulfate loss rates at pH 2, 7, and 12 at each temperature.

Temperature (°C) p value? Significant difference among means
37 0.13 No
60 0.18 No
80 0.19 No
95 0.09 No

a. Each p value was obtained by analyzing three groups of the measured persulfate loss rates in
each replicate experiment at pH 2, 7, and 12 at each temperature. When p value is greater than
0.05, there is no significant difference among the means of persulfate loss rates at all pH values

at a temperature.
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3.5.10 Supplementary figures

0.6+ __ 0.5mM cinnamaldehyde + 1 mM
persulfate + 10 mM phosphate buffer

0.5 mM benzoate + 1 mM persulfate +
10 mM phosphate buffer

— 1 mM persulfate + 10 mM phosphate buffer
0.4

--- 10 mM phosphate buffer

absorbance

wavelength (nm)

Figure S3.1. UV absorption spectra of persulfate quantified using the potassium iodide method
(absorbance at 352 nm) as described in the text. Solutions contained phosphate buffer (pH 7),
persulfate and organic compounds as indicated. Data presented for the experiments are the average

values from two replicate experiments at each wavelength detected from 300-400 nm.
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Figure S3.2. Product yields of a-chlorocinnamaldehyde and a-bromocinnamaldehyde from the
degradation of cinnamaldehyde after incubation for 2 h at 80°C. Solutions initially contained 1
mM persulfate and 0.5 mM cinnamaldehyde at pH 7 buffered with 10 mM phosphate buffer.
Halide and isopropanol (IPA) concentrations are as indicated. Green and blue asterisk signs (*)

represent below the limit of detection of a-bromocinnamaldehyde (0.07 puM) and o-

chlorocinnamaldehyde (0.08 uM).
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Figure S3.3. Degradation of 0.05 mM cinnamaldehyde and formation of a-chlorocinnamaldehyde
and a-bromocinnamaldehyde. Experiments were conducted at 80 °C for 2 h in solutions initially
containing 1 mM persulfate and 0.05 mM cinnamaldehyde at pH 7 buffered with 10 mM phosphate
buffer. Halides and isopropanol concentrations are as indicated. Green and blue lines represent the

limit of detection of a-bromocinnamaldehyde (0.07 uM) and a-chlorocinnamaldehyde (0.08 pM).

1.4 M CI', 6 mM Br’, 50 mM isopropanol
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Error bars represent the range of two replicate experiments.
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Figure S3.4. Cinnamaldehyde degradation in the presence of isopropanol (IPA). Experiments
were conducted at 80°C in solutions initially containing 1 mM persulfate and 0.5 mM
cinnamaldehyde at pH 7 buffered with 10 mM phosphate buffer. Halide and isopropanol
concentrations are as indicated. Error bars represent the range of two replicate experiments. Note

that both experiments were conducted at a later date than experiment presented in Figure 3.1a.
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Figure S3.5. HOCI and HOBr formation from persulfate for 2 h at 80°C. Solutions initially

contained 1 mM persulfate, halide and isopropanol concentrations as indicated at pH 7 buffered

with 10 mM phosphate buffer. Green and blue asterisk signs (*) represent below the limit of

detection of HOCI (23 puM) and the lowest standard concentration of HOBr (13 uM).
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Figure S3.6. Effect of temperature on the pseudo-first order degradation rate (s'1) of benzoate. All
solutions initially contained 1 mM initial S20g? and 50 UM benzoate at pH 7 (10 mM phosphate
buffer). Error bars represent the range of two replicate experiments. Solutions also contained 50

UM nitrobenzene as a hydroxyl radical-selective scavenger.
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Figure S3.7. Residual analysis for the degradation rates of cinnamaldehyde and benzoate in
competition. Residuals represent the difference between modeled (predicted by the k’ values
obtained in Figure 4.3b) and measured concentrations of (a) cinnamaldehyde and (b) benzoate.
All experiments were conducted at 80°C for 10 min in solutions with 1 mM initial persulfate, 10

mM phosphate buffer (pH 7), 50 UM each organic compound, and salts as indicated.
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Chapter 4: Effects of halides on organic
compound deqgradation during plasma
treatment

4.1 Abstract

Plasma has been proposed as an alternative strategy to treat organic contaminants in brines.
Chemical degradation in these systems is expected to be partially driven by halogen oxidants,
which have been detected in halide-containing solutions exposed to plasma. In this study, we
characterized specific mechanisms involving the formation and reactions of halogen oxidants
during plasma treatment. We first demonstrated that addition of halides accelerated the degradation
of a probe compound known to react quickly with halogen oxidants (i.e., para-hydroxybenzoate),
but did not affect the degradation of a less reactive probe compound (i.e., benzoate). This effect
was attributed to the degradation of para-hydroxybenzoate by hypohalous acids, which were
produced via a mechanism involving halogen radicals as intermediates. We applied this
mechanistic insight to investigate the impact of constituents in brines on reactions driven by
halogen oxidants during plasma treatment. Bromide, which is expected alongside chloride in
brines, was required to enable halogen oxidant formation, consistent withthe generation of halogen
radicals from the oxidation of halides by hydroxyl radicals. Other constituents typically present in
brines (i.e., carbonates, organic matter) slowed the degradation of organic compounds, consistent

with their ability to scavenge species involved during plasma treatment.
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4.2 Introduction

Plasma technology has been recently proposed as a promising tool for water treatment due
to its simplicity, cost, and effectiveness toward destroying toxic organic compounds.56.63.201-205
Unlike ultraviolet/oxidant advanced oxidation processes (UV/oxidant AOPs), plasma operates
without requiring chemical consumables (e.g., hydrogen peroxide, H202; hypochlorous acid,
HOCI).2% In addition, the energy requirement for plasma treatment of some organic contaminants
has been found to be competitive against other treatment options including UV/oxidant AOPs,
electrochemical treatment, and sonolysis.>6-62 Plasma-based water treatment generates an array of
oxidative species (e.g., hydroxyl radical, *OH; oxygen atom, O; ozone, Os; hydrogen peroxide,
H202),%52%6-28 among which *OH — known to react with a wide spectrum of organic
contaminants?®® — is frequently determined to drive the degradation of several organic
contaminants (e.g., pesticides,>8.210.211 pharmaceuticals, 212212 algal toxins®0-214215) |n addition to
oxidative species, plasma also generates reductive species (e.g., hydrated electron, e ),21629
which can degrade highly oxidized organic contaminants including per- and polyfluoroalkyl
substances®3:220-222 and halogenated disinfection byproducts.223-225

Among possible applications, plasma has particular advantages when applied to degrade
organic compounds in brines. Contaminated brines encompass a wide array of waste streams from
diverse sources (ion exchange,226:227 reverse osmosis,?28-230 pharmaceutical production,23!
hydraulic fracturing,232:233 landfill 234 textile manufacturing?3°), but all share high concentrations
of salts and other constituents that present multiple specific opportunities for plasma treatment.
Firstly, relative to conventional AOPs, plasma appears to be less susceptible to inhibition by
constituents in complex wastewaters that scavenge reactive species.230:236 For example, organic

compound degradation by plasma was less sensitive to the inclusion of co-occurring constituents
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in complex mixtures (i.e., reverse osmosis brine,23° urine?3®) compared to *‘OH-based AOPs.
Secondly, because reactive species are concentrated at or above the plasma-water interface,>
salting-out effects in brines can improve the degradation efficiency of some contaminants (i.e.,
surfactants).23” For example, the degradation of perfluorooctanoic acid (PFOA), which is known
to occur at or above the plasma-water interface,238 was accelerated upon the addition of salts,2"
consistent with salts causing PFOA to more favorably partition to the water surface.23°-241 Thirdly,
increased conductivity at elevated salt concentrations affects plasma properties such as plasma
volume and the contact area between plasma and water.?42 These changes can increase the
production of reactive species (e.g., *OH),243 though notably the opposite trend has been observed
in other reactors.236.242 Depending on the impact of conductivity on reactive species production in
the specific reactor, the addition of salts has been reported to either accelerate?4245 or
decelerate?37:246.247 the degradation of organic compounds during plasma treatment.

Beyond their contributions as salts to the aforementioned effects, halides present in brines
may specifically enable new pathways due to their potential to form halogen oxidants during
plasma treatment. For example, in the same plasma reactor, the addition of chloride (CI") to
solutions decreased the degradation of one organic compound, which was attributed to elevated
conductivity,23” but increased the degradation of another, which was attributed to the formation of
HOCI.237 Other studies have also invoked halogen oxidants, including HOCIl and halogen radicals
(i.e., CI*, Cl2™), to explain compound degradation during plasma treatment of solutions containing
Cl-.247-2%9 |n addition, HOCI has been measured to occur in Cl-containing solutions treated by
plasma.?50-252 The specific mechanisms proposed to be responsible for halogen oxidant formation
depend on the plasma reactor setup. For example, the inclusion of oxygen (i.e., at 0.1-1%) in the

feed gas of some plasma systems enabled the generation of HOCI via the reaction between O and
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Cl- (eq 4.1).250-2%2 |n other plasma systems, an alternative mechanism involving the reaction
between *OH and CI- to form CI* and Cl2"~has been proposed in multiple studies (eq 4.2; excluding
the involvement of bromide, Br-),237.247-249 which may either react with organic compounds
themselves?47-249 or recombine to form HOCI that drives compound degradation.237:247.248

0+ CI- +H* — HOCl (4.1)

+H*(+Cl7,Br7)
CI"+°0OH «— CIOH"~ Cl*(or Cl;‘,ClBr“) + H,0 4.2

These studies characterizing halogen oxidants in plasma-treated water have only
investigated the impact of CI-,237.247-252 which cannot account for the unique roles of other
chemical species occurring in brines. In particular, brines, like natural waters,2%also contain some
Br- typically present at 0.1-1 mol percent of CI-.167.23325 The inclusion of Br- in real brines is
particularly relevant to mechanisms involving halogen radicals.8 Whereas HOCI formation from
O can proceed in Cl-only systems,250-252 the presence of Br- (even a trace contaminant in CI
reagent)164.165 is known to dominate the oxidation of halides by *OH to halogen radicals.®
Specifically, CI- itself is ineffective in scavenging *OH to produce halogen radicals due to the fast
reverse reaction of the intermediate CIOH~to regenerate the initial reactants (eq 4.2),%17” whereas
BrOH"~generated in the presence of Br-predominantly reacts further to produce halogen radicals
(eq 4.3).8:178 Therefore, the previously proposed mechanism involving halogen radical formation
in Cl--only systems treated by plasma?37:247-249 has been typically considered negligible in other
contexts (e.g., conventional AOPs).2 Beyond the effect of Br-, other brine constituents (i.e.,
carbonates, organic matter) may also impact the formation and reactions of halogen oxidants

during plasma treatment depending on the specific reactive species involved.164.165.167,255

+H* (+C1” Br7)
Br~+°OH «— BrOH"~ Br*(or CIBr*~,Br;7) + H,0  (4.3)
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In this study, we aimed to extend the state of knowledge regarding the role of the halogen
oxidants during plasma treatment of halide-containing waters to incorporate consideration of Br-
and other constituents (i.e., carbonates, organic matter) occurring in brines alongside Cl-. We
specifically focused on the formation of halogen oxidants mediated by halogen radicals (eq 4.2-
4.3) rather than O (eq 4.1) because we anticipated the inclusion of Br~ would play a key role in
this mechanism. To this end, we measured the degradation of probe compounds to provide insight
into the formation of halogen oxidants in solutions of different chemistries, as well as to evaluate
whether halogen radicals reacted with these compounds directly or recombined to form
hypohalous acids that drove the reaction instead. We complemented our experiments with
characterization of reactive species in plasma over solutions with and without halides. We applied
our mechanistic insight to evaluate organic compound degradation in the presence of brine
constituents, including known competitors for radicals (i.e., carbonates, organic matter).164.165167
Overall, our work enables the formation mechanism and reactions of halogen oxidants to be
accurately understood in the presence of key additional constituents beyond Cl- during plasma

treatment of contaminated brines.

4.3 Materials and Methods

4.3.1 Chemicals and reagents

All chemicals used in this work are listed in Supporting Information, Table S4.1. All
experimental solutions were prepared in Milli-Q water. Stock solutions of HOCland hypobromous
acid (HOBr) were prepared from sodium hypochlorite (5-6%) directly or by reacting with a
stoichiometric amount of Br-and standardized spectrophotometrically at 292 nm*99 or 329 nm,2%

respectively.
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4.3.2 Plasma setup

To generate plasma, a high-voltage power supply (Information Unlimited) was used to
provide a voltage of 3 kV with a discharge frequency of 20 kHz. The experimental system
consisted of a round-bottom glass flask with a volume of 100 mL (Chemglass) (Figure S4.1). A
sharpened stainless steel rod (0.8 cm diameter) was placed in the headspace in the flask as the high
voltage electrode and an aluminum ring (3.8 cm outer diameter, 2.0 cm inner diameter) was fitted
outside the bottom of the flask as the ground electrode. The electrodes were spaced 4.3 cm apart
with the high voltage electrode being positioned 1.0 cm above the solution during experiments.
Salts found to be deposited on the electrode after plasma treatment of halide-containing solutions
were analyzed for composition using a scanning electron microscope (Thermo Fisher Scientific).

To control headspace pressure and gas composition, the flask was connected to a gas port
equipped with a vacuum pump and an argon inlet. We used 99.999% argon (Linde Gas &
Equipment Inc.) as the feed gas in our system. The absence of oxygen in the feed gas is consistent
with feed gas compositions previously shown to lead to negligible hypohalous acid formation
mediated by O (eq 4.1),252 consistent with our goal to investigate pathways mediated by halogen
radicals (eq 4.2-4.3). While O-mediated hypohalous acid formation is negligible without oxygen
in the feed gas (i.e., <2 ppmy, Table S4.1), some O may be generated due to the presence of lower
amounts of oxygen from other sources (e.g., ambient air, residual air, oxygen impurity in feed
gas).257

To minimize water loss during plasma treatment, the flask was partially immersed in an
ice bath (4 °C) and connected to a vapor condenser. Using this setup, the loss of water during
plasma treatment was confirmed to be negligible (Figure S4.2). Exposure to plasma was found to

promote internal mixing (Figure S4.3), such that mechanical mixing (e.g., a stir bar) was not
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required. We omitted components required for stirring to avoid additional complexities in the

reactor design.

4.3.3 Treatment of Solutions by Plasma

To investigate the mechanism of how halides contributed to organic compound
degradation, two probe compounds (i.e., benzoate and para-hydroxybenzoate) were used during
plasma treatment. Solutions (50 mL) were prepared with 10 mM phosphate buffer (pH 7), 50 uM
of each probe compound, and halides at indicated concentrations. In experiments containing both
Br-and CI-, Br- was added at 1 mol percent of Cl-, corresponding to molar ratios reported in
brines (i.e., 0.1-1 mol percent, Table S4.2).167,227231,233,234,254,258-283 \\/hen isolating the effect of

Cl-alone, different experiments were performed with both lower purity (i.e., =99.0%, <0.007 mol

percent Br-) and higher purity (99.999%) CI- reagents as indicated in corresponding figures. When
Br-was added, the lower purity CI-was used because the trace Br- in the CI- reagent is negligible
relative to the added Br-. Perchlorate (ClO4~)was used as a control for ionic strength. Because
conductivity affects reactive species production during plasma exposure,236:242243\ye confirmed
that halide- and ClO4 -containing solutions at the same ionic strength had comparable solution
conductivity (Figure S4.4). Isopropanol (50 mM) was added in specific experiments as a
scavenger for radicals.

Prior to all experiments, the system was held at a low pressure (i.e., 25 Torr) for 5 min to
degas solutions. Then, the headspace of the flask was purged three times before filling with argon
at 100 Torr. This subatmospheric pressure was selected to achieve greater radical density during
plasma treatment.284 We confirmed that the degradation of probe compounds at 100 Torr was faster
than at atmospheric pressure (i.e., 760 Torr) in both halide- and ClO4 -containing solutions and

that the effect of halides was consistent at both pressures (Figure S4.5). After exposure to plasma
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at indicated times, aliquots (each 0.5 mL) were collected by a syringe through a septum. Then,
each aliquot was transferred to a 2 mL amber vial, quenched by 5 uL 0.1 M ascorbic acid, and
analyzed for probe compound concentrations. Concentrations of hypohalous acids were measured
by sampling 2 mL aliquots either at the end of the experiment (if a single concentration was
determined) or at multiple time points in experiments separate from probe compound
measurements. All sampling removed <24% of overall solution volume over the experiment
duration.

Additional experiments were performed by further modifying the solution composition. In
addition to the probe compounds used above, four organic contaminants (i.e., salicylate,
acetaminophen, sulfamethoxazole, anthranilate) were selected based on their different reactivities
toward halogen oxidants (Table S4.3).741.1%.285-289 | jke CI-and Br-, additional constituents (i.e.,
sulfate, SO4%; nitrate, NO3~; carbonates; organic matter) were added at brine-relevant
concentrations (Table S4.2).167.227,231,233.234,254,258-283 Some  of these constituents have known
reactivities with the reactive species of interest (Table S4.4).167:209.255290-298 A salts used in this
study contained sodium as the cation. While calcium and magnesium were present in some brines
(Table S4.2),167,227.231,233,234 254,258-283 these cations were excluded from the present study to avoid
precipitation of solids with some anions (i.e., SO4?-, carbonates).?°?-301 When included, carbonates
were introduced to the solution using a syringe after the headspace was filled with argon to prevent
loss of carbonates as carbon dioxide during degassing. The ionic strength of all solutions was

adjusted to a constant value (2.0 M) using ClO4-.

4.3.4 Analysis of Dissolved Species

The summed concentrations of hypohalous acids (i.e., HOCI, HOBr) were measured by the

N,N-diethyl-phenylenediamine (DPD) colorimetric method3°2 using a UV—vis spectrophotometer
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(Varian Cary) or Nanodrop (Thermo Fisher Scientific). The total concentrations of hypohalous
acids were calculated by standard curves for HOCI or HOBT, which were found to be identical
(Figure S4.6). The concentrations of organic compounds were quantified on an Agilent 1260
Infinity Il High Pressure Liquid Chromatography — UV as described in Section 4.5.1. The retention
times, UV wavelengths, and values of the limit of detection (LOD) of organic compounds were

reported in Table S5.

4.3.5. Analysis of Species in Plasma by Optical Emission Spectroscopy (OES)

To investigate reactive species present in plasma over solutions of different chemistries,
analysis using two different OES spectrometers was carried out using a glass vessel with optical
windows (quartz) as a custom feature made in Department of Chemistry at Washington University
in St. Louis (modified from the aforementioned reactor design as shown in Figure S4.1). Firstly,
a low-resolution OES spectrometer (Ocean Optics HR4000 CG-UV-NIR) was used to obtain
broadband OES spectra (i.e., 200-1100 nm) to identify species with strong emission intensities in
plasma. Secondly, a high-resolution OES spectrometer (Princeton Instrument SpectraPro HRS-
750) was used over narrow ranges of wavelengths to observe species with weak emission
intensities. The identification of species by each OES spectrometer was achieved by comparing
wavelengths to those reported previously (Table S4.6).393-306 \While OES provides information
about the presence of observable species, it does not directly provide information about species

concentrations in plasma.

4.3.6 Statistical analysis

All experiments were conducted in duplicate. Errors in concentrations represent the range

of measurements from duplicate experiments, while errors in degradation rate constants and rates
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represent the standard errors of the slopes obtained from linear regression. The significance of

differences was evaluated using GraphPad Prism with a confidence level set to be <0.05.

4.4 Results and Discussion

4.4.1 Effects of halides on probe compound degradation

We first aimed to verify that halogen oxidants were generated during plasma treatment of
solutions containing mixed halides (i.e., 1 M CI~ along with 10 mM Br-). In addition to the
chlorine-relevant species (i.e., CI', Cl>"~, HOCI) invoked in prior studies,23"2724 Br- is also
expected to enable the formation of bromine-relevant radicals (i.e., Br*, Br2-), mixed halogen
radicals (i.e., CIBr-), and HOBr.2 To this end, we compared the degradation rates of two probe
compounds, benzoate and para-hydroxybenzoate, selected due to their reported bimolecular rate
constants with both chlorine and bromine species (Table S4.3).741.196.285-287 | the absence of
halides, both probe compounds are expected to degrade at similar rates due to their similar rate
constants for reactions with common species generated by plasma (e.g., ‘OH, e;,, Table $4.3).307-
309 In contrast, if halogen oxidants are formed in the presence of halides, para-hydroxybenzoate is
expected to degrade more quickly than benzoate, corresponding to its substantially higher
bimolecular rate constants with both halogen radicals*1:196.286 and hypohalous acids.” 285

In the absence of halides, benzoate and para-hydroxybenzoate degraded at similar rates in
a solution with 1 M ClO4~ added to increase ionic strength (Figure 4.1a). Consistent with the
reported Kinetics of other organic compounds treated by plasma,>8.63.211.222236.238 the degradation
of both compounds followed pseudo-first-order Kkinetics, resulting in rate constants of

0.0121+0.0007 min-! and 0.0108+0.0006 min! for the degradation of benzoate and para-

hydroxybenzoate, respectively (Figure 4.1a). To determine the effect of ionic strength in our
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reactor, we measured probe compound degradation in solutions without ClO4-, finding that each
rate constant increased by 40-50% (i.e., to 0.017+0.001 min-! for benzoate and 0.016+0.001 min*
for para-hydroxybenzoate (Figure S4.7). This result suggests that ionic strength in our reactor
slightly suppresses probe compound degradation, but that reactive species with comparable
reactivities towardsboth compounds (i.e., "OH, Table S4.3)397:308dominate the reaction regardless
of ionic strength.

Consistent with our hypothesis, the addition of halides (i.e., 1 M CI-, 10 mM Br)
marginally affected benzoate degradation (Figure 4.1b), but accelerated para-hydroxybenzoate
degradation (Figure 4.1c). However, before proceeding with quantitative analysis of these effects,
we were first required to address our observation that the kinetics of para-hydroxybenzoate
degradation in the presence of halides appeared to deviate from pseudo-first-order (Figure 4.1c).
Additional residual analysis supported our observation that, unlike the probe compound
degradationin the presence of ClO4-, para-hydroxybenzoate degradation in the presence of halides
more closely followed zero-order kinetics (Figure S4.8). Because benzoate was degraded by
<20% over the same time frame in the presence of halides, analysis of the reaction order was not
attempted. To facilitate comparisons among probe compound degradation in different chemistries
that alter reaction order, we opted to report observed zero-order degradation rates of each
compound during the first 30 min of exposure to plasma (Figure 4.1b,c). Using this approach, we
determined that the degradation rate of benzoate was not significantly impacted by replacing ClO4~
with halides, while the degradation rate of para-hydroxybenzoate was selectively increased 3-fold.

Inadditionto affecting our quantitative analysis, the degradation of para-hydroxybenzoate
by observed zero-order Kinetics also enabled us to evaluate the potential for each class of halogen

oxidants (i.e., halogen radicals or hypohalous acids) to contribute directly (i.e., as opposed to
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acting as intermediates) to the accelerated rate in the presence of halides. If halogen radicals
directly reacted with para-hydroxybenzoate, we expected that the reaction would follow pseudo-
first-order kinetics, consistent with organic compound degradation in UV/oxidant AOP treatment
of halide-containing waters.164.165310 Therefore, we instead hypothesized that hypohalous acids,
which form from the recombination of radical species,® react with para-hydroxybenzoate. Our
hypothesis was based on the observation that the overall concentration of hypohalous acids — both
in the absence and presence of probe compounds — increased as the exposure of the solution to
plasma increased (Figure 4.1d), which might allow the reaction rate to be maintained even as
para-hydroxybenzoate concentration diminished.

To determine if the increasing amount of hypohalous acids was quantitatively consistent
with the observed zero-order Kkinetics of para-hydroxybenzoate, we analyzed the instantaneous
rate of para-hydroxybenzoate loss at each time point using the equation:

—d[C]/dt = k¢ goc [HOCI][C] + k¢ gopr [HOBr][C] (4)
where [C] represents the measured concentration of para-hydroxybenzoate (Figure 4.1c in the
presence of halides); trepresents the duration of exposure toplasma; k¢ yoc and k¢ yop, represent
the apparent bimolecular rate constant between para-hydroxybenzoate and each hypohalous acid
(either found in or estimated from literature, Section S4.5.2, Table S4.3);285287 and [HOCI] and
[HOBT] represent the concentrations of HOCland HOBr. Reactions involving the conjugate bases
of HOCIl and HOBr were assumed to be negligible due to both their lower concentrations at the
experimental pH and their slower reactivities toward substituted aromatics.?87-311

To further simplify this equation, we defined the term f;;,, as the fraction of hypohalous

acid present as HOCI (i.e., fi;oc; = [HOCI]/[HOX],,, where [HOX],,, is the total concentration of
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hypohalous acids). Then, [HOCI] and [HOBTr] in eq 4 were substituted with f,;q, [HOX],,, and
(1 = fyoc) [HOX],,¢, respectively, to generate:
—d[C]/dt = [kcnoafuoa + Kc nopr (1 = froc1)I[HOX] or[C] ()

Consequently, if foc is approximately constant during the experiment (consistent with
the constant pH and near-constant concentrations of CI- and Br-),28" para-hydroxybenzoate is
expected to degrade upon reactions with hypohalous acids following observed zero-order kinetics
(ie., d[C]/dt is constant), if the multiplication product of the concentrations of para-
hydroxybenzoate and total hypohalous acids (i.e., [HOX],,.[C]) is near-constant. When we
calculated this term using experimental concentrations of para-hydroxybenzoate (Figure 4.1c,
condition: with halides) and hypohalous acids (Figure 4.1d, condition: with probe compounds),
we found that the value of [HOX],,.[C] did not vary during the experimental period (i.e., slope of
0+2 pM2/min, Figure S4.9), consistent with the observed zero-order Kinetics of para-
hydroxybenzoate degradation.

In addition to confirming that measured hypohalous acid concentrations were consistent
with the observed reaction order, we also evaluated if the amount of hypohalous acids measured
in our system could feasibly account for the observed rate of para-hydroxybenzoate degradation
using bimolecular rate constants available or estimated from literature.?8287 Assuming all
hypohalous acid was present as HOCI (i.e., fyoq = 1), the calculated para-hydroxybenzoate
degradation rate (i.e., 0.22+0.09 uM/min, Figure S4.10) is lower than but within the same order
of magnitude as the measured rate (i.e., 1.36£0.07 uM/min, Figure 4.1c). Conversely, if HOBr is
assumed to be exclusively present (i.e., fyoc =0), the calculated rate (i.e., 900400 pM/min,
Figure S4.10) is >2 orders of magnitude higher than the measured rate. Because HOBr has been

modeled to occur at higher concentrations than HOCI in seawater containing 0.0015 mol-Br-/mol-
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Cl-,312 HOBr is expected to also dominate in our system, which has both higher halide
concentrations and Br/CI- ratio. Consequently, our measured [HOX],,,, if present primarily as
HOBT, overpredicts the observed degradation rate of para-hydroxybenzoate, possibly due to an
overestimation of the bimolecular rate constant between para-hydroxybenzoate and HOBr (Table
S4.3). Recently, reactions with organic compounds involving previously overlooked species (e.g.,
Br20, Br2) have been found to contribute to rate constants for reactions attributed to HOBr being
overestimated by similar orders of magnitude.124313 While re-evaluation of this bimolecular rate
constant is beyond the scope of this work, our analysis with currently available values suggests
that hypohalous acids are present at sufficient concentrations, if not in excess, to account for the
observed rate of para-hydroxybenzoate degradation.

While our results are consistent with hypohalous acids acting as the primary species
directly reacting with para-hydroxybenzoate to accelerate its degradation in the presence of
halides, we still hypothesized that radicals (i.e., “OH, halogen radicals) act as intermediates that go
on to form hypohalous acids via recombination reactions.® To test this hypothesis, we repeated our
experiments in solutions including 50 mM isopropanol, a known scavenger of both *OH (i.e.,

k =19 x10° M~'s™1)? and halogen radicals (i.e., kisopropanot,ci;- = 1.2 X

isopropanol,”OH

105 M_1$_1,41 k.

isopropanol,Br’

= 6.6 X 106 M~1s71).179 |n addition, isopropanol is not expected

to quench hypohalous acids directly due to slow reported rate constants (e.g., k <

isopropanol, HOBr
3.9 x 10~* M~1s71),182 which we confirmed by demonstrating that isopropanol did not impact
para-hydroxybenzoate degradation by hypohalous acids added directly as HOCI to halide-
containing solutions (Figure S4.11). The addition of isopropanol to halide-containing solutions

decreased the degradation rate of para-hydroxybenzoate to 0.20+0.02 uM/min, which was 6-fold

lower than the rate measured in halide-containing solutions without isopropanol (Figure 4.1c).
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Consistent with our proposed pathway of hypohalous acid formation from radical recombination,
we determined that the addition of isopropanol reduced the concentration of hypohalous acids after
plasma treatment to below their LOD (Figure S4.12).

The above evidence supports our expectation that our plasma system generates hypohalous
acids through a radical-mediated pathway (i.e., recombination of halogen radicals formed from
halide oxidation by *OH) in solutions containing CI- and Br- together. This pathway has been
invoked previously to explain results obtained during plasma treatment of solutions containing CI-
as the sole halide,?37.247-249 which contradicts prior work that suggests CI- oxidation by *OH is
negligible.® This discrepancy was possibly due to a trace amount of Br-impurity occurring in the
CI- reagent, which has previously been implicated in halogen radical formation.164.165\We found

that the inclusion of 1 M Cl-added as a low purity reagent (i.e., =99.0% with <0.007 mol percent

Br-) increased the degradation rate of para-hydroxybenzoate by 22+9% relative to the ionic
strength control (p=0.02, Figures 4.1e). Incontrast, the inclusion of 1 M Cl-added as a high purity
reagent (i.e., 99.999%) did not increase the rate relative to the control (Figure 4.1e). Similarly,
hypohalous acid concentrations after treatment for 30 min were measurable in solutions prepared
with low purity CI-(i.e., 4.2+0.8 uM), but below the LOD (i.e., 0.8 uM) in solutions prepared with
either ClO4~ or high purity CI- (Figure 4.1e). These results suggest that plasma treatment of
solutions containing CI- as the sole halide is unlikely to generate hypohalous acids via a radical-
mediated pathway, as well as indicate that a trace amount of Br- impurity, which varies in
magnitude among CI- reagents, may contribute to some effects previously attributed to CI- alone
during plasma treatment.

While the effect of 1 mM CI- as the sole halide was negligible in our system, the inclusion

of 10 mM Br- (along with 1 M CIO4~ to control the ionic strength) affected both compound
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degradation and hypohalous acid formation to similar extents with or without 1 M CI- present
(Figure 4.1e). The degradation rate of para-hydroxybenzoate in the Br—-only solution was 81+7%
of the rate when Br-and CI- were present together, and the concentration of hypohalous acid was
indistinguishable between the two solutions after 30 min of exposure to plasma. In *OH-initiated
pathways, lower concentrations of Br-alone (i.e., 0.001-0.1 mM) have been previously reported
to negligibly affect downstream reactions,310.314.315 whereas higher concentrations of Br- alone
(i.e., 1 mM) accelerated organic compound degradation.31> Consistent with these findings, the
elevated Br- concentration used in our study (10 mM, corresponding to 1 mol percent CI-) appears
to be sufficient to account for the halide-dependent reactions in our plasma system regardless of
the presence of CI-.

Though the amount of Br- relative to ClI- is relatively consistent in brines (i.e., 0.1-1 mol
percent Br-, Table S4.2), the absolute concentrations of halides vary substantially (e.g., 0.007-2
M CI-, Table S4.2).167,227,231,233,234254,258-283 Therefore, we expanded our experiments to evaluate
the effect of halides at different concentrations, but at a constant ratio of Br-to CI- (i.e., 0.1-2 M
CI- with 1 mol percent of Br-). The inclusion of halides at concentrations higher than 0.5 M CI-
and 5 mM Br- increased the degradation rate of para-hydroxybenzoate by 2- to 4-fold relative to
ClO4 at the same ionic strength (Figure 4.1f). We also observed hypohalous acid formation across
all tested halide concentrations (Figure S4.13). Both the acceleration of para-hydroxybenzoate
degradationand hypohalous acid formation increased to lesser degrees upon increasing addition
of halides at high concentrations, possibly due to other limitations (e.g., “OH generation by

plasma).
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Figure 4.1. Degradation of probe compounds (i.e., benzoate, para-hydroxybenzoate) and
formation of hypohalous acids during plasma treatment of solutions with varying chemical
constituents (all containing 10 mM phosphate buffer, pH 7). (a) Degradation of benzoate and para-
hydroxybenzoate (each initially present at 50 uM) in the presence of 1 M ClO4~. (b-c) Degradation
of (b) benzoate and (c) para-hydroxybenzoate in the presence of salts and/or isopropanol. (d)
Formation of hypohalous acids in the presence of 1 M Cl-and 10 mM Br-. () Degradation rates
of probe compounds and hypohalous acid concentrations in solutions with different halide
combinations after plasma treatment for 30 min. Asterisks (*) represent measurements below the
LOD ([HOX]wt = 0.8 uM). For corresponding conditions, results in (e) are from the same

experiments used to obtain results presented in (b-c), while results presented in (d) were collected
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independently to reduce the volume of solution removed during the experiments. The measured
concentrations of hypohalous acids at 30 min under the same condition (with probe compounds
and halides) in (d) and (e) had no significant difference (p=0.10). (f) Degradation rates of probe
compounds over 30 min in the presence of ClO4 or halides (i.e., CI-, purity: 99.0%, with 1 mol
percent added Br-); results collected with 1 M salt are reproduced from (b-c). Errors on
concentrations represent the range of measurements from duplicate experiments, while errors on

degradation rates represent the standard errors of the slopes obtained from linear regression.

4.4.2 Effects of halides on reactive species in plasma

We next investigated reactive species in plasma using low- (Figure S4.14) or high-
resolution OES (Figures 4.2,54.15). Consistent with our proposed mechanism of halogen oxidants
from halide oxidation by *OH (eq 2-3), we detected the presence of *OH in plasma by both the low-
resolution and high-resolution OES above all solutions regardless of the presence of halides or
ionic strength (Figures S14,15, Table S4.6). Although our feed gas did not include oxygen in
amounts required to generate hypohalous acids from O (eq 1),252 O was also detected by high-
resolution OES (Figure 4.2k, Table S4.6), though not by low-resolution OES (Figure S4.14). The
presence of O in plasma has been previously observed even when oxygen was not added in the
feed gas.?%’

The collected OES spectra also afforded us the opportunity to determine if halogen species
(i.e., CI', Br, as well as molecular halogens, i.e., Clz, Brz) could be detected in the plasma phase
during treatment of halide-containing solutions. In addition to their possible generation at the
interface of the plasma and liquid in our reactor,>® we also noticed evidence that halide-containing

aerosols — which may allow heterogeneous oxidation of halides by *OH at their interface316-318
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were generated in our system during plasma treatment. Specifically, we noted salt deposition on
the electrode after plasma treatment, which we determined to be primarily composed of sodium
chloride (Figures S4.16,4.17) likely transferred to the electrode by aerosols generated during
plasma exposure.>® Using low-resolution OES, we also observed a large sodium (Na) peak above
solutions containing either halides (i.e., 1 M CI-, 10 mM Br-) or 1 M ClO4-, suggesting that salts
in solutions may generate plasma species (Figure S4.14). However, no halogen species were
detected in the plasma regardless of the presence of halides (Figure 4.2, Table S4.6), suggesting
either that these species were present below their LOD (which could not be quantified for OES) or

that halogen oxidants were primarily confined to the liquid phase of the reactor.
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Figure 4.2. High-resolution OES spectra at selected wavelengths from 278 to 732 nm in plasma
over either MilliQ water or solutions containing salts. Solutions containing salts also contained 10

mM phosphate buffer (pH 7) and 50 UM each benzoate and para-hydroxybenzoate. The black
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solid lines indicate wavelengths where oxygen, nitrogen, and argon species were identified. The
orange and red dashed lines indicate wavelengths where halogen radicals and molecular halogens

were previously reported (Table S4.6)303:304 byt not identified in this study.

4.4.3 Effects of brine constituents on organic contaminant degradation

We expanded our experiments to include four organic contaminants selected due to their
reported bimolecular rate constants toward hypohalous acids, which span orders of magnitude
(Table S4.3).7:285.287.289 | n the ionic strength control, all contaminants degraded at rates comparable
to the probe compounds (Figure 4.3a), in agreement with their similar bimolecular rate constants
toward species generated by plasma in the absence of halides (e.g., “OH, e;,, Table $4.3).30-
309,319-322 The addition of halides selectively accelerated the degradation of two contaminants (i.e.,
sulfamethoxazole, anthranilate) to extents similar to or greater than para-hydroxybenzoate (Figure
4.3a); like para-hydroxybenzoate, the accelerated degradation of these contaminants (e.g.,
anthranilate) also followed zero-order kinetics (Figure S4.18). The acceleration of degradation
rates of the compounds upon halide addition correlated with their reactivity towards hypohalous
acids, which occurred at measurable concentrations (i.e., 35+5 uM after 30 min of exposure to
plasma, Figure S4.19). Specifically, the bimolecular rate constants for the reactions of five of the
six compounds with HOCI (available for all compounds, Table S4.3,728% which typically trend
with rate constants with HOBI)287 correlate with greater degradation rates (Figure 4.3a). The
bimolecular rate constants involving HOBr, which have only been reported for three of these
compounds (Table S4.3),287282 may explain the one exception: acetaminophen, which did not
undergo faster degradation upon halide addition despite reacting with HOCI with a rate constant

comparable to para-hydroxybenzoate,’ 28 reacts more slowly with HOBr (Table S4.3).287.289
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We next evaluated the impact of additional constituents reported to occur in brines (Table
S4,2)167,227,231,233,234,254258-283 oy the degradation of these compounds in the presence of halides,
beginning with two species — SO42~ and NO3z~ — not expected to affect our proposed pathway.
Neither SO4*~ nor NOs~scavenges ‘OH (Table S4.4);292:29% though NOs" reacts with e;, (Table

S$4.4),2% e is not invoked in the radical-mediated generation of hypohalous acids. Consistent

with our expectation, both degradation rates of organic compounds (Figure 3a) and hypohalous
acid concentrations (Figure S4.19) were comparable in the presence of these anions at their
median concentrations reported in brines (i.e., 0.25 M S04, 0.08 M NOz-, Table
542).167,227,231,233,234,254,258—283

Among the four contaminants, we selected one exhibiting accelerated degradation in the
presence of halides and one not (sulfamethoxazole and acetaminophen, respectively) for additional
experiments involving brine constituents expected to impact our pathway, beginning with
carbonates. Carbonates (i.e., bicarbonate, HCOs~; carbonate, CO3?") react with both *OH and
halogen radicals to produce carbonate radicals (CO3"~, Table S4.4).209.2%0.291.294 CO3* reacts rapidly

H H i — 9 -1.-1 —
with both contaminants (i.e., kacetaminophen,co;™ = 1.9 X 10° M™7s™%, Kgitame thoxazole,co3~ =

4.4 x 108 M~1s71).323 However, the scavenging of halogen radicals by carbonates64 is expected
to reduce the formation of hypohalous acids, which thereby suppresses resultant contaminant
degradation. In the presence of halides without carbonates, the degradation rates of both
acetaminophen and sulfamethoxazole were 2-fold higher when isolated as a pair of compounds
(Figure 4.3b) than when present with the four other compounds (Figure 4.3a); this increase is
attributable to the reduced competition for reactive species that also lead to 1.5-fold higher
hypohalous acid concentration (i.e., 51+2 after 30 min, Figure S4.20). While the addition of

carbonates did not alter the degradation rate of acetaminophen, the degradation rate of
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sulfamethoxazole was reduced by 6-fold when carbonates were added at 0.16 M (Figure 4.3b).
The addition of carbonates also reduced the formation of hypohalous acids; their measured
concentration decreased to 1.5+0.5 uM aftersolution exposure to plasma for30 min in the presence
of 0.16 M carbonates (Figure S4.20).

Organic matter is another brine constituent expected to inhibit our proposed pathway due
to its known reactions with bothradicals (e.g., "OH, Table S4.4)167.2% and hypohalousacids (Table
S4.4).255 The addition of organic matter (i.e., Aldrich humic acid, AHA; Suwannee River natural
organic matter, SRNOM) to halide-containing solutions did not impact the degradation of
acetaminophen, but decreased the degradation rate of sulfamethoxazole (Figure 4.3c). Relative to
UV/oxidant AOPs, a higher concentration of organic matter was required to suppress contaminant
degradation to a comparable extent during plasma treatment. For example, while the addition of
organic matter at 100 mg-C/L only decreased the degradation rate of sulfamethoxazole by 19-40%
during plasma treatment (Figure 4.3c), the addition of organic matter at a lower concentration
(i.e., 36 mg-C/L) to saline waters decreased pharmaceutical degradation by 60-90% during

treatment by UV/oxidant AOPs.167
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Figure 4.3. Degradation rates of selected compounds during plasma treatment of solutions with
additional brine constituents. All solutions contained 10 mM phosphate buffer (pH 7) and had
ionic strength adjusted to 2.0 M by ClO4~. (a) Degradation rates of benzoate, salicylate,
acetaminophen, para-hydroxybenzoate, sulfamethoxazole, and anthranilate (each initially present
at 50 uM) in the presence of salts. The concentrations of Cl-, Br-, SO42-, and NO3-, when present,
were 1 M, 10 mM, 0.25 M, and 0.08 M, respectively. (b-c) Degradation rates of acetaminophen
and sulfamethoxazole (each initially present at 50 uM) in the presence of (b) carbonates or (c)
organic matter (i.e., Aldrich humic acid, AHA; Suwannee River natural organic matter, SRNOM).
All solutions in (b-c) initially contained CI-, Br-, SO42-, and NOs~ at concentrations used in (a).
The data in (b) and (c) for the degradation rates of acetaminophen and sulfamethoxazole in the
absence of competitors were obtained from the same experiments. Errors on degradation rates

represent the standard errors of the slopes obtained from linear regression.
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4.4.4 Environmental implications

In this work, we demonstrated that Br-, despite only occurring in low amounts relative to
CI- in brines, plays a crucial role during plasma treatment of halide-containing solutions. Our
finding is consistent with prior work demonstrating that the generation of halogen radicals via
halide oxidation by "OH requires Br- to be present along with CI- (eq 3).2 The dependency of
halogen radical formation on the presence of Br- may be harnessed in future applications to
distinguish hypohalous acid formation via halogen radicals from their formation mediated by O,
which was reported to require only CI-(eq 1),2°9-252 in plasma reactors wherein both pathways are
feasible. In these applications, the potential for trace Br- occurring in CI- reagents to enable
halogen radical formation must be considered, as previously demonstrated for UV/oxidant
AOPs.164.165 Fyrthermore, the unique role of Br- must be accounted for when translating prior
studies on plasma treatment in Cl--only solutions237:247-249 to more complex chemistries occurring
in brines, as well as other halide-containing solutions (i.e., blood serum)324 exposed to plasma.32°

Whereas the degradation of organic compounds in halide-containing solutions during
UV/oxidant AOP treatment is typically attributable to their reactions with halogen
radicals,164.165310 gur results suggest that organic compounds in our system are primarily degraded
due to reactions with hypohalous acids, which are generated by the recombination of halogen
radicals. A possible cause for this difference is that the generation of radical species during plasma
treatment primarily occurs at the plasma-water interface,>® potentially leading to localized regions
of high radical concentrations that accelerates the recombination reactions. Beyond determining
the kinetics of compound degradation, the formation of hypohalous acids during plasma treatment
is relevant if applications of plasma for disinfection326-328 gre expanded to systems wherein halides

are present. In addition, the formation of hypohalous acids potentially leads to the generation of
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halogenated byproducts,'®32° though these byproducts may also undergo dehalogenation by
reductive species?23-225 generated by plasma.

By elucidating the distinct roles of both radicals and hypohalous acids in organic
contaminant degradation during plasma treatment of halide-containing waters, our work also
informs more accurate consideration of the impact of other brine constituents on these reactions.
Only constituents with known reactions with radicals and/or hypohalous acids (i.e., carbonates,
organic matter, as opposed to SO4?~ and NO3~) suppressed contaminant degradation. The ability
of carbonates to prevent hypohalous acid formation by scavenging halogen radicals!®4 appeared to
dominate over the potential for CO3™ to itself contribute to contaminant degradation,3233%0
resulting in slower degradation rates. Hypohalous acids formed during plasma treatment may also
be less susceptible to scavenging by organic matter than radicals (Table S4),167:255.2% contributing
to smaller reductions in contaminant degradation than reported in UV/oxidant AOPs.167

Our results also impact approaches that enable plasma systems to be compared to other
technologies for brine treatment. A typical basis for comparison is energy consumption, which has
been quantified as the electrical energy required per order of magnitude compound degradation
(Eeo) using pseudo-first-order rate constants.33! In the presence of ClO4-, we calculated the Eeo of
probe compounds based on their pseudo-first-order degradation rate constants (Figure 1a). Using
the total power output (i.e., 15 W) and the solution volume (i.e., 0.05 L), the Eeo for probe
compounds ranged from 950-1,070 kWh/m? per order, which was within the same order of
magnitude as previously reported Eeo for pharmaceutical degradation during plasma treatment.23
However, our results demonstrate that this approach is unsuitable as a basis to compare plasma

technologies for brine treatment due to the impact of halides on reaction order. Instead, energy
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cost calculations for brine treatment by plasma must account for complexities arising from the

non-steady-state concentrations of hypohalous acids generated during plasma exposure.

4.5 Supporting information

4.5.1 Quantification of organic compounds.

The concentrations of two probe compounds (i.e., benzoate, para-hydroxybenzoate) were
quantified on an Agilent 1260 Infinity 11 High Pressure Liquid Chromatography — UV (HPLC-
UV) equipped with an Agilent Eclipse Plus C18 column (3.0 mm x 150 mm, 3.5 pum). The flow
rate was 0.5 mL/min and the injection volume was 10 pL. An isocratic mobile phase was used
with 80% aqueous phase (10 mM phosphoric acid, pH 2) and 20% organic phase
(acetonitrile/water, 99/1 v/v). In other experiments, the concentrations of two probe compounds
together with other four contaminants (i.e., salicylate, acetaminophen, sulfamethoxazole,
anthranilate) were quantified using the same HPLC-UV setup except for the mobile phase, which
was isocratic with 85% formic acid/water (0.1/99.9 v/v) and 15% acetonitrile/water (99/1 v/v).
The retention times, UV wavelengths, and values of the limit of detection (LOD) of organic

compounds were reported in Table S4.5.

4.5.2 Calculation of the apparent bimolecular rate constant between para-

hydroxybenzoate and hypochlorous acid at pH 7.

The bimolecular rate constants of substituted phenols toward hypochlorous acid (i.e.,
HOCI) rely on the reactivity of their phenoxide ions (i.e., ArO-), which are 5-orders of magnitude
greater than the reactivity of substituted phenols (i.e., ArOH) toward hypochlorous acid.” Using
the Hammett-type model described previously,” a prior study obtained the bimolecular rate

constant for the reaction between the phenoxide ion of para-hydroxybenzoate and hypochlorous
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acid (i.e., k = 3.5 x 103 M~1s71).285 Then, accounting for the fractions of hypochlorous acid
(goc1» PKa 7.57) and the phenoxide ion of para-hydroxybenzoate (a, .-, pKa 9.328%), the previous
study calculated an apparent bimolecular rate constant k,,,(HOCl) = kaygc Qaro- =
27 M~1s~1at pH 7.5.285 Using the same method, we calculated the apparent bimolecular rate
constant between para-hydroxybenzoate and hypochlorous acid at pH 7 to be k,,,(HOCI) =

— -1.-1
kayoc 0aro- = 13 M70s77.

4.5.3 Supplementary tables

Table S4.1 Chemicals used in this chapter.

Vendor Chemical Use

Millipore-Sigma ascorbic acid (ACS grade) (>99.5%) quencher
sulfuric acid (95%-98%) pH adjustment
sodium chloride (99.999%) brine constituent
sodium perchlorate (99+%) ionic strength

control

sodium nitrate (99.0%) brine constituent
sodium sulfate (99.0%) brine constituent
sodium bicarbonate (=99.7%) brine constituent
Aldrich Humic Acid brine constituent
para-hydroxybenzoic acid (=99%) analyte
anthranilic acid (=99.0%) analyte
acetaminophen (=99.0%) analyte
acetonitrile (HPLC grade) eluent
sulfuric acid (98%) pH adjustment
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Fisher

sodium chloride (=99.0%, <0.007 mol
percent bromide)

brine constituent

monobasic sodium phosphate (100%)

buffer

dibasic sodium phosphate (100%)

buffer

sodium hydroxide (98.7%)

pH adjustment

sodium hypochlorite (5-6%)

oxidant

isopropanol (LC-MS grade)

scavenger

0.1% formic acid (LC-MS grade)

eluent preparation

TCI America sulfamethoxazole (>98.0%) analyte
salicylic acid (>99.5%) analyte
Alfa Aesar N,N-diethyl-p-phenylenediamine sulfate, 97% residual oxidant

analysis

Acros Organics

sodium bromide (99.5%)

brine constituent

benzoic acid (99.5%)

analyte

International Humic
Substances Society

Suwannee River natural organic matter

brine constituent

Linde Gas &
Equipment Inc.

argon (99.999%, <2 ppmy oxygen, <3 ppmy
water, <0.5 ppmy total hydrocarbon)

feed gas of the
plasma system

McCormick

Food-grade green food color

dye experiments
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Table S4.2. Characteristics of brines in literature, including ions (i.e., calcium, Ca?*; magnesium, Mg?*; sodium, Na*; chloride, CI;
sulfate, SO42~; nitrate, NOs~; carbonates, HCOs~, CO3?-), pH, and total organic carbon (TOC).

reference treatment goal source brine Ca?* Mg?* Na* Cl- SO, NO; carbonates® pH TOC
(L) (@L) (@L) (@@L (L) (L) (g/L) (mg-
CIL)
Anion exchange (1X)
Anetal. 20052®  Asremoval  simulated IX in - - - 24 0.6 - 0.3 - -
laboratory
Anetal. 201128 Asremoval  simulated IX in - - 24 36 0.6 - 0.3 - -
laboratory
Arias-Paic and Crremoval  drinking water - - 23 15 35 0.7 2.9 9.2 -
Korak 202028 treatment plant
Bergquistetal. NO;z removal drinking water 0.011 0.003 45 70 1.8 6.5 1.2 - -
2016283 treatment plant
Cliffordand Liu NO5; removal simulated IX in - - - 8.4- 1.7- 2.7- 5.8-9.1 8.0- -
199328 laboratory 112 2.1 3.7 9.2
Haddad et al. Recover NaCl drinking water - - 354 54.6 1 - - - 1000
20192%° and DOC treatment plant
Haddad et al. Recover NaCl drinking water - - 32 - 1 - - - 1000
20271260 and DOC treatment plant
Hiremath et ClO, removal drinking water 0.022 0.003 - - 1.8 1.6 - 5-10 -
al.20062¢1 treatment plant
- 0.004 21 32 2.8 2 11 - -
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Homan et al. Crremoval  drinking water - - 44 49 279 0.7 1.2 - -
201822 treatment plant
- - 29 37 113 15 1.9 - -
- - 41 46 180 3.1 2.6 - -
- - 41 45 18.3 4.7 3.9 - -
- - 23 5 0.2 0.7 54.1 - -
Hutchison and  NOjz removal drinking water 0.512 0.367 46 75 2.4 9.4 - 7.0
Zilles 2018283 treatment plant
Korak et al. Crremoval  drinking water - - 41 50 16.3 2.3 2.9 8.3 -
2018264 treatment plant
- - 39 39 134 A7 4.0 8.7 -
- - 37 50 9.1 1.8 2.0 8.9 -
Leong et al. DOC removal drinking water 0.26 0.047 346 502 5.1 - - 7.3 5418
2015265 treatment plant
Liu et al. ClO, removal drinking water - - - 32 4.7 2.4 4.3 7.4 -
20713266 treatment plant
McAdam and NO; removal drinking water 0.039 - 19 12 2.6 2.1 0.1 6.8 -
Judd 20082%7 treatment plant
0.171 - 42 51 4.4 8.8 0.43 7.4 -
Pakzadeh and As removal  drinking water - - 16-27  24-  4.8- - - - -
Batista 201128 treatment plant 73 48
Plummer et al. Crremoval  drinking water - - - 49 18 - - - -
20182 treatment plant
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Schaeferetal.  PFASremoval synthetic brine - - 0.8- 1.2- - - - - -
202027 19.6 30
Singh et al. PFAS removal simulated I1X in - - 7.8 12 - - - - -
2020%%7 laboratory
Vaudevire etal. COD removal simulated IX in 0.025 - 15 13 7.5 0.3 7.1 - 540
20197t laboratory
Yang et al. NO; removal drinking water 0.027 0.021 17 25 6 1.7 - 7.8 24
201327 treatment plant
Reverse Osmosis (RO)
Hajbi et al. desalination  drinking water 2 0.8 51 14.2 - - - 7.2 -
2010773
Jietal. 2010?"*  desalination  simulated RO 0.625 2.02 15 288 3.1 - 0.2 - 2.1
process of
synthetic brackish
water
Justo et al. NA wastewater 0.477 0.145 1.065 1540 0.569 0.084 - 8.3 27.6
20132% treatment plant
Lior and Kim desalination RO plant 0.17-1.2 0.31- 1.9-25 2.9- - - 0.12-0.66 6.4- -
2018275 discharge 2.9 44 7.8
Maetal. 2020?° NO; removal simulated RO of 0.525 0.39 1.8 3.1 04  0.07 2 - -

synthetic brackish

water
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Opong et al. gold mining  cleaning waste 0.9 15 2.5 0.26 12 - - 7.4- -
2022276 7.7
Walker et al. desalination  brackish 1.03 0.515 0.88 3 0.9 0.08 1.0 - -
2014777 groundwater RO
desalination  brackish 0.612 0.326 3.9 4.4 4.0 - 1.4 - -

groundwater RO
Yang et al. wastewater  wastewater RO - - - 1.160 1.766 0.009 - 8.3 68.2
20167 recycling

- - - 2.015 1.437 0.341 - 8.4 50.6
Other

Eeso 2022278 NA landfill leachate - - - <30 - - - - <5000
Jose and Philip NA pharmaceutical 0.760 - 27 41  0.67 - - 3.3 9300
2021% waste brine
Sun et al. NA hydraulic - - - 23 - - - 6.93  26.7
20132% fracturing

flowback

hydraulic - - - 110 - - - 474 16.9

fracturing

produced water
Singh et al. NA landfill leachate - - - - - - - - 2000
2021234
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summary Ca?* Mg?* Na* Cl- SO, NO; carbonates® pH TOC

(9/L)
(L) (L) (L) (gL) (L) (9L) (mg-
CIL)

0.01-2 0.003- 1-45 0.26- 0.6- 0.1-10 0.1-54 3.3- 0-9300
2.9 73 48 10

Ca?* Mg?* Na* Cl- SO, NO; carbonates pH TOC

(M) (M) M ™M ™M M (M) (mg-
CIL)
0.0025- 0.001 0.04-2 0.007 0.01- 0.001 0.0016-0.9 3.3- 0-9300
0.05 3- -2 0.5 6-0.16 10
0.121
selected in this study® 0¢ 0¢ 158- 1.0 0.25 0.08 0.0016- 7 10-1000
1.74 0.16

Arsenic (As), chromium (Cr), nitrate (NO3"), perchlorate (ClO47), sodium chloride (NacCl), dissolved organic carbon (DOC), per-
and polyfluoroalkyl substances (PFAS), chemical oxidation demand (COD).

. The concentration of carbonates was shown as (g HCO3")/L.

Bromide (Br-) concentrations were reported in a small number of studies (i.e., 0.12 mM in Justo et al. 2013,2°4 0.03-0.04 mM in
Yang et al. 2016,167 3-20 mM in Sun et al. 2013233). Using the CI- concentrations from the same studies, the Br- concentrations
corresponded to mol percent of 0.1-1 relative to ClI-.

. While Ca?*and Mg?* are present in some brines, the inclusion of these cations leads to the precipitation of solids with some
anions (i.e., SO42-, carbonates).299-301 Given our focus on examining the impact of carbonates as competitors for radicals on
organic compound degradation, we excluded Ca?* and Mg?* in our solutions containing brine constituents.
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Table S4.3. Selected organic compounds and their bimolecular rate constants toward hydroxyl

radical ("OH), hydrated electron (e, ), halogen radicals (Cl"-, Br*, Br2"~), HOCI, and hypobromous

acid (HOBY).

compound bimolecular rate constant (M*s™)

K(OH)*  k(eg)" k(Cl")® k(Br® k(Brz")® k(HoClI)f k(HOBr)?
benzoate 6x10°  3.6x10° 2x10° 6.1(+0.1)x10° 1x10° negligible NA"
salicylate 1.2x10%  1x10%  2.1(+0.2)x10° 5.9(+0.8)x10° 1.6(+0.2)x10’ 0.1 NA"

(pH7.2)

acetaminophen 9.8x10° 2.5x10°  4.3(+0.4)x10° 1.3(+0.3)x10™° 4.7(+0.5)x10" 13 570

(pH 8)
para- 6.0x10°  2x10° 2.8x10° NA" 2.3x10° 27 5.2x10*
hydroxybenzoate (pH 7.5)
sulfamethoxazole 5.5x10° 8.5x10°  4.7(x0.4)x10°  1.44(0.03)x10™° 1.68(x0.09)x10° 1.8x10°  1.6(+0.3)x10°

(pH 8)
anthranilate 1.1x10%°  1.9x10° 1.1x10° NA" NA" >3x10° NA"

References: Ashton et al. 1995,%” Amphlettet al. 1968,%*° Bisby and Tabassum 1988,%2° Anderson et al. 1987,%%® Mezyk et al.
2007,%2! Prutz and Land 1974.%22

References: Anbar et al. 1967,%°° Amphlett et al. 1968,%° Bisby and Tabassum 1988,%%° Anderson et al. 1987,3°® Mezyk et al.
2007,%" Prutz and Land 1974.%%

References: Hasegawa and Neta 1978;*" Lei et al. 2019.%%® Instead of the rate constant for anthranilate (2-aminobenzoate), which
was unavailable from literature, we substituted the rate constant for its isomer 4-aminobenzoate.*! Substituents at the ortho- and
para- positions have been previously shown to result in similar reactivity of phenols toward halogen oxidants.”

References: Lei et al. 2021.%%

Reference: Lei et al. 2021;%¢ Kemsley et al. 1974.1%

k(HOCI) represents the apparent bimolecular rate constant between HOCI (pK, 7.5)" and organic contaminants at pH 7 unless
otherwise noted. Except for para-hydroxybenzoate, all apparent bimolecular rate constants were from Deborde and Von Gunten
2008.” The k(HOCI) for para-hydroxybenzoate at pH 7.5 was obtained from Jiang et al. 2020.%% Additional calculation based on
this value was applied to estimate k(HOCI) for para-hydroxybenzoate at pH 7 (Text S2), which was used in eq 5.

k(HOB) represents the apparent bimolecular rate constant between HOBr (pK,8.7)?%" at pH 7 unless otherwise noted. References:
Heeb et al. 2014;%7 Barazesh et al. 2016.2%

NA: not available from literature.

Table S4.4. Known reactions of brine constituents with reactive species of interest.

reaction rate constant (M-1s1) reference
‘OH + S04> — product negligible Jiang et al. 1992292
‘OH + NO3~ — product negligible Katsumura et al. 1991293
'OH + HCO3~ — COs3™ + H20 8.5x106 Buxton et al. 19862°4
‘OH + CO3%” — CO3" + OH~- 3.9x108 Buxton et al. 1988209
*OH + organic matter — products 1.60+(0.24)x1082 Westerhoff et al. 20072°°
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*OH + organic matter — products

2.23x108b

Westerhoff et al. 200729

*OH + organic matter — products 4.0x108¢ Yang et al. 2016167
€aq * NO3s~ — NO2- 9.2x10° Chen et al. 19942%
€aq + S04%~ — products <1x106 Thomas et al. 19642°7
€.q + CO32~ — products 3.9x10° Nash et al. 198129
Cl'+HCOs~ — CI +CO3z" + H* 2.2x108 Mertens and von
Sonntag?90
Cl'+ COs?~ — CI-+ CO3™ 5x108 Mertens and von
Sonntag?°9°
Br- + CO3> — 2Br + CO3z™ 1.1x10° Huie et al. 1991291
HOCI + organic matter — 50-500¢ Westerhoff et al. 2004255
products
0.7-5°
HOBr + organic matter — 500-5000f Westerhoff et al. 2004255
products
15-1679

a. Suwannee River fulvic acid, unit: (mol-C/L) s,

b. Average of seven dissolved organic matter isolates fractioned from surface water, unit:

(mol-C/L) s,

c. Effluent organic matter isolated from RO brine, unit: (mol-C/L)1s1. The bimolecular rate
constant was converted from the reported value 3.3x10% (mg-C/L)!s1 in literature,16”

assuming 12 g-C/mol-C.

d. Organic matter isolates from surface water, pH 5-11, unit: (mol-C/L) !s'1. The rate constant
was obtained based on the degradation of organic matter by HOCI for 1-5 min.

e. Organic matter isolates from surface water, pH 5-11, unit: (mol-C/L)-!s1. The rate constant
was obtained based on the degradation of organic matter by HOCI for 60 min.

f. Organic matter isolates from surface water, pH 5-11, unit: (mol-C/L)1s™t. The rate constant
was obtained based on the degradation of organic matter by HOBr for <15 s.
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g. Organic matter isolates from surface water, pH 5-11, unit: (mol-C/L)-!s1. The rate constant
was obtained based on the degradation of organic matter by HOBr for 120 s.

Table S4.5. Retention times, UV wavelengths of detection, and values of limit of detection (LOD)

of organic compounds measured on HPLC.

compound retention time (min) UV wavelength (nm) LOD (uM)

two probe compound quantification

mobile phase: 80% 10 mM phosphoric acid (pH 2), 20% acetonitrile/water (99/1 v/v)

para-hydroxybenzoate 3.1 255 12

benzoate 12.0 227 1a

six organic compound quantification

mobile phase: 85% formic acid/water (99.9/0.1 v/v), 15% acetonitrile/water (99/1 v/v)

acetaminophen 3.1 275 12
para-hydroxybenzoate 4.0 275 12
anthranilate 11.2 227 12
benzoate 24.2 227 1
sulfamethoxazole 26.5 275 12
salicylate 29.5 227 2

a. These values are the concentrations of the lowest standard analyzed, which are higher than
the calculated values of LOD based on standard curves.

Table S4.6. Emission wavelengths for species in the analysis of optical mission spectrometry

(OES) spectra.
species? wavelength (nm)°P OES instrument result
‘OH 306.4 low-resolution identified

306.4, 309.2, 612.8°¢ high-resolution identified
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0] 700.2 low-resolution not detected
high-resolution identified
N2 315.9, 337.1 low-resolution identified
293.6, 297.7, 441.7, high-resolution identified
449.0, 575.5, 595.9,
601.4, 607.0, 631.89,
662.4
Na 589.0 low-resolution identified
- high-resolution not attempted
Ar 696.5, 706.7, 738.4, low-resolution identified
750.4, 763.5, 772.3,
794.8, 800.6, 801.5,
810.4, 811.5, 840.8,
842.6, 852.1,912.3
560.7, 568.2, 696.5 high-resolution identified
H 656.3 low-resolution identified
high-resolution identified
cr 837 low-resolution not detected
443.8, 725.7 high-resolution not detected
Br 827 low-resolution not detected
4425, 444.2, 447.3, high-resolution not detected
449.0, 451.3, 452.6,
612.2, 614.9, 633.6,
635.1, 641.0, 654.5,
656.0, 658.2, 663.2,
668.2, 669.2, 700.5
Clx 281.9, 288.1, 295.7 low-resolution not detected

high-resolution

not detected
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Br; 558.6, 564.4, 570.0, low-resolution not detected
575.8, 594.6, 600.5,
602.8, 607.5, 608.3,
614.5, 633.3, 637.2,
639.3, 652.0,
654.1,657.9, 664.6

high-resolution not detected

a. Hydroxyl radical ("OH), oxygen atom (O), nitrogen (N2), sodium (Na), argon (Ar),
hydrogen (H), halogen radicals (CI°, Br*), molecular halogens (Clz, Br»).

b. References: Pearse and Gaydon 1941,30% National Institute of Standards and
Technology (NIST) Atomic Spectra Database,%4 Hong et al. 2012,3%5 Zhang et al.
2016.306

c. Second-order peak for “OH at 306.4 nm.

d. Second-order peak for N2 at 315.9 nm.

4.5.3 Supplementary figures

pump

li ter out «
cooling water ou aliquot port

cooling water in -7

optical window

glass chamber (custom feature)

I],

ice bath

grounded ring

Figure S4.1. Plasma reactor setup. The optical window (quartz) is a custom feature of a vessel modified
from the original reactor design, which was made in Department of Chemistry at Washington University in
St. Louis. The vessel without modification was used in all experiments except for the OES analysis, where

the modified vessel with an optical window was used.
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Figure S4.2.Volume of watersolutions before and after plasma treatment for 30 min. All solutions
were initially 50 mL, containing 1 M CI-, 10 mM Br-, and 10 mM phosphate buffer (pH 7). This
experiment was performed separately from chemical analysis to avoid the removal of sample

volumes as specified in the method section in the manuscript. Errors represent the range of

measurements from duplicate experiments.

Figure S4.3. Mixing of a dye during plasma treatment. The solution contained 1 M 99.0% CI-, 10
mM Br-, and 10 mM phosphate buffer (pH 7). Images were taken for (a) before adding the dye,
(b) the moment added in 10 pL dye, (c) after plasma treatment for 1 min, and (d) after plasma
treatment for 2 min. Images in (c-d) were taken after turning off plasma and removing the ice bath.

The bubbles in (c-d) were typically observed in our experiments when plasma operates.
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Figure S4.4. Measured conductivity of solutions containing salts. All solutions initially contained
10 mM phosphate buffer (pH 7), 50 UM each benzoate and para-hydroxybenzoate, and ClO4~ or
halides (i.e., CI-, purity: 99.0%, with 1 mol percent added Br-). Errors represent the range of

measurements from duplicate experiments.
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Figure S4.5. Degradation of benzoate and para-hydroxybenzoate at (a) 760 Torr and (b) 100 Torr
after plasma treatment for 30 min. All solutions initially contained 10 mM phosphate buffer (pH
7), 50 uM each benzoate and para-hydroxybenzoate, and 1 M ClO4 or 1 M CI together with 10

mM Br-. Errors represent the range of measurements from duplicate experiments.
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Figure S4.6. Standard curves of HOCland HOBr measured by the N,N-diethyl-phenylenediamine

(DPD) colorimetric method.3%2 Asisnm represents the absorbance at 515 nm.
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Figure S4.7. Pseudo-first-order degradation of benzoate and para-hydroxybenzoate in MilliQ
water. All solutions initially contained 10 mM phosphate buffer (pH 7) and 50 puM each benzoate

and para-hydroxybenzoate. Errors represent the range of measurements from duplicate

experiments.
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Figure S4.8. Residual for the degradation rates of benzoate and para-hydroxybenzoate during
plasma treatment. Residuals were calculated by subtracting the calculated concentrations
(predicted by zero-order degradation rate or pseudo-first-order rate constant values obtained from
datain Figure 4.1a,c) from the measured concentrations of benzoate and para-hydroxybenzoate.
All solutions initially contain 10 mM phosphate buffer (pH 7), 50 uM each benzoate and para-
hydroxybenzoate, and (a,b) 1M CIO4 or (c,d) 1M CI" and 10 mM Br . The analysis of benzoate
in (c,d) was excluded due to <20% degradation during plasma treatment for 30 min in the presence

of halides.
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Figure S4.9. The multiplication product of the concentrations of total hypohalous acids and para-
hydroxybenzoate (i.e., [HOX],..[C]). [HOX],, represents the measured total concentration of
hypohalous acids (Figure 4.1d, condition: with probe compounds) and [C] represents the
concentrations of para-hydroxybenzoate (Figure 4.1c, condition: with halides). The slope of the
fitted line (i.e., 0£2 pM2/min) was not significantly different from zero (p=0.89). Errors represent

the range of measurements from duplicate experiments.
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Figure S4.10. The observed and calculated degradation rates of para-hydroxybenzoate. The
observed degradation rate was 1.36+0.07 uM/min (Figure 4.1c). The calculated degradation rate
at each time point was based on —d[C]/dt = [k¢yocifaoct T Kenosr (1 — froc) IIHOX] 0 [C]
(eq 5 in the manuscript) when assuming the fraction of hypohalous acids present as HOCI (i.e.,
froc) was 1 or 0. k¢ yoc; and k¢ 05, epresent the apparent bimolecular rate constant between
para-hydroxybenzoate and HOCI (i.e., 13 M~1s~1, pH 7, calculated based on a rate constant at a
different pH28% as described in Text S4.2) or HOBr (i.e., k¢ o5, = 5.2 x 10* M~'s™1, pH 7);%7
[HOX],,. represents the measured total concentration of hypohalous acids (Figure 4.1d,
condition: with probe compounds); [C] represents the concentration of para-hydroxybenzoate
(Figure 4.1c, condition: with halides); Errors represent the range of measurements from duplicate

experiments.
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Figure S4.11. Effect of isopropanol on the degradation of benzoate and para-hydroxybenzoate by
direct addition of HOCI. The experimental time was 30 min. All solutions initially contained 10
mM phosphate buffer (pH 7), 50 UM each benzoate and para-hydroxybenzoate, 1 M Cl-, 10 mM
Br-, 50 uM HOCI, and isopropanol at the indicated concentration. Errors represent the range of

measurements from duplicate experiments.
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Figure S4.12. Effects of halides and isopropanol on the measured concentration of hypohalous
acids ([HOX]wt) after the exposure of solutions to plasma for 30 min. All solutions initially
contained 10 mM phosphate buffer (pH 7), 50 UM each benzoate and para-hydroxybenzoate, salts,
and isopropanol at indicated concentrations. Results in the presence of 1 M ClO4 or 1 M CI-and
10 mM Br-are reproduced from Figure 4.1e. Asterisks (*) represent below the LOD of hypohalous
acids (i.e., [HOX],,.=0.8 puM). Errors represent the range of measurements from duplicate

experiments.
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Figure S4.13. Measured concentrations of hypohalous acids ([HOX]wt) after the exposure of
solutions to plasma for 30 min. All solutions initially containing 10 mM phosphate buffer (pH 7),
50 uM each benzoate and para-hydroxybenzoate, and ClO4 or halides (i.e., CI-, purity: 99.0%,
with 1 mol percent added Br-); results collected with 1 M salt are reproduced from Figure 4.1e.

Errors represent the range of measurements from duplicate experiments.
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Figure S4.14. Low-resolution OES spectrum (200-1100 nm) of plasma over solutions containing
1 M ClO4 or 1 M CI- and 10 mM Br-. All solutions contain 10 mM phosphate buffer (pH 7) and

50 uM each benzoate and para-hydroxybenzoate.
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Figure S4.15. High-resolution OES spectra (299-313 nm) of plasma over MilliQ wateror solutions
containing salts using the high-resolution OES spectrometer. Solutions containing salts also
contained 10 mM phosphate buffer (pH 7) and 50 uM each benzoate and para-hydroxybenzoate.

*OH was identified at 306.4 and 309.2 nm.303.305
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‘ spectrum 3

10pm
Figure S4.16. Scanning electron microscopy (SEM) analysis of salt deposition on the electrode
after plasma treatment. (a) Electrode before plasma treatment. (b) Electrode after plasma treatment
for 1 h. The treated solution initially contained 10 mM phosphate buffer (pH 7), 50 uM each
benzoate and para-hydroxybenzoate, 1 M 99.0% CI-, and 10 mM Br-. (¢) The SEM image of
deposited salts, which was obtained by a Thermofisher Quattro S environmental scanning electron
microscope under a high vacuum mode (0.001 Pa), with a 10 mm working distance. The electron
source was a Schottky field emission gun operated at 10kV. The selected areas overlaid on the

image were used to collect energy-dispersive X-ray spectra shown in Figure S4.17.
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Figure S4.17. Energy-dispersive X-ray spectra for elemental analysis of salt deposit on the
electrode after plasma treatment. Three spectra (a-c) were collected by rastering the electron beam
in the areas marked spectrum 1-3 in Figure S4.16, respectively. The elemental analysis was
conducted on an Oxford AzTec Energy Dispersive X-ray Spectrometer equipped on a

Thermofisher Quattro S Environmental Scanning Electron Microscope.
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Figure S4.18. Analysis of the degradation kinetics of anthranilate in the presence of halides

(Figure 4.3a) assuming zero- or pseudo-first-order kinetics. All experiments initially contained 10

mM phosphate buffer (pH 7), 50 UM each of the six organic compounds (i.e., benzoate,

acetaminophen, salicylate, para-hydroxybenzoate, sulfamethoxazole, anthranilate) and 0.99 M

ClO4~, 1 M CI, and 10 mM Br- (ionic strength 2.0 M). Errors in (a-b) represent the range of

measurements from duplicate experiments.
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Figure S4.19. Concentrations of hypohalous acids produced after plasma treatment of six organic
compounds. Experiments were conducted for 30 min with solutions initially containing 10 mM
phosphate buffer (pH 7), 50 uM each benzoate, salicylate, acetaminophen, para-hydroxybenzoate,
sulfamethoxazole, anthranilate, and indicated salts. The ionic strength of all solutions was adjusted
to 2.0 M by ClO4~. The concentrations of CI-, Br-, SO42-, and NO3-, when present, were 1 M, 10
mM, 0.25 M, and 0.08 M, respectively. The concentrations of hypohalous acids measured under
these two different conditions have no significant difference (p=0.07). Errors represent the range

of measurements from duplicate experiments.
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Figure S4.20. Effects of carbonates on the measured concentration of hypohalous acids after
plasma treatment of acetaminophen and sulfamethoxazole. Experiments were conducted for 30
min with solutions initially containing 10 mM phosphate buffer (pH 7), 50 puM each
acetaminophen and sulfamethoxazole, 1 M 99.0% CI-, 10 mM Br-, 0.25 M SO4%-,0.08 M NOs,
and carbonates at indicated concentrations. The ionic strength of all solutions was adjusted to 2.0

M by ClO4~. Errors represent the range of measurements from duplicate experiments.
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Chapter 5: Conclusions and implications

To advancethe understanding of the role of halogen oxidants in engineered aquatic systems,
this dissertation evaluated the halogenation mechanisms and degradation Kinetics of organic
compounds in both conventional drinking water treatment (Chapter 2) and emerging radical-based
oxidative processes (Chapters 3 and 4). This dissertation overall provides necessary information
for future engineering designs to develop effective strategies that degrade organic compounds
while reducing the hazard posed by halogenated byproducts. Specific conclusions and implications
for each objective are drawn below:

1. Inconventional drinking water treatment (Chapter 2), this work specifically demonstrated that
while permanganate preoxidation tended to decrease the formation of halogenated byproducts
formation from NOM, permanganate preoxidation increased the formation of certain
halogenated byproducts during chlorination and chloramination of AOM. Specifically, this
work demonstrated how permanganate reacted with specific organic moieties (e.g., organic
amines) in AOM to alter the formation potential of certain halogenated byproducts. These
findings need to be considered during the treatment of HAB-impacted water.

2. In hydraulic fracturing fluids (Chapter 3), this work provided the first evidence that, despite
the presence of high organic content that could scavenge radicals, halogenation of specific
organic additives and the subsequent production of halogenated compounds still occur through
a mechanism mediated by halogen radicals. In addition, while previous research on AOPs
focused on the direct reactions between organic compounds and halogen radicals,® the
recombination productsof halogen radicals (i.e., hypohalous acids) are also important oxid ants
that lead to the formation of halogenated byproducts in hydraulic fracturing fluids. These

findings are necessary to evaluate the adverse impact of using radical-based breakers on target
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organic compound degradation and the unintentional formation of toxic halogenated
byproducts in future hydraulic fracturing designs.

3. Inplasma-based water treatment (Chapter 4), this work demonstrated that halides
in brines contributed to the formation of hypohalous acids via a mechanism mediated by
halogen radicals, resulting in the selective degradation of organic compounds. While the effect
of chloride was negligible, bromide particularly contributed to the selective degradation of
organic compounds during plasma treatment. These results indicate that knowledge of halogen
radical formation in conventional AOPs is applicable to plasma-based water treatment. In
addition, rather than halogen radicals themselves, their recombination products (i.e.,
hypohalous acids) had a dominant role in organic compound degradation, which distinguishes
plasma reactors from conventional AOPs. This work contributed to the precise understanding

of the mechanism mediated by halogen radicals during plasma treatment of brines.
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