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the oxidizable phases were extracted using 0.020 M HNO3,30% H20>, and 3.2 M NH4OH
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Metals can enter aquatic systems from natural and anthropogenic processes associated with
weathering, sediment re-suspension, industrial activities, and atmospheric deposition. Metals pose
health and environmental risks at high concentrations due to their potential toxicity and
bioaccumulation, but many trace metals also serve as essential micronutrients for biogeochemical
processes in natural aquatic systems. Biogeochemical processes such as methanogenesis,
denitrification, and mercury methylation require transition metals such as nickel (Ni), cobalt (Co),
copper (Cu), and molybdenum (Mo) for completion. These biogeochemical processes can be
substantial contributors of greenhouse gases, such as methane (CH4) and nitrous oxide (N20), into
the atmosphere. The behavior, mobility, and bioavailability of metals in water systems are
controlled by their interactions with mineral phases and mineral-organic assemblages.
Understanding the reactivity of metals with minerals and organic moieties will not only help in
developing effective removal techniques but will also aid in developing robust fate and transport
models to predict metal mobility in environmental systems. The knowledge of how metals

reactivity affects their bioavailability in environmental systems can be important in improving the
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accuracy of ecosystem models to estimate greenhouse gas emissions from natural landscapes. The
dissertation pursued four main objectives to understand dominant reaction mechanisms controlling
metals mobility in natural and engineered systems: (i) to optimize the reaction conditions for
removing uranium from water systems by using synthesized biosurfactant-coated iron oxide
nanoparticles, (ii) to elucidate the factors governing the fate of trace metals added in dissolved
form to soils and sediments collected from three different natural aquatic systems, (iii) to determine
the role of available Cu in a biogeochemical process in natural aquatic systems, and (iv) to
understand the mobility behavior of trace metals from wetland soils and stream sediments upon

fluctuating redox conditions.

Based on tunable properties, engineered nanoparticles hold significant promise for water
treatment technologies. Motivated by concerns regarding toxicity and non-biodegradability of
some nanoparticles, we explored engineered magnetite (Fe3O4) nanoparticles with a biocompatible
coating. These were prepared with a coating of rhamnolipid, a biosurfactant primarily obtained
from Pseudomonas aeruginosa. By optimizing synthesis and phase transfer conditions, particles
were observed to be monodispersed and stable in water under environmentally relevant pH and
ionic strength values. The rhamnolipid-coated iron oxide nanoparticles (IONPs) showed high
sorption capacities for U(VI) removal under different pH and dissolved inorganic carbon
concentrations. Equilibrium sorption behavior was interpreted using surface complexation
modeling (SCM). Two models (diffuse double layer and non-electrostatic) were evaluated for their
ability to account for U(VI) binding to the carboxyl groups of the rhamnolipid coating as a function
of the pH, total U(VI) loading, and dissolved inorganic carbon concentration. The diffuse double
layer model provided the best simulation of the adsorption data and was sensitive to U(V1) loadings

as it accounted for the change in the surface charge associated with U(V1) adsorption.
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Natural aquatic systems can act as a sink for trace metals through adsorption, precipitation,
and complexation. We conducted batch experiments under anoxic conditions on soils and
sediments collected from three different natural aquatic systems to understand their response to
influxes of dissolved Cu, Ni and Zn. X-ray absorption spectroscopy indicated that the speciation
of the freshly added metals taken up by the solids differs substantially from the speciation of the
metals originally present in unamended samples. Cu speciation was dominated by sulfides at low
loadings (1 umol/g), whereas complexation to thiol groups and formation of metallic Cu governed
speciation at high loadings (10 umol/g). For Ni and Zn, adsorption to mineral surfaces and organic
matter governed their speciation in materials from most sites. Our findings imply that geochemical
processes controlling trace metal speciation may vary considerably with metal loading in different

natural systems.

Laboratory studies of pure cultures have highlighted that the availability of Cu, required
for the multicopper enzyme nitrous oxide reductase, can limit nitrous oxide (N20) reduction during
denitrification. However, in natural aquatic systems, the role of Cu in controlling denitrification
had not been well understood. Our study indicated that natural systems with background Cu
concentrations below or around geological levels (40 - 280 nmol g?') may lack sufficient
bioavailable Cu to carry out the conversion of N2O to nitrogen (N2). By providing Cu at dissolved
concentrations of 10-300 nM, the conversion of N.O to N2 can be enhanced substantially. Our
results indicated that including Cu bioavailability in ecosystem models could improve the accuracy

of estimates of N2O emissions from natural landscapes.

Wetland soils and hyporheic zones of stream beds undergo fluctuating redox conditions
due to microbial activity, varying water saturation levels, and nutrient dynamics. With fluctuating
redox conditions, trace metals can be mobilized or sequestered in response to changes in iron and

XXiV



sulfur speciation and the concentrations and lability of organic carbon. We conducted systematic
studies to examine the effect of redox fluctuations on samples collected from a riparian wetland
and a stream. Water-saturated soils and sediments were incubated under three cycles of anoxic-
oxic conditions (Tanoxic:Toxic = 3) Spanning 24 days to observe the change in dissolved and
bioavailable metal concentrations. We observed that the trace metal dynamics in microcosms with
materials from natural environments under events of redox fluctuations is strongly coupled to
solid-phase speciation of the trace metals and the redox status of the recent past. This study
illustrated that different trace metals display distinct bioavailability patterns during redox

fluctuations in soils and sediments.

The information gained from the research projects improved our understanding of metal
interactions with engineered nanoparticles and soils and sediments from natural aquatic subsurface
systems. We believe that with effective optimization methods, biodegradable engineered materials
can be successfully implemented in water treatment systems for the removal of potent
contaminants using environmentally benign materials. The insights from the studies broadened our
knowledge of the factors controlling trace metal speciation and bioavailability in natural systems.
High association of trace metals to iron oxides, sulfide minerals, and dissolved organic matter
decreased the bioavailability of trace metals in wetland soils and hyporheic zones of streams for

biogeochemical processes.
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Chapter 1: Introduction

1.1 Background and Motivation

Metals occur in all ecosystems, although their concentrations vary depending on their natural
geologic conditions and surrounding human activities. In addition to metals intrinsically present
from the geology of a particular system, metals can enter environmental systems from a wide
variety of natural and anthropogenic sources, such as sediment re-suspension, mining operations,
industrial processes, agricultural activities, and atmospheric deposition.>?> While metals can be
toxic at high concentrations, some metals serve as essential micronutrients for biogeochemical
processes.’® Metal transport and availability in engineered and natural water systems depend on
processes of adsorption/desorption, oxidation/reduction, dissolution/precipitation, and ligand
complexation.”® A comprehensive understanding of the interactions of metals with mineral
surfaces and mineral-organic moieties is essential for developing effective remediation strategies
and removal techniques. Insights into the speciation of metals and their bioavailability will also

help advance understanding of the roles of metals in the biogeochemical cycling of nutrients.

1.1.1 Uranium Removal using Engineered Nanoparticles

Uranium contamination of water resources and terrestrial ecosystems is primarily associated with
past mining and milling operations and waste disposal activities associated with the development
of materials for nuclear energy and weapons.'! Considering chronic health impacts due to chemical
toxicity and potential radiotoxicity of uranium, the maximum contaminant level (MCL) for
uranium in drinking water in the United States is set to 30 ug/L. However, groundwater

concentrations in many regions across the United States exceed the MCL.*2 Therefore, techniques



that can effectively remove uranium from water sources without themselves contaminating the

environment are necessary.

Uranium predominantly exists in oxidation states of IV and VI with U(VI) dominating in
oxic environments. U(VI) is generally more mobile than U(IV). Depending upon the pH and
dissolved inorganic carbon concentrations, U(V1) can exist as the uranyl ion (UO2?*) and aqueous
complex complexes of uranyl with hydroxide and carbonate. Processes involving redox reactions,
dissolution-precipitation, and adsorption-desorption reactions underpin uranium mobility in

natural and engineered systems.™

Iron-containing minerals such as amorphous iron hydroxide, ferrihydrite, goethite, and
hematite have been studied extensively for the adsorption of U(V1).1*!* Recently, there has been
an increase in the use of iron oxide nanoparticles (IONPs) in the fields of biomedical, health care
and agriculture, due to their large specific surface area, tunable surface chemistries,
biocompatibility and unique magnetic properties, for removal of U(V1).1>1° IONPs, synthesized
through the thermal decomposition method, are highly crystalline with uniform size and shape, but
they are only dispersible in apolar solvents.*>6202! \/arious synthetic organic surface coatings,
including lauric acid, stearic acid, sodium dodecylbenzenesulfonate, and polymers,?>2* have been
explored for stabilization of IONPs synthesized through non-hydrolytic routes and have shown
tremendous potential in the removal of metals and metalloids from water systems.?>?® However,
these coatings can be toxic and non-biodegradable and hence their use in water treatment can

introduce new environmental risks.

Recent studies have focused on using naturally derived coatings and biosurfactants for the

stabilization of nanoparticles.?~3! Biodegradability and lower toxicity of naturally available



coatings have encouraged their use in the removal of toxic contaminants, such as heavy metals,
metalloids and organic compounds, from environmental systems.32* Another emerging
application of biosurfactants is their use in the stabilization of nanomaterials as they counter the
attractive (magnetic and van der Waals) interparticle forces with repulsive steric or electrostatic
forces and prevent aggregation of nanoparticles.?”2835 A well-known biosurfactant rhamnolipid,
being a nontoxic and biodegradable surface modifier?®3® may have less impact on the environment
as compared to other synthetic coatings used for stabilizing IONPs. To develop an efficient
environmental-friendly technique for removing uranium from water systems, we have explored

the use of rhamnolipids to stabilize IONPS (possible mechanism of removal shown in Figure 1.1)

‘ IONP core
.~ Oleic acid
.~ Rhamnolipid

Figure 1.1: Interaction between uranium and surfactant-coated iron oxide nanoparticles

1.1.2 Trace Metal Role in Biogeochemical Cycling

Natural aquatic systems are active centers for carbon and nitrogen cycling making them substantial
sources of the greenhouse gases methane (CHa), and nitrous oxide (N20). The latest estimates
indicate that 60-80% of emitted CH4 comes from wetlands, and ~58% of emitted N2O comes from

soils with ~36% contribution from natural soils.3” Understanding the biogeochemical processes



associated with CH4 and N2O emissions is essential for predicting future emission levels and

developing mitigation strategies for their minimization.

The dominant biogeochemical processes responsible for CHs and N.O emissions are
methanogenesis and denitrification, respectively. Recent studies have shown that CHs and N2O
emission rates depend on soil properties, water chemistry, and temperature.3®-4! However, the roles
that trace metal micronutrients (Cu, Ni, Co, and Mo) play in these emissions had been rarely
investigated. Specifically, copper (Cu) and molybdenum (Mo) are essential for the transformation
of N2O3*% and free nickel (Ni) and cobalt (Co) are required for CH4 formation.> The
bioavailability of trace metal micronutrients is critical to the biogeochemical cycling of nutrients

in subsurface systems.
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Figure 1.2: Role of Cu in N.O emissions from natural aquatic systems and processes affecting Cu

bioavailability

The scope of this dissertation is limited to the role of Cu in nitrogen cycling in natural
aquatic systems. Denitrification is an anaerobic process carried out by heterotrophs to convert
NOs™ to N2 through a series of intermediate steps producing NO and NO (Figure 1.2).* The global

importance of this process lies in its contribution to global warming as a result of N2O release in
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the atmosphere due to the incomplete conversion of N2O to N2. Wetlands receiving high
concentrations of nitrate exhibit high denitrification rates and therefore may be significant
contributors to atmospheric N20.* The global warming potential of N2O is 310 times higher than
that of CO,. Many studies have reported the impact of temperature, pH, presence of oxygen,
nitrogen availability, and organic carbon content on denitrification in soil systems,*¢4’ but the

effect of trace metal limitations on completion of this process is not completely understood.

The reduction of nitrogen oxides to nitrogen is catalyzed by various metalloenzymes
present in denitrifying bacteria.*?*® The final step of denitrification, i.e. conversion of N2O to N
(Figure 1.2), depends on a copper reductase enzyme.*>*® Unavailability of Cu can decrease the
percent conversion of N2O to N2 and can result in the accumulation of N2O and its release into the
atmosphere.*® Recent laboratory studies on pure cultures have demonstrated that Cu limitation
resulted in N2O accumulation.*?*® In natural aquatic systems, Cu availability will vary
considerably with its speciation depending upon the type of mineral-phases present and the
concentrations of dissolved organic matter.”%%2, Thus, it becomes crucial to determine the role

that Cu plays in nitrogen cycling in environmental systems.

1.1.3 Trace Metal Dynamics in Response to Redox Fluctuations

In soils and sediments, the bioavailability of metals is controlled by association with solid phases,
such as minerals and organic matter, and by aqueous phase speciation.”*° Natural aquatic systems
undergo fluctuating redox conditions due to microbial activity and varying water saturation levels.
As conditions cycle between oxic/anoxic conditions, trace metals can be mobilized/sequestered in
response to changes in iron and sulfur speciation and the concentrations and lability of dissolved
organic carbon (Figure 1.3).>3* The exposure of anoxic sediments to oxic conditions favors the

degradation of organic matter and the oxidation of sulfides, thus increasing the porewater
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concentrations of any metals that had been associated with those phases (Figure 1.3).5°58
Conversely, microbial reduction of Fe-Mn oxyhydroxides under anoxic conditions can mobilize
metals associated with these mineral phases.”*>%% Microbial communities responsible for the
biogeochemical processes may respond strongly to changing biogeochemical dynamics in these
natural systems due to changes in metal availability patterns. Thus, it is imperative to elucidate the
processes governing trace metal dynamics in natural environments to predict the extent of carbon

and nitrogen cycling.
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Figure 1.3: Schematic of dominant processes controlling metal mobilization in natural aquatic
systems under redox fluctuations



1.2 Research Objectives

The dissertation sought to provide a detailed understanding of the mobilization/sequestration of
metals in aquatic systems by studying their associations with natural/engineered minerals and
organic matter. In this regard, | have divided my research into four main objectives schematically

described in Figure 1.4.

Objective 1: Develop a predictive understanding of U(VI) adsorption to rhamnolipid-coated

engineered IONPs

To achieve the outlined objective, we synthesized water-stabilized superparamagnetic magnetite
nanoparticles using rhamnolipid, a biocompatible ligand. With the help of a phase-transfer
technique, we optimized rhamnolipid concentrations required for stabilizing monodisperse iron
oxide nanoparticles. Extensive characterization techniques, dynamic light scattering, transmission
electron microscopy, and total organic carbon analysis, were used to determine the stability of the
bilayer-coated nanoparticles. We evaluated the efficacy of this coating by using rhamnolipid-
coated nanoparticles for U(V1) sorption under varying conditions of pH and dissolved inorganic
carbon (DIC). Rhamnolipid-coated iron oxide nanoparticles demonstrated high efficiency to

adsorb the contaminant U(V1) at environmentally relevant concentrations and aqueous chemistry.

Objective 2: To understand the relationship between the extents of trace metal uptake and

their speciation in wetland soils and stream sediments

We selected three different natural aquatic systems- marsh wetland soils, riparian wetland soils,
and stream sediments to determine the fate and the speciation of trace metals introduced to

environmental systems in dissolved forms. Batch experiments were conducted with different trace



metals (Cu, Ni, and Zn) at varied loadings to obtain their uptake trends on different soils and
sediments. We investigated trace metal speciation using X-ray absorption spectroscopy (XAS) to
determine the major components associated with metal uptake at the selected sites at low and high
loadings. This approach provided an understanding of the differences between the speciation of
added metals and those originally present in the soils and sediments. This study suggested that the
background speciation of trace metals in natural aquatic systems is a poor indicator of the
speciation and lability of metals introduced to terrestrial aquatic systems from anthropogenic or

natural sources.

Objective 3: To determine the effect of copper limitation on nitrogen cycling in wetland soils

and stream sediments

Natural systems with background Cu concentrations below or similar to crustal abundances were
selected to evaluate the role of Cu in denitrification. We conducted incubation experiments on
samples collected from marsh wetlands, riparian wetlands, and stream sediments at three different
conditions were studied: no Cu added (control), low Cu loading, and high Cu loadings. The
different Cu loadings were selected based on preliminary Cu uptake experiments. We also
developed a kinetic model to quantify the effect of Cu addition on N.O conversion to N2. We
observed that conversion of N2O to N2 is substantially limited by low bioavailable Cu
concentrations in control samples. The reduction rate of N.O to N> was enhanced in Cu-amended
systems. With the help of speciation modeling, we noted that the presence of dissolved organic
matter in these water systems decreased the availability of Cu substantially which resulted in
limited N2O to N2 conversion. Our study demonstrated that pristine natural aquatic systems may

have incomplete reduction of N.O to N> due to limited availability of Cu. Additionally,



incorporating the bioavailability of Cu in ecosystem models could improve the accuracy of

estimates of N2O emissions from natural landscapes.
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Figure 1.4: Overview of research objectives and their associated research tasks

Objective 4: Quantify variability in trace metal availability under fluctuating redox

conditions

With fluctuating redox conditions, trace metals undergo speciation and mobility changes in
response to transformations of iron and sulfur-bearing minerals, and organic matter. In order to
understand metal mobility behavior under varying redox conditions, wetland soils and stream
sediments were subjected to three alternating cycles of anoxic-oxic fluctuations over a time period
of 24 days. We also monitored the change in the bioavailable concentrations of trace metals upon

redox fluctuations by using in-situ passive samplers. We observed that the mobilization behavior
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of trace metals in response to redox fluctuations varied between different systems due to inherent
differences in solid-phase speciation of metals, mineral composition, sulfur contents, and organic

matter concentrations.

1.3 Dissertation Outline

The dissertation presents work done to improve the understanding of interactions of metals with
mineral surfaces and mineral-organic moieties in engineered and natural systems. With this
enhanced understanding, we identify a path to developing an environmentally-benign way to
remove U(VI) from water systems. Additionally, we obtained a deeper understanding of the roles
that trace metals play in biogeochemical cycling in natural aquatic systems. The following four
chapters describe the tasks performed toward achieving the objectives of the dissertation. Each
chapter is self-contained containing an introduction, methodology, results, discussion, and
conclusion sections. Chapter 2: outlines the systematic approach taken to synthesize
biosurfactant-coated iron oxide nanoparticles which were subsequently tested for their efficiency
to remove U(VI) from water systems. In this study, we explored a biosurfactant, rhamnolipid, as a
coating for dispersing hydrophobic iron oxide nanoparticles in water, and the stability of these
bilayer-coated nanoparticles was explored under a variety of pH and ionic strength conditions.
Using batch experiments, we tested the impact of pH, initial loading of U(VI), presence and
absence of dissolved inorganic carbon on the removal of U(VI) from water using bilayer-coated
nanoparticles. The observed equilibrium partitioning was interpreted using surface complexation
modeling to account for U(VI) binding to the carboxyl groups in the rhamnolipid. Chapters 3, 4
and 5 discuss experiments conducted to understand the dynamics and role of trace metals in
wetland soils and hyporheic zones at the base of streams. Chapter 3: indicates the experiments

conducted to evaluate trace metal (Cu, Ni, and Zn) uptake behavior on soils and sediments under
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varied loadings. The results were corroborated by X-Ray based characterization of solid-phases.
Chapter 4: describes the incubation experiments conducted to understand the role of Cu in
nitrogen cycling, especially the conversion of N2O to Nz, in wetland soils and stream sediments.
Chapter 5: presents laboratory-based incubation experiments conducted to understand the
response of metal mobility to fluctuating redox conditions in soils and sediments. Chapter 6:
provides the major conclusions from the thesis followed by direction for the scientific community
to pursue research in the field of metal mobilization and fate in engineered and natural aquatic
subsurface systems. The above five chapters are followed by a list of all the references cited in the

dissertation.

There are six appendices attached to the dissertation. Appendices A-D contains
supplementary information for Chapters 2 — 5, respectively. Appendix E includes the results of a
field deployment of in-situ passive samplers to estimate the bioavailable concentrations of trace
metals in stream sediments of East Fork Poplar Creek at Oak Ridge National Laboratory. These
results helped us check the applicability of in-situ samplers for determining bioavailable
concentrations of metals in systems containing metal contents similar to geological levels. The
results also helped us determine that the majority of trace metals are bound strongly to the mineral

phases and are not readily available for biogeochemical processes in the studied stream sediments.
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Chapter 2: Rhamnolipid-Coated Magnetite

Nanoparticles for U(VI) Sorption

This chapter has been published in — Sharma, N., Ghosh, A., Fortner, J. D., & Giammar, D. E.
(2020). “Modeling performance of rhamnolipid-coated engineered magnetite nanoparticles for U

(V1) sorption and separation.” Environmental Science: Nano, 7(7), 2010-2020.

2.1 Introduction

Uranium can be introduced into aquatic systems via a number of anthropogenic pathways,
including discharge from mining and milling operations, leading to public health concerns.5!
Considering chronic health effects associated with uranium, the current U.S. EPA maximum
contaminant level (MCL) for uranium in drinking water is 30 pg/L. Uranium predominantly exists
at oxidation states of +IV and +VI, U(VI) being the more mobile form and the dominant one
present under oxidizing conditions.®? The fate of U(VI) in aquatic environments strongly depends
on the pH, redox potential, presence of divalent cations, and dissolved inorganic carbon.6
Processes involving redox, dissolution-precipitation and adsorption-desorption reactions underpin

uranium mobility in natural and engineered systems.*®

Strategies for removal of uranium under oxidizing conditions often rely on adsorption
processes. Recently, a variety of nanomaterial adsorbents, including aluminium oxides, iron
oxides, titanium oxides and graphene oxides have been developed and evaluated for their efficacy
towards uranium removal from water systems.?55+"# |ron oxide nanoparticles (IONPs) are one of

the promising materials for the removal of contaminants from water systems due to their large

12



specific surface area, tunable surface chemistries and potential biocompatibility.'>16644 A number
of studies have focused on the use of magnetite nanoparticles for contaminant removal due to their
unique magnetic properties which allow easy removal and collection from water systems by

application of an external magnetic field,1516:2269.72.73.75

Synthesis of water-dispersible IONPs has been achieved by chemical co-precipitation,
microemulsion and hydrothermal routes.’® These methods produce poorly crystalline and
aggregated nanoparticles. This has encouraged the use of non-hydrolytic routes (organic phase
synthesis) for the synthesis of IONPs, allowing for reproducible and highly crystalline
nanostructures with uniform size and shape.'®®7® Typically, nanoparticles obtained from these
routes are stable in nonpolar solvents and are capped with nonpolar moieties (e.g. oleic acid) to
lower surface energies and prevent aggregation.*>%7® Surface coatings reduce particle aggregation

as they counter the attractive interparticle forces with repulsive steric or electrostatic forces.®

For successful application of IONPs dispersed in nonpolar solvents to water treatment, the
outer hydrophobic coating needs to be modified to be hydrophilic.®® Ligand exchange and ligand
addition methods are used for surface modification of as-synthesized IONPs.*>"® In the ligand
exchange method, the original coating is replaced by the desired amphiphile or surfactant that has
an affinity for both the nanoparticle surface and the water interface. In the case of ligand addition,
a hydrophobic tail of the selected amphiphile interacts with the original coating while the
hydrophilic tail is oriented towards the water, yielding a stable aqueous suspension of the
nanoparticles.!®2* Various synthetic organic surface coatings, including oleic acid, humic acid,
stearic acid and polymers,?2247277.78 have been explored for stabilization of IONPs synthesized
through non-hydrolytic routes. These stabilized IONPs have shown tremendous potential in the

removal of metals and metalloids from water.?>2667.75 However, these coatings are often toxic or
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non-biodegradable, and they may pose environmental risks if the particles are not retained in the
treatment unit. Recent studies have explored naturally derived coatings and biosurfactants for the
stabilization of the nanoparticles.?”*286.7%-81 The addition of micro-algal exudate as a biosurfactant
in the preparation of polyethene nanoparticles reduced their aggregation in the salt solutions.®? The
performance of nanoparticles for contaminant removal can also be significantly improved by the
addition of naturally-derived coatings.®®% The use of chitosan in a nanocomposite with graphene
oxide enhanced the sorption capacity for U(VI) removal.83# Cyclodextrin-modified maghemite
nanocomposites showed remarkable stability as no change in their efficiency for U(VI) removal

was observed even after four cycles of adsorption/desorption.’?

Biosurfactants are amphiphilic molecules produced by microorganisms to reduce
interfacial tension in the process of utilization of various substrates. As compared to their synthetic
counterparts, biosurfactants are typically less toxic and more biodegradable.®>® An emerging
application of biosurfactants is in the stabilization of nanomaterials as they reduce the surface
energy at the interface and prevent aggregation of nanoparticles.®® Rhamnolipids are glycolipids
(biosurfactants) produced primarily by Pseudomonas aeruginosa at relatively high concentrations
extracellularly, and they consist of a rhamnose moiety and a 3-(hydroxyalkanoyloxy) alkanoic acid
fatty acid tail.>> Recent studies show that rhamnolipids act as an effective stabilizer for palladium-
coated nanoscale zero-valent iron (nZVI1) nanoparticles and prevent their aggregation.?’3>87
Another study observed that the inclusion of rhamnolipid in the synthesis of chitosan nanoparticles
improved their stability and monodispersity.8! Rhamnolipids also enhanced soil deliverability and
reactivity of nZVI for in situ remediation.®® Rhamnolipids have also been used as capping agents

in several studies for the synthesis of stabilized nanoparticles.?317°-8188 However, the potential of
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rhamnolipids to stabilize magnetite nanoparticles had not previously been observed; consequently,

the use of rhamnolipid-coated IONPs as adsorbents for metals is also unexplored.

Surface complexation modeling (SCM) is a robust approach to model the partitioning of
sorbates between solid and solution phases as a function of pH, solute concentration, and ionic
strength. The prediction of U(VI) adsorption on sorbents is confounded by complexities of U(V1)
speciation under different dissolved inorganic carbon conditions.®**62 In carbonate-containing
systems, U(VI) adsorption to sorbents is affected by the formation of stable soluble U(V1)-COs
complexes at higher pH values.’*'4%> SCM has been previously applied to engineered
nanomaterials to model sorption of U(VI) over a wide pH range and different carbonate
conditions.?6%>8%-92 As model parameters will be different for different adsorbents, we aimed to
understand if SCM could interpret metal binding to IONPs coated with rhamnolipid. The model

can also yield insight into the mechanism of U(V1) binding onto these rhamnolipid-coated IONPs.

In this work, we have explored rhamnolipids as potential biocompatible ligands for
stabilizing superparamagnetic magnetite nanoparticles in water. The efficiency of this coating was
then evaluated by using rhamnolipid-coated nanoparticles for U(VI) sorption under varying
conditions of pH and dissolved inorganic carbon (DIC). The three primary objectives of the study
were to (i) optimize conditions for coating as-synthesized magnetite nanoparticles with
rhamnolipids for stabilizing them in water suspensions, (ii) evaluate the performance of
rhamnolipid-coated IONPs for U(VI) adsorption under varying conditions of pH and carbonate,
and (iii) develop a surface complexation model to interpret U(VI) adsorption performance onto

these engineered nanoparticles.
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2.2 Experimental Section

2.2.1 Materials and Methods

Iron(l11) oxide (hydrated, catalyst grade, 30-50 mesh), oleic acid (technical grade, 90%), 1-
octadecene (technical grade, 90%), sodium chloride (ACS reagent, 99.0%), magnesium chloride
hexahydrate (ACS reagent, 99%), sodium hydroxide (ACS reagent 99.0%), sodium bicarbonate
(ACS reagent 99.0%), sodium carbonate (ACS reagent 99.0%) and nitric acid (trace metal grade)
were purchased from Sigma-Aldrich. Hexane, acetone, and ethanol were also purchased from
Sigma-Aldrich and were used without purification. Rhamnolipid (90%) standard was purchased
from AGAE Technologies. A U(VI) stock solution was prepared from uranyl nitrate

(UO2(NO3)2-6H20).

2.2.2 Nanoparticle Synthesis Process and Phase Transfer

Monodispersed IONPs (~8nm) were synthesized using a published method.?*"® Briefly FeOOH
powder (0.178 g, finely ground), oleic acid (2.26 g) and 1-octadecene (5.0 g) were thermally
decomposed at 320°C to form brown-black colloids that were further purified using acetone and
hexane to obtain 8-nm IONPs dispersible in apolar solvents. Purified IONPs were collected in
hexane and stored in the dark at room temperature. To make the IONPs suitable for water treatment
applications, these were phase transferred from hexane to water by a bilayer ligand addition
method using a probe sonicator. For optimizing phase-transfer conditions, varying amounts of
IONPs and rhamnolipids were used. Specifically, IONPs in hexane (400 pL — 800 pL) were
combined with 8 mL of rhamnolipids (60 mg/L -100 mg/L) in aqueous solution combined in a 20
mL glass vial and probe sonicated (UP 50H, Dr. Hielscher, GMHB) under different conditions of

time and amplitude (details in Appendix A, Table A-1). The suspension was kept in a fume hood
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for 24 hours to remove residual hexane. Unstable particles were removed from the aqueous phase
by centrifugation, stirred cell filtration (Ultrafiltration cellulose membranes, 100 kDa MWCO),
and filtration through a 0.22 um membrane filter. The optimum parameters were selected based
on phase transfer efficiency and hydrodynamic diameter (details in Appendix A, Table A-1). A
stock suspension of IONPs coated with rhamnolipids was then prepared using optimized

parameters.

2.2.3 Characterization of IONPs

IONPs core sizes before and after phase transfer were determined using transmission electron
microscopy (TEM, FEI Tecnai G2 Spirit) operated at 120 kV. Sample preparation was done by
placing 20 pL of diluted IONP suspension on a carbon-coated copper grid. After drying the grid
at room temperature, the images were observed using TEM. The average diameter of the suspended
particles was calculated by counting 2000 randomly chosen IONPs from the TEM micrographs
using ImageJ software (National Institutes of Health). The phase transfer efficiency was estimated
by analyzing dissolved Fe concentrations before and after phase transfer with inductively coupled
plasma optical emission spectroscopy (ICP-OES, Perkin EImer ELAN DRC). Suspensions were
prepared for ICP-OES analysis by digesting IONPs suspensions in 10% nitric acid on a hot plate

at 100 °C.

The number of rhamnolipid molecules attached per nanoparticle was estimated using the
total organic carbon (TOC) content in the aqueous suspension before and after
ultracentrifugation.?> TOC analysis was performed using a total organic carbon analyzer (TOC-L,
Shimadzu Scientific Instrument, Inc., MD; 680 °C). The hydrodynamic diameter and zeta potential
of IONPs in the aqueous phase were estimated using dynamic light scattering (Zetasizer, Malvern

Nano ZS, UK). For both measurements, pH was varied from 4-11 to determine the stability of
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aqueous suspension over the desired range. The mean value and standard deviation for
hydrodynamic diameter and zeta potential were based on triplicate samples and at least 10 readings
for each sample. The aggregation kinetics of IONPs in aqueous suspension were determined using
time-resolved DLS in the presence of NaCl and MgCl. over a range of concentrations. All the
measurements were done at pH 7.5+ 0.1 and in accordance with a previously reported procedure.?*

The attachment efficiency (o)) for IONPs was calculated by the following equation®:

_k
kfast

(44

1)

where K is the initial aggregation rate constant at an examined condition and kst is the aggregation
rate constant under diffusion-limited (fast) aggregation conditions. Slow aggregation occurs at
lower salt concentrations due to a repulsive energy barrier, and an increase in salt concentration in
this regime generally results in an increase in aggregation rate.3>%® The minimum salt
concentration beyond which there is no effect on aggregation rate is called the critical coagulation

concentration (CCC), and kst is the aggregation rate constant above this point.?’3%9

2.2.4 U(VI) Sorption Studies

Adsorption edges: Sorption efficiency of rhamnolipid-coated engineered magnetite nanoparticles
was evaluated at different pH values (5.5-11.50) at two fixed U(VI) loadings and under three
different carbonate conditions (open to atmosphere, carbonate-free system and 1 mM fixed DIC
system). U(V1) loadings of 1 uM and 10 uM were selected based on preliminary calculations in
MINEQL+ V5.0 that identified conditions that would avoid any possible precipitation of U(VI).
For open to atmosphere adsorption experiments, ultrapure water was adjusted to target pH values
(5.5-11.5) by 0.1 M HNOs3 and 0.1 M NaOH and continuously stirred to attain equilibrium with

atmospheric CO. For achieving equilibrium at higher pH values (> 9), predetermined amounts of
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sodium carbonate and sodium bicarbonate were added to obtain a DIC concentration closer to the
value that would be achieved once equilibrium with atmospheric CO, was reached at the desired
pH.% Carbonate-free experiments were performed in a glove box (Coy Laboratory Products Inc.,
MI) under an N2 atmosphere where the gas in the glove box was bubbled through a concentrated
NaOH solution to remove any traces of CO>. For adsorption experiments with 1 mM fixed DIC,
the amount of acid/base required at desired experimental conditions (pH and U(VI) loading) was

predetermined to minimize the contact with the atmosphere.

Adsorption isotherms: The sorption capacity of rhamnolipid-coated nanoparticles was explored at
pH 6 and 8 under open to atmosphere and carbonate-free conditions. Two different pH values (6
and 8) were selected as the speciation of U(VI) at the selected pH values varies significantly. For
open to atmosphere system, at pH 6, UO2COs and (U0O).CO3(OH)s™ dominate, whereas at pH 8,
UO2(CO3)s™*, UO2(COs)22 and (UO2).CO3(OH)s are in the majority. However, in carbonate free
system, UO.OH* and (UO)3(OH)s™ exist in the majority at pH 6 whereas (UO2)3(OH)s",
UO2(OH)s and (UO2)3(OH)7 dominate at pH 8. U(V1) loading was varied between 0.1 uM and

25 uM at selected carbonate conditions and equilibrated for 24 hours.

For each set of U(VI) adsorption experiments, the suspensions were continuously mixed
by end-overend rotation for 24 hours, and the pH was readjusted after 4, 8 and 12 hours. Control
experiments without nanoparticles were conducted to monitor any loss of U(VI) throughout the
procedure. Similarly, control experiments with only nanoparticles were performed to observe the
stability of IONPs at desired pH values. The suspensions from each set of conditions were
ultracentrifuged (Sorvall WX Ultra 80, Thermo scientific, T1270) at 40000 rpm for 2 hours to

separate IONPs, and the supernatant was collected for uranium (U) analysis (ICP-MS,
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PerkinElmer). The concentration of Fe in the supernatant was also measured to monitor the

leaching of iron from nanoparticles due to U(VI) adsorption.

2.2.5 Surface Complexation Modeling

SCM was used to describe sorption of U(VI) to rhamnolipid-coated IONPS over a wide range of
pH at three different carbonate conditions and with two different U(VI) initial loadings. The
carboxyl group on the rhamnolipid was considered as the main site for UO2?* sorption. Similar to
aqueous complexation, surface complexation reactions predict sorption on the basis of equilibrium
complexation of a metal and surface-associated functional groups.®* The diffuse layer model
(DLM) and non-electrostatic model (NEM) were selected to evaluate the impact of pH, DIC and
initial U(VI) loadings on the sorption of U(VI) onto rhamnolipid coated IONPs. NEM does not
consider electrostatic interactions and simulates surface complexation reactions in a similar way
as the corresponding aqueous complexation reactions, however, DLM considers both electrostatic
and chemical contributions to adsorption. Before fitting the models to adsorption edge and
adsorption isotherm data, surface characteristics (specific surface area, site density and surface
acidity constant) of the IONPs were estimated. Potentiometric titration was performed using 30
mg/L of IONPs suspension, and the data were fitted using NEM and DLM models by varying the
surface acidity constant, specific surface area and site density. The best fit was obtained by
minimizing the residual sum of squares between experimental and modeled data. The optimized
parameters were used in DLM and NEM models to fit the adsorption edge and adsorption isotherm
data. The optimal fits for both the models were obtained by varying the logK values of surface
reactions using MINEQL+ V5.0 (Environmental Research Software) and MINFIT.*® The full set
of aqueous reactions (details in Table A-2) along with the U(VI) surface complexation reactions

were considered.
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2.3 Results and Discussion

2.3.1 Synthesis and Characterization of Rhamnolipid-Coated Nanoparticles

Nanoparticles obtained after the thermal decomposition method were highly uniform, spherical
and had an average size of 9.0 £ 0.8 nm as shown in TEM micrographs (Figure 2.1a). XRD patterns
identified the crystal structure to be face centered cubic (FCC), as expected for FezOas, which is a
spinel ferrite.5”"® Single domain FesO4 of this size also displays superparamagnetic characteristics
at room temperature, which allows for low energy separation from the aqueous phase by applying

a magnetic field.®""®

Figure 2.1: Transmission electron micrographs for (a) Oleic acid-coated nanoparticles in hexane (b)

Rhamnolipid (bilayer) stabilized nanoparticles in water. Scale bars are 50 nm.

As particles were synthesized through a nonhydrolytic route using oleic acid as a capping
agent; they were only stable in nonpolar solvents and required a passivating layer for water
transfer. For this, a mixture of monorhamnolipid and dirhamnolipid was employed. The
hydrophobic tail of oleic acid associates with the hydrophobic tail of the rhamnolipid (via

hydrophobic and dispersive van der Waals forces), and the hydrophilic tail of the rhamnolipid
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(possessing carboxylic groups) interacts with water molecules to render IONPs stable in water
systems.” The details of the conditions considered for optimizing phase transfer conditions are
shown in Table A-1. The sonication amplitude used for phase transfer ranged between 80% and
100%. The phase transfer efficiency decreased significantly when the amplitude was less than 80%
(Table A-1). The average time required for efficient phase transfer was 10-12 minutes, and IONPs
volume was varied from 400 pL to 600 pL (2.2 — 3.3 mg as Fe). Hydrodynamic diameter of 27.6
nm obtained from DLS measurements show that rhamnolipid forms a thin coating around the
nanoparticles at a concentration of 100 mg/L. Maximum phase transfer efficiency of 91% was
achieved by taking 600 pL of IONPs and 100 mg/L of rhamnolipid. The yield is higher than other
optimized coatings (for similar materials), including oleic acid (70%), dodecyl
trimethylammonium bromide (47%), sodium dodecyl benzenesulfonate (68%) and sodium
dodecyl sulfate (79%).2* TEM micrographs (Figure 2.1b) confirmed that at the selected conditions,

rhamnolipid did not alter the monodispersity and core size of IONPs.

The hydrodynamic diameter of IONPs in the stock suspension used for sorption studies
was 27.6 = 3.4 nm. Zeta potential measurements (Figure 2.2a) found that the coated IONPs were
negatively charged at pH above 5.5, which is consistent with the pKa value (4.5-5.5) of
rhamnolipids.®® No significant change in hydrodynamic diameter was observed with the change
in pH > 5.5, whereas at pH < 5.5, destabilization followed by aggregation of nanoparticles was
observed. All the experiments described (characterization and sorption) were conducted at pH >
5.5. Aggregation kinetics of IONPs were studied to understand the response of nanoparticle
suspensions to salt (NaCl and MgCl,) addition (Figure 2.3). The aggregation increased with
increasing salt concentration until the aggregation rate reached the diffusion-limited regime (0=1).

The critical coagulation concentration was obtained when the attachment efficiency reached unity.
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The CCC values for rhamnolipid-coated NPs were found to be 62.5 mM and 3 mM for NaCl and
MgCly, respectively. The stability of the suspension can be attributed to the hydrophobic
interactions between the first and second layer coatings and steric stabilization induced by
rhamnolipid moieties.?*37°8 The CCC values of rhamnolipid-coated IONPs were close to the
CCC values obtained using synthetic anionic surfactants with shorter carbon chain lengths
(decanoic acid and lauric acid) and containing complex functionalities (sodium dodecyl sulfate

and sodium dodecyl benzenesulfonate).?*

20 11
(a) ® Experimental data (b)
> 10
= 0P —— DLM fitting s
— O0F 9
[ ° /
T -10F o T 38 [
2 . e I's
o -20 L 7
pe ¢ o] A Experimental data
8 30F ® o0 o, 6
e o, — - =NEM
N 40f 5
— — DLM
-50 1 L 1 1 1 1 4 L 1 1 1
4 5 6 7 8 9 10 11 0.00 0.03 0.06 0.09 0.12 0.15
pH NaOH added (mM)

Figure 2.2: (a) Zeta potential of rhamnolipid-stabilized IONPs as a function of pH at a nanopatrticle

concentration of 30 mg/L and (b) titration curves for rhamnolipid-coated nanoparticle suspensions

From TOC analysis, the total amount of carbon attached to the nanoparticles was obtained.
The number of rhamnolipids attached per nanoparticle was estimated by assuming that one
molecule of rhamnolipid attaches to two molecules of oleic acid. From previous studies, it has
been shown that the IONPs obtained through thermal decomposition method are in the form of

magnetite.?®”  Assuming a density of 5 g/cm?® (for magnetite) and average diameter of 9 nm, it

23



was estimated that 186 rhamnolipid molecules are attached to one nanoparticle upon phase

transfer, thus providing a site density of 0.73 sites/nm? (detailed calculations in the section A1).
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Figure 2.3: Effect of U(VI) loading (1 M and 10 uM) on CCC evaluated using (a) NaCl and (b)
MgCl.. The experiment was performed at pH= 7.5 and nanopatrticle concentration of 30 mg/L.

To understand the effect of U(VI) loading on the stability of IONPs, aggregation Kinetics
in the presence of U(VI) (1 uM and 10 uM) were studied. There was no effect on CCC values
when U(VI) loading was 1 uM, whereas the CCC value reduced to 50 mM and 2 mM in presence
of NaCl and MgCly, respectively, when loading was increased to 10 uM (Figure 2.3). The
aggregation of nanoparticles was likely promoted by adsorption of UO2%*, which resulted in the
reduction of the effective surface charge of IONPs. This can be observed from zeta potential
measurements (Figure A-5) where a decrease in effective surface charge of nanoparticles was

observed upon U(V1) adsorption at pH values above 6.
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Table 2.1: Coefficients for Langmuir and Freundlich models obtained by fitting adsorption

isotherm studies

Langmuir Freundlich
- K
Condition pH Ogmax (Mg/mg) K (L/ug) (ug/a)(L/ug)¥™) n
6 116 0.0045 8.61 2.99
Open to atmosphere
8 52 0.0071 8.03 4.35
6 155 0.0080 14.70 3.16
Carbonate free system
8 118 0.0154 16.00 3.68

2.3.2 Equilibrium Adsorption Experiments

For evaluating U(VI) sorption capacity, adsorption isotherms were obtained for rhamnolipid-
coated nanoparticles (Figure 2.4) under a variety of conditions. The calculated sorption capacities
for different carbonate and pH conditions are shown in Table 2.1. For open (atmosphere) system
conditions, the maximum sorption capacity (gmax) decreased significantly as the pH increased from
6 to 8. At pH 6, positively charged species such as UO2%*, (UO2)2(OH).**, UO,OH* and
(UO2)3(OH)s* favor adsorption of U(VI) to negatively charged (Figure 2.4) rhamnolipid-coated
nanoparticles due to electrostatic interactions. However, at pH 8, the sorption capacity was lower
owing to the formation of negatively charged stable U(VI) carbonate complexes (UO2(COs)s*,
UO2(C0Os)2? and (UO,)2.CO3(0OH)3") that do not adsorb to surfaces and that effectively lower the
activity of UO2%*. Even at pH 6, the adsorption capacity for open to atmosphere conditions is less
(116 pg/mg) than in the carbonate-free system (155 pg/mg) due to the formation of negatively
charged stable uranyl carbonate complexes. For the carbonate-free system, at pH 8, the activity of
UO2%" is much higher as compared to in the open to the atmosphere conditions, which resulted in

the favorable adsorption of U(VI) to rhamnolipid-coated IONPs. In addition to the surface
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complexation models ability to fit the data (discussed below), both Langmuir and Freundlich
models were also fitted to experimental data. The plots in Figure 2.4show that the Langmuir model

provides a better fit to the data under all conditions.
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Figure 2.4: Adsorption Isotherm at pH=6 and pH=8 in (a) open to atmosphere conditions and (b)
carbonate-free system. A represent points obtained at pH =8 and m represent data points obtained
at pH=6. Dashed lines show the Langmuir fitting and dotted lines represent the Freundlich fitting.
DLM parameters were also fitted to the isotherm data and solid lines represent DLM fitting at pH 6

and pH 8.

The adsorption of U(VI) on rhamnolipid-coated nanoparticles was observed over the range
of pH values from 5.5 to 11.5 at two different loadings (1 uM and 10 uM) and three different
carbonate conditions (carbonate-free, open to atmosphere, fixed DIC) in 0.01 M NaNO3 (shown in
Figure 2.5). The two U(VI) loadings were selected as they were below the values at which
precipitation of uranyl species might occur. The adsorption edges obtained for each set of

conditions are shown in Figure 2.5.

For the carbonate free system, both 1 uM and 10 uM loadings showed almost 100%

sorption until pH~10. At pH > 10, sorption efficiency reduced dramatically owing to the steep
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decrease in UO?* availability (shown in Appendix, Figure A-1) in the system. The favorable
adsorption at pH values down to pH 5.5 can also be attributed to the presence of positively charged
aqueous species that favor adsorption to the negatively charged adsorbent through electrostatic

interactions (Figure A-2).

For adsorption studies with the suspensions equilibrated with the atmosphere, the fraction
of total U(VI) adsorbed decreased when loading was increased from 1 uM to 10 uM (Figure 2.5).
For both loadings adsorption onto IONPs decreased as pH increased above pH 7 due to the

formation of stable U(V1) carbonate complexes that lowered the available UO2%* in the system.

Fraction U(VI) adsorbed
Fraction U(VI) adsorbed

Figure 2.5: Comparison of experimental U(VI1) adsorption data and output of surface complexation
models using (a) the diffuse double layer model (DLM) and (b) a non-electrostatic (NEM) model.
The markers represent the experiment data points and lines represent fitting obtained using SCM
modeling. X:- 10 uM Carbonate-free system; e:-1 uM Carbonate-free system; 4#:- 1 uM Fixed DIC
system; m:- 10 pM Fixed DIC system; o:- 10 uM Open to atmosphere and A:- 1 tM Open to

atmosphere.
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Adsorption edges obtained at 1 mM fixed DIC conditions followed the same trend observed
in open to atmosphere conditions with the adsorption percentage decreasing dramatically at higher
pH values for the reasons discussed above. However, at lower pH values (< 8), the fixed DIC
system showed lower adsorption percentages as compared to the open to atmosphere conditions
due to less availability of UO,2* in the fixed DIC system (as shown in Figure A-1). At pH > 8, the
trend reversed, owing to more availability of UO2?* in fixed DIC system because the supply of
CO3? for complexing UO2%" was limited in the fixed DIC system while it continued to increase

with increasing pH in the system that was open to uptake of CO2 from the atmosphere.

Although there is theoretically the possibility of U(VI) reduction to U(IV) due to
interaction with Fe(ll) in the magnetite nanoparticles, this will only happen if U(VI) diffuses
through the rhamnolipid coating. At low U(VI) loadings, as in this case, U(VI) will adsorb on the
outer layer before it has a chance to diffuse through the layer to where it could contact the
magnetite surface. The absence of dissolved Fe in the supernatant obtained after ultracentrifugation
in adsorption studies confirmed that the leaching of iron from rhamnolipid-coated magnetite
nanoparticles did not occur at the experimental conditions studied. As the IONPs were stable under
all the experimental conditions considered, it is not expected that there was any opportunity for
U(VI) to interact directly with the magnetite nanoparticles. Recent studies on U(VI) using bilayer
coated IONPs showed that U(VI) reduction was observed only at much higher U(V1) loadings.®”"
At these higher loadings, the nanoparticles became destabilized, which resulted in changes in the

possible diffusion and contact pathway of U(V1) to the surface of nanoparticles.?56":7

2.3.3 Interpretation of U(VI) Adsorption by Surface Complexation Modeling

A surface complexation model was developed to account for U(V1) adsorption to rhamnolipid-

coated IONPs in a reaction-based framework that could account for variation in pH, U(VI) loading,
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and carbonate condition with a single set of surface complexation reactions. The first step in model
development was the determination of nanoparticle surface properties (specific surface area,
surface site density and acid-base equilibrium constants). Rhamnolipid-coated nanoparticles can
only be neutral or positively charged as the charge is solely decided by protonation/deprotonation
of carboxyl groups in the rhamnolipid structure. The charge and pH-dependence of charge is also
evident from zeta potential measurements (Figure 2.2). Consequently, the SCM was developed

with only protonated (SITEOH) and deprotonated (SITEO") forms of the surface site.

Potentiometric acid-base titration was performed to determine the surface acidity constant
of IONPs. As the pKa of rhamnolipid lies between 4.3-5.5%, rhamnolipid-coated IONPs provided
effective buffering from pH 4.5-6.0 (Figure 2.2b). The specific surface area was not calculated
experimentally as the surface of the magnetite cores of the IONPs may not represent the surface
area of the rhamnolipid-coated nanoparticles in aqueous suspension. The optimized values of pKa,
specific surface and site density were determined by minimizing the squares of the residuals
between model outputs and experimentally obtained titration curve (Figure 2.2b). The best fit was
obtained for a specific surface area of 150 m?/g and site density of 0.73 sites/nm?. For DLM, the
best fit was obtained for a pKa of 3.6, whereas for NEM the pKa value obtained was 5.6 (Table
2.2). The surface site concentration obtained at the optimized values for 30 mg/L of Fe3Os
nanoparticles using optimized values from the titration curve was 22.4 M. This site concentration
value is close to the value of 20.16 pM obtained using TOC analysis. The optimized parameters
were used for fitting the adsorption edge and adsorption isotherm data. The obtained surface
characteristics were also used to fit the zeta potential measurements obtained using DLS. The
Gouy-Chapman equation was used to obtain the surface potential of nanoparticles as a function of

pH as shown in Figure 2.2a. The model was able to capture the trend of zeta-potential
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measurements. Zeta potential value is the value obtained on the imaginary slipping plane (where
particles interact with each other or other entities), which is less than the actual surface potential

of the nanoparticles.®’

Based on the nanoparticle properties obtained above, DLM was fitted to adsorption edge
data (Figure 2.4a) obtained at U(V1) loadings of 1 uM and 10 pM and for three sets of carbonate
conditions. The best-fitting was obtained using the set of surface complexation reactions shown in
Table 2.2. Aqueous reactions were set at values from a critically-reviewed database (Table A-2).
In addition to the surface deprotonation reaction (Reaction 1) discussed previously, four additional
reactions (Reactions 2-5) were included for UO2%* binding to the rhamnolipid carboxyl groups on
the IONPs. The logK values were obtained using MINFIT, which interacts with MINEQL+ to
optimize equilibrium constants by minimizing the residual sum of squares between experimental

and modeled data.®®

Reactions 2 and 3 were first used to fit the carbonate-free system, and their logK values
were estimated. Reaction 4 was then added to Reactions 2-3 to model the systems with fixed DIC
and open to the atmosphere. Various combinations of just two of the reactions in the set that
included Reactions 2-4 were attempted for fitting, but none of these provided as good of a fit as
that provided with all three present, especially for fixed DIC conditions. Consequently, the
combination of Reactions 2-4 was selected and optimized log K values for each reaction were
obtained using MINFIT. The addition of Reaction 4 provided a good fit for carbonate-containing
systems at pH values < 8, but it underestimated the adsorption percentages at higher pH values.
This necessitated the inclusion of another surface complexation reaction that could better describe
the fixed DIC and open to atmosphere systems at higher pH values. Reaction 5 was added to the

earlier set of reactions and an optimum set of constants was obtained. The inclusion of Reaction 5
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in the set of reactions reduced the residual sum of squares between experimental data and modelled

data by 50%.

Table 2.2: Reactions and Parameters for Diffuse Double Layer (DLM) and Non-Electrostatic Model
(NEM)

DLM Eb

Reactions o
1 SITEOH =SITEO +H* -3.60 5.60
2 UO2* + H0 + SITEOH = SITEOUO,0H + 2H* -4.45 -4.12
3 U0 +2H;0 + SITEOH = SITEOUO,OH;" + 3H* -8.55 -10.55
4 U0 +2C0O%% + SITEOH = SITEOUO,(COs)% + H* 24.60 18.00
5 U022+ 3C0s* + SITEOH = SITEOUO,(CO3)s® + H* 33.50 19.80

NEM was also fitted to adsorption edge data following the same approach used for DLM
fitting (Figure 2.5b). The model was able to describe the carbonate-free system, but it was not able
to capture all the features of the systems with dissolved inorganic carbon. The model was also not
able to differentiate between the difference in adsorption percentages obtained at different U(VI)
loadings, which was prominent in DLM. The main reason for this was that NEM does not consider
the change in surface characteristics of the adsorbent (e.g., change in surface charge) as those are

altered by adsorption.

The developed models (DLM and NEM) were also used to fit the adsorption isotherms.
The results obtained for the DLM model are shown in Figure 2.4, and the fitting obtained for NEM
model is shown in Figure A-4. The developed SCM models, NEM and DLM were able to describe
the trends observed for both open to atmosphere and carbonate-free systems, however, the

maximum sorption capacities were overpredicted by the models. The overprediction may be
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attributed to bidentate inner-sphere complexation of UO,?* with rhamnolipid moieties. The actual
mode of UO2%" adsorption to the rhamnolipid-coated IONPs may involve binding to two
rhamnolipid functional groups, which would result in a decrease of the maximum sorption capacity
of U(VI). Earlier studies on U(VI) sorption to mineral surfaces suggest that both monodentate and

bidentate surface complexes are favorable under different pH and carbonate conditions.**%0%

2.4 Conclusions

Based on the optimized particle systems described here, rhamnolipid is a highly effective,
biocompatible coating for stabilizing engineered iron oxide nanoparticles. The use of naturally
occurring biosurfactant coatings may be developed as an environmentally benign and cost-
effective way for stabilizing nanoparticles in water. The data also show that rhamnolipid-coated
nanoparticles act as strong sorbents for U(VI) and can be used for its removal from water over a
broad range of water chemistries. The set of four reactions included in SCM were able to predict
the adsorption behavior of U(VI) over a wide range of pH and at three different carbonate
conditions and two total U(VI1) loadings. Excellent agreement between experimental and SCM-
predicted sorption values indicate that both electrostatic and chemical interactions are important
to U(VI) removal using rhamnolipid-coated IONPs. While these results are promising, further
research is needed to systematically investigate the efficiency of these rhamnolipid-coated
nanoparticles in real water systems. There is also a need to explore the efficacy of other
biosurfactants for the stabilization of these and similar nanoparticles being considered for

treatment processes, among other aqueous-based technologies.
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Chapter 3: Trace Metals Uptake to Soils and

Sediments from Natural Aguatic Systems

3.1 Introduction

Trace metals can enter aquatic environments from natural and anthropogenic sources. Natural
phenomena responsible for trace metal addition in environmental systems are weathering, soil
erosion, sediment re-suspension, and airborne transport following volcanic eruptions.>®® Trace
metals can also be introduced anthropogenically from influxes of waters enriched in metals from
industrial and municipal activities, application of metal-bearing solids, and atmospheric
deposition.®*1% Understanding the response of wetlands and stream sediments to metal addition

can help predict the fate of metals following both natural and anthropogenic metal inputs.

The behavior, fate, and transport of metals in wetlands and stream sediments is governed
by binding to mineral surfaces and organic matter and coprecipitation as minerals.”%1! Sulfide
minerals serve as important hosts for metals. Zn and Cu can displace iron from FeS and can form
separate sulfide mineral phases such as covellite (CuS) and sphalerite (ZnS).”® Iron minerals can
immobilize trace metals through adsorption and co-precipitation mechanisms.2° Additionally,
Fe(I)-bearing minerals and reactions of Fe(11) on mineral surfaces may alter the mobility of metals
by chemically reducing them.%? Particulate organic matter has a high affinity for trace metals and
alters their speciation and bioavailability through complexation.’®® Sediments containing clay
minerals, especially smectites, bind metals due to their active surfaces and ion-exchange

sites.%0104-107 Clay minerals in the fine fraction of sediments can sorb high concentrations of metals
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due to their large specific surface area, chemical and mechanical stability, and high cation

exchange Capacity,lo‘HOG'lOS

Trace metals pose health and ecosystems risks at high concentrations due to their potential
toxicity and bioaccumulation, but many trace metals also serve as essential elements for
biogeochemical processes.>>424 Biogeochemical processes such as methanogenesis and
anaerobic methane oxidation require transition metals, mainly Co and Ni, for completion. Aerobic
methanotrophy and nitrous oxide (N20) production in denitrification are dependent on the
availability of Fe, Mo, and Cu.>>* Laboratory studies on pure cultures have indicated that
optimum availability of Cu promotes N2O reduction to N2 during denitrification.*>® Similarly, the
growth of methanogens is substantially increased when Ni and Co are sufficiently available.®
Trace metals can adsorb to solid phases and coprecipitate as sulfides in wetland soils and stream
sediments, which can limit their availability in the pore water to serve as trace nutrients for

biogeochemical processes such as denitrification and methanogenesis. %110

A more complete understanding of the reactivity of trace metals in aquatic systems can
enable more accurate predictions of metal transport in subsurface systems and improved models
for estimating greenhouse gas emissions from natural landscapes.'! Insight into the molecular-
level speciation of the trace metals in soils and sediments can help predict their bioavailability in
natural systems.'*2 Our recent study on trace metal speciation in uncontaminated wetland soils and
stream sediments found that the majority of trace metals were associated with sulfides or other
mineral phases, and hence have limited availability for biogeochemical processes.''® This study
indicated that diverse aquatic systems with substantial differences in location and mineralogy

showed similar trace metal speciation.! This previous study motivated the present study’s interest
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in determining whether or not the speciation of trace metals at different loadings reflected the

speciation at geological background levels.

The objective of this study was to understand the factors governing the fate of trace metals
added in dissolved form to three different natural aquatic systems. We quantified Cu, Zn and Ni
uptake trends on samples collected from wetland soils and stream sediments and assessed the
relationship between uptake and the characteristics of the soils and sediments. We investigated
metal speciation using X-ray absorption spectroscopy (XAS) to determine the major components
associated with metal uptake at the selected sites at low and high loadings. This approach provided
an understanding of the differences between the speciation of added metals and those originally

present in the soils and sediments.

3.2 Materials and Methods

3.2.1 Materials

Copper chloride dihydrate (99.99%), nickel chloride hexahydrate (99.99%) and zinc chloride
(98%) salts used to prepare stock solutions were purchased from Sigma Aldrich. All other salts
(sodium chloride, potassium chloride, sodium nitrate, sodium sulfate, magnesium chloride
hexahydrate, magnesium sulfate, calcium sulfate dihydrate, ammonium chloride and disodium
phosphate) used for preparing artificial water for conducting uptake studies were purchased from
Thermo Fisher Scientific and were of reagent grade. Nitric acid (trace metal grade) purchased from

Thermo Fisher Scientific was used for acidifying samples for dissolved metal analysis.
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3.2.2 Site Description and Sampling Information

The samples for the study were collected from three different natural aquatic systems: marsh
wetlands at Argonne National Laboratory (ANL), Illinois USA, stream sediments at East Fork
Poplar Creek (EFPC) at Oak Ridge National Laboratory, Tennessee USA, and riparian wetlands
of Tims Branch (TB) at Savannah River National Laboratory, South Carolina USA. Two sampling
locations were selected at each of the three sites. These six locations are referred to as Marsh 1,
Marsh 2, Stream 1, Stream 2, Riparian 1, and Riparian 2 in further discussion. Information on the
location of the sampling sites and the detailed procedure for the collection of the soils and

sediments are in our recent study**® and in the appendix (Section B.1).

3.2.3 Characterization

The concentrations of Cu, Ni and Zn in water samples collected from the sites were determined by
inductively coupled plasma-mass spectrometry (ICP-MS, PerkinElmer Elan DRC 11, details in
appendix B.1). Total metal concentrations in the soils and sediments were determined using a
microwave digestion method followed by elemental analysis (details in section B.2).1'* Specific
surface areas were measured using BET N2 adsorption (Quantachrome Nova 2000e), and total
organic carbon (TOC) contents were determined using the solid sample analysis module of a total
organic carbon analyzer (Shimadzu TOC-L CPH/CPN). For TOC analysis, sediments were dried
and then combusted at 900°C to determine the total carbon content. The inorganic carbon content
in the samples was determined by heating them at 200°C in a total inorganic carbon chamber. The
organic carbon was obtained as the difference between the total and inorganic carbon contents.
The total sulfur content was determined using an Elementar Vario MACRO cube CHNS

analyzer.!t3
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3.2.4 Metal Uptake

Batch Cu, Zn and Ni uptake experiments were performed in an anaerobic chamber on soils and
sediments collected from the three anoxic subsurface aquatic systems. These soils and sediments
were always maintained under anaerobic conditions before conducting the studies to maintain
original metal speciation. For each experiment, wet soil (0.2 g equivalent dry mass) obtained from
the top 0-5 cm of each soil or sediment core was added to 15 mL polypropylene tubes that were
then filled with 10 mL of deoxygenated simulated site water (recipes in Table B-1 in Appendix
B). The dry mass was determined on a separate portion of soil/sediment by drying at 120°C until
a constant mass was achieved. The initially added metal concentrations were varied from 0.5 uM
to 1000 uM, and the samples were equilibrated for 24 hours with mixing provided by end-over-
end rotation. The water was deoxygenated by bubbling N2 gas through ultrapure water for 4-5
hours, followed by bubbling in an anaerobic chamber in sequence through a ferrous chloride/KOH
solution and deionized water for 3 hours. The pH was adjusted to target values of ~7.0 for marsh
and riparian sites and maintained at ~7.6 for stream sites using HCI and NaOH solutions. For
riparian wetland soils, the uptake studies were also conducted at pH 5 to determine uptake at actual
field conditions (pH of the surface water at riparian sites is approximately 5).1** Control
experiments were conducted to monitor any loss of metals from the solution in the absence of soil
or sediment. Equilibrium solubility calculations were conducted in MINEQL+ V5.0 to determine
the conditions at which precipitation might occur (Figure B-1).1%° These calculations indicated that
Ni and Zn will not form precipitates at any of the conditions studied but that Cu precipitation might
occur at loadings > 10 uM in marsh wetland soils and stream sediments. To avoid precipitation,
Cu was added in steps of 10 uM in metal uptake studies conducted on marsh wetland soils and

stream sediments. The tubes were wrapped in aluminum foil to prevent any photochemical
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reactions. The pH was readjusted after 4 hours and 8 hours. After 24 hours of equilibration, the
final pH was measured, and the samples were filtered using 0.22 um MCE filters and were diluted
and acidified to 1% HNO3 (trace metal grade) for dissolved metal analysis using ICP-MS. In a
previous study with materials from these sites, we determined that equilibrium solid-water

partitioning of Cu was reached within 12 h.11

3.2.5 Spectroscopic Analysis

X-ray absorption spectroscopy (XAS) is a well-established tool for determining the chemical
speciation of metals in soils and sediments. XAS was performed on the samples collected from
Marsh 1, Stream 1, Riparian 1, and Riparian 2 after metal uptake experiments to determine the
speciation of Cu, Ni and Zn recently taken up by the soils and sediments. For Riparian 1 and
Riparian 2 soils, spectra were collected on samples from uptake studies performed at pH 5. Two
doses, 50 uM (1 umol/g) and 500 uM (10 pmol/g) were considered for each metal in this study.
The soils or sediments (0.5 g dry mass) were equilibrated with these doses for 24 hours, and
samples were then collected on membrane filters (MCE) for XAS. The supernatants were collected
and acidified for dissolved metal analysis using ICP-MS. The metal-loaded soils and sediments
were added as wet pastes to polycarbonate sample holders using Kapton tape and heat-sealed in
polyethylene bags to preserve anaerobic conditions before analysis. Each polyethylene bag
contained a piece of laboratory tissue moistened with ultrapure water to prevent desiccation. A set
of Zn, Ni and Cu standards were also prepared for measuring XANES spectra (Figure B-2-Figure

B-4).

Fluorescence-yield XANES spectra of unamended samples, as well as samples with added
metals, were collected at the Stanford Synchrotron Radiation Lightsource (SSRL) beamline 11-2.

The incident beam energy was selected using a Si(220) double crystal, variable-exit
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monochromator with phi = 90° orientation. Three to ten scans were collected for each sample and
then averaged to reduce the noise level; no scan-to-scan variations in edge position or features
were observed. Metal foils were used to calibrate the incident beam energy and the K-edges were
set to 8979 eV, 9659 eV, and 8333 eV for Cu, Zn, and Ni, respectively. XANES spectra obtained
at SSRL were background subtracted and averaged using SIXPACK and were further normalized
and analyzed using ATHENA."118 Principal component analysis (PCA) was used to determine
the minimum number of components required to explain all the features of the XANES region of
the spectra.®17119 Target transformation (TT) analysis was then performed on a set of standards
to select the model compounds most likely to occur in a set of samples. These selected model
compounds were further used in linear combination fitting (LCF) to determine the abundance of
the components in the samples analyzed.®"11° We used the combinational LCF approach, where
all combinations of the spectra of relevant standards identified by TT were fit to the sample spectra.
The fit with the lowest chi-squared value was selected as the optimum. Fitted components were
grouped into specific categories (Table B-2-Table B-4) representing the species governing trace

metal uptake at the evaluated sites.

3.3 Results and Discussion

3.3.1 Solid Phase Characterization

The total concentration of trace metals in the unamended soils and sediments followed the trend
Zn > Cu > Ni (Table B-5). The wetland soils from Marsh 1 had the highest solid-phase Cu (730
nmol/g), Zn (2100 nmol/g) and Ni (420 nmol/g), and the Riparian 1 soils from riparian wetlands

had the lowest solid-phase trace metals concentrations (Cu: 30 nmol/g; Ni: 40 nmol/g; Zn: 100
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nmol/g). The total concentrations of the metals in the soils and sediments lie in the typical ranges

expected for uncontaminated natural aquatic systems.'?

The organic carbon content, specific surface area (SSA), iron content, and sulfur content
of soil samples were determined (Table B-5). Marsh 1 soils are rich in organic carbon (Marsh 1:
10.26% and Marsh 2: 9.83%) and sulfur (Marsh 1: 2.57 mg/g and 3.12 mg/g) as compared to the
riparian soils and stream sediments. The total iron contents of the samples were similar at all the
sites (20-35 mg/g), except for the wetland soil at Riparian 1 where the concentration of Fe was 10-
fold less than at other sites. The values of specific surface area (SSA) lie within the range typically
observed for sediments.?122 The SSA was measured so that metal uptake results could be
normalized to surface area for comparing metal uptake across different sites. The details on the
mineral composition and metal concentrations in the surface water are indicated in our previous

study!'® and in the appendix (section B.3).

3.3.2 Macroscopic Metal Uptake

Cu, Zn, and Ni uptake by soils and sediments was measured following their additions to
suspensions in dissolved forms (Figure 3.1). All the soils and sediments took up large fractions of
the added metals. The control experiments with metal addition but no soils or sediments confirmed
that there was no precipitation of metals from solution or adsorption to the walls of the tubes at the
experimental conditions. Based on the amount of metals taken up by the solids, stream sediments
and riparian wetland soils follow the order Cu > Zn > Ni at all the loadings studied. For marsh
wetland soils, Zn uptake is higher than Cu and Ni at low loadings, however, at high loadings, the

same trend as stream sediments and riparian wetland soils (i.e., Cu > Zn > Ni) was observed.
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Figure 3.1: Solid-water partitioning of (a) Cu (b) Ni and (c) Zn on soils and sediments collected
from different sites. pH considered for Marsh 1 and Marsh 2 is 7, Stream 2 and Stream 1 is 7.6 and
Riparian 1 and Riparian 2 is 7. The equilibration time is 24 hours.

Even after normalization to the specific surface area of sediments, there was significant
variation in the metal uptake across materials from different sites, especially for Cu (Figure 3.1a).
For Cu uptake, stream sediments had more uptake than wetland soils at all studied loadings. This
may be related to the stream sediments containing the highest amount of elemental sulfur of the
materials studied; the reaction of the dissolved metals with elemental sulfur can result in
precipitation of metal sulfides, such as CuS.*** Maximum Ni uptake was similar across the marsh
wetland soils and riparian wetland soils (Figure 3.1b). The uptake behavior of Ni on stream
sediments was different from other sites. Stream 1 sediments showed more Ni uptake at low
loadings, and the uptake capacity of Stream 2 sediments was substantially lower than other sites
at high loadings. Riparian wetland soils adsorbed less Zn at low loadings as compared to marsh
soils and stream sediments, however, this trend was reversed at high Zn addition. The variability
in uptake behavior of metals suggests that different moieties in the solid phases governed metal

immobilization in different locations of the selected natural aquatic systems.
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Sulfur 0.41
(mgal/g) (0.04)
Organic 0.37 0.88
Carbon (%) (0.07) (<0.001)
Cu -0.04 -0.37
(1 pmol/g) (0.8) (0.07)
Cu 0.10 -0.32 0.99
(10 umol/g) (0.6) (0.1) (<0.001)
Ni -0.13 -0.46 0.41 0.32
(1 pmol/g) (0.5) (0.04) (0.04) (0.09)
Ni -0.32 0.41 0.15 -0.19 -0.24 0.74
(10 umol/g) (0.1) (0.03) (0.5) (0.3) (0.1) (<0.001)
Zn -0.08 -0.05 -0.49 0.89 0.87 0.66 0.23
(1 pmol/g) (0.7) (0.8) (0.01) (<0.001) | (<0.001) | (<0.001) (0.1)
Zn -0.21 -0.17 0.87 0.84 0.76 0.30 0.92
(10 umol/g) (0.3) (0.4) (<0.001) | (<0.001) | (<0.001) (0.09) (<0.001)
Iron Sulfur Organic Cu Cu Ni Ni Zn

(mgl/g) (mg/g) Carbon (%) (1 pmol/g) (10 umol/g) (1 pmol/g) (10 yumol/g) (1 umol/g)

Figure 3.2: Correlation coefficients (r) between Kp and solid-phase composition for different soils

and stream sediments. The values in parentheses indicate the significance level (p-values).

The effect of changing the pH from 7 to 5 on the metal uptake of the riparian wetland soil
was evaluated to understand the uptake behavior at field conditions (Figure B-5,Figure B-6). The
shift in pH from 7 to 5 substantially affected Cu uptake on Riparian 1 soils, indicating lower
adsorption on mineral phases at low pH values. At a loading of 10 umol/g, Cu uptake was 1.3%
lower in Riparian 2 soils and 45% lower in Riparian 1 soils at pH 5 than at pH 7. Zn uptake was
also lower at pH 5 than at pH 7 with 10.3% and 8.8% less uptake at 10 pmol/g loading in Riparian
2 and Riparian 1 soils, respectively. The differences in Ni uptake between pH 5 and 7 were

negligible at both Riparian 1 and Riparian 2 locations.

To examine the correlation between metal uptake and total iron, sulfur, and organic carbon

in the samples, a single quantitative measure of metal uptake was needed. We chose Kp

(solid—phase concentration

) values for this measure, and these were determined at low (1 pmol/g)

solute concentration
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and high metal (10 umol/g) loadings (Table B-6). To account for SSA in determining Kp, the solid
phase concentrations were calculated in terms of pmol/m?. The Kp values obtained were used to
determine correlation coefficients (r) between metal uptake and major elements (Fe, S, and organic
carbon) in the soils and sediments (Figure 3.2). We did not observe any correlation between Fe, S,
and organic carbon contents in the samples and metal uptake trends, suggesting that the total Fe,
S, and organic carbon contents at the sites do not provide insight into the processes controlling
metal uptake by the soils and sediments. Further information on chemical speciation is required to

determine the factors driving metal uptake at the selected sites.
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Figure 3.3: Amount of (a) Cu (b) Ni and (c) Zn remaining in the supernatant at the end of the
uptake experiments. pH considered for Marsh 1 and Marsh 2 is 7, Stream 2 and Stream 1 is 7.6 and
Riparian 1 and Riparian 2 is 7. The equilibration time is 24 hours. Shaded areas indicate optimum

Cu and Ni concentrations required for denitrification and methanogenesis, respectively.

The correlation coefficients indicated relationships in the binding behavior of trace metals
studied. The Kp values of Cu and Zn were strongly correlated (r > 0.80) with each other at low
and high loadings, whereas Ni correlated poorly with Cu and Zn, especially at high loadings. For
all the sites, Ni showed lower adsorption as compared to Cu and Zn as high Ni concentrations were

observed in the dissolved phase at similar trace metal amendments (Figure 3.3) causing a poor
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correlation between Kp values of Ni and Cu/Zn. With increased loading i.e. from 1 pumol/ g to 10
pmol/g, Kp values of Ni and Zn decreased, whereas the Kp values increased in the case of Cu.
High Kp values at high Cu loadings indicate a stronger affinity of soils/sediments towards Cu as

compared to Ni and Zn.

3.3.3 Implications of Metal Uptake for Biogeochemical Processes

The metal uptake trends provided information on the metal amendments required to raise
concentrations to optimum levels required for biogeochemical processes occurring in natural
environments (Figure 3.3). Even after 1 umol/g Cu addition to Stream 1 and Stream 2 sediments,
the resulting Cu concentrations in the supernatant after uptake are less than the optimum (0.003
UM -0.020 puM, shaded area in Figure 3.3a) required for denitrification in pure cultures.*?* The
limited availability of Cu might inhibit N2O reduction to N2, which makes these sites potential
sources of N2O to the atmosphere. At riparian and marsh wetland sites, background dissolved Cu
concentrations in the water samples (50-100 nM) are above the optimum range (3 nM -10 nM)
required for the completion of denitrification in pure cultures. However, changes in redox and
hydrological conditions and phenomena such as sulfide scavenging and adsorption of Cu to Fe/Mn
oxides and organic matter present in soils can limit Cu bioavailability. In our recent study on the
role of Cu in N2O reduction to N2 in natural aquatic systems, we observed transient as well as
permanent accumulation of N2O in microcosms with riparian wetland soils (Riparian 1 and
Riparian 2), Stream 1 sediments, and Marsh 1 soils.*® Upon addition of Cu to obtain dissolved
concentrations in the range of 10-300 nM, we noted decreased N>O accumulation in all the
systems.!® Because of complexation of Cu by dissolved organic matter that limits the
bioavailability of a portion of the dissolved Cu, the dissolved Cu concentrations needed to alleviate
Cu limitations of microbial reduction of N.O were somewhat higher than in experiments with pure
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cultures and simple aqueous solutions. Similarly, the concentration of Ni in the supernatant after
uptake (Figure 3.3b) suggests that 0.5-1 umol/g Ni addition is required at all sites to raise the
dissolved Ni concentration to optimum levels for methanogenesis (0.2- 2uM, shaded area in Figure
3.3b). Thus, the limitation of Ni and Cu can be an important factor in governing greenhouse gas

emissions from the studied soils and sediments.

3.3.4 Interpretation of Metal Uptake Data using XANES Analysis

XAS was employed to determine the solid-phase metal speciation in the soils after uptake. PCA
combined with target transformation analysis was performed on model compounds (Figure B-2-
Figure B-4) and each metal spectra set (Figure B-7Figure B-9) to identify the number of
components and then select the relevant model compounds for LCF.1"119 LCF was then used to
obtain the speciation of the added metals at both low (1 pmol/g) and high metal loadings (10
umol/g).12%124 The speciation of the metals in the unamended soils was obtained from our previous
study.!!® For Cu speciation after uptake we selected five different categories: Cu precipitated as
sulfides (CuS and Cu»S), amine bound, thiol bound, adsorbed, and Cu(0) (Table B-2). The
adsorbed Cu category included the spectra of aqueous Cu(ll) ions because the spectra of aqueous
ions are indistinguishable from those adsorbed at cation exchanges species on clay minerals
(Figure B-2). For understanding Ni speciation in soils and sediments after uptake, five categories
were also used: NiS, amine bound, adsorbed, thiol bound, and clay structures (Table B-3). The
clay structure fraction included metals substituted into octahedral sheets in phyllosilicates and
related phases. The clay structures category is a separate grouping from adsorbed and refers to the
Ni incorporated in the clay structure, which has spectra distinct from that of cation exchanged Ni
(Figure B-3). Five categories were also used for Zn speciation after uptake: ZnS, thiol bound, ZnO,

adsorbed, and clay structures (Table B-4). The spectra of Zn bound to carboxylic acids was similar
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to aqueous and cation-exchanged Zn and hence was included in the adsorbed Zn category (Figure

B-4).

3.3.5 Cu Speciation following Cu Addition to Soils and Sediments

The speciation of Cu did not vary substantially between unamended samples and soils and
sediments following Cu addition at low loading (1 pumol/g) (Figure 3.4). Cu was predominantly
present in a form similar to covellite (CuS) in all the unamended soils and sediments, except in
Riparian 1 where the adsorbed fraction and Cu>S solid also occurred as a significant proportion.
The mass concentration of each species (Figure B-10) before and after Cu uptake shows that the
background Cu retained its original speciation when additional Cu was added to all samples, with
an exception of Riparian 1 soils. In Riparian 1 soils, the addition of Cu at low loading altered the
speciation of Cu originally present in the soils as Cu initially in the adsorbed form in unamended
soils either converted into Cu(0) or Cu.S upon Cu addition. At 1 pmol/g loading, the added Cu
predominantly binds to the soils by forming a stable CuS-like or Cu,S solid species for all sites.
The observation of added Cu associated with reduced sulfur highlights the importance of the
presence of sulfides or sulfate-reducing conditions in the studied soils and sediments (Figure 3.4a-
d). Previous studies of Cu speciation in soils and sediments also observed the presence of Cu
sulfides due to their high thermodynamic stability under sulfate-reducing conditions.10%110
Reactive sulfide species, such as FeS and aqueous sulfides are known for binding high

concentrations of trace metals under anoxic conditions.12>126
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Figure 3.4: Linear combination fitting results of XANES spectra for metals in unamended soils and
sediments and after uptake for (a-d) Cu, (e-f) Ni, (i-1) Zn through i-I for the Marsh 1 wetland soils

(a, e, and i), Stream 1 sediments (b, f, j), Riparian 1 wetland soils (c, g, and k), and Riparian 2
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High Cu in soils and sediments was taken up by the solids in forms different than those
observed in unamended samples and at low Cu loadings (Figure 3.4 a-d). At high Cu loadings, the
speciation of Cu also varied significantly between the different sites. The dominant Cu species at
high Cu loading included Cu,S-like species in stream sediments and Riparian 2 soils, thiol bound
Cu in Marsh 1 soils, and adsorbed Cu in Riparian 1 soils. The formation of stable CuS-like species
at high Cu loading in Stream 1 sediments suggests the presence of sulfides to sequester high
concentrations of dissolved Cu.1%110127.128 |n Marsh 1 and Riparian 2 samples, the percentage of
added Cu that binds to sulfides decreased at high loading, however, the amount present in the form
of Cu(0) and that bound to thiol groups on organic matter increased. Under anoxic conditions and
in low sulfide environments, Cu(ll) can undergo reduction to Cu(l) by reaction with Fe(ll) or
redox-active functional groups of organic matter or by the action of microorganisms.?®13 The
Cu(l) species may form strong complexes with thiol groups of organic matter (R-SH)**3 or may be
further reduced to metallic Cu(0).%2*** Metallic Cu(0), often in nanoparticulate form, has been
observed in earlier studies in the roots of wetland plants, organic-rich bog soils and contaminated
soils upon flooding.**>*%" Photoreduction of Cu(ll) from X-ray beams during data collection,
which has been observed during earlier studies of organic Cu complexes,**®-14° did not occur for
these samples. Individual scans of samples containing Cu(0) did not display progressive changes
in XANES features during data collection, Further, a wide array of samples of similar composition
showed no Cu(0), and elemental copper was not observed to form in unamended wetland soils and

stream sediment samples during data collection under similar conditions.*®

3.3.6 Ni Speciation following Cu Addition to Soils and Sediments

The added Ni dominantly bound to the soils and sediments in adsorbed forms or as nickel

sulfide (NiS) (Figure 3.4 e-h). In the unamended soils and sediments, Ni associated with clay
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mineral structures was the dominant fraction (46-60%) in all the samples. The fraction of Ni
associated with clays decreased significantly when additional Ni was introduced to the soils and
sediments. The freshly added Ni was taken up by the solid phase as NiS or bound to reduced sulfur
groups on the organic matter with a significant fraction also present in the adsorbed form. The Ni
mass balance before and after uptake (Figure B-11) showed that the Ni speciation in unamended
soils was retained even after the addition of Ni at low and high loadings. In marsh wetland soils
and stream sediments, sulfide moieties controlled Ni speciation at low loading (Figure 3.4 e-f) as
most of the added Ni (61% for Marsh 1 and 88% for Stream 1) was taken up either in the form of
NiS or bound to thiol groups on organic matter. At high loading, the presence of reactive sulfide
species still dominated Ni uptake by stream sediments (81%), however, in marsh wetland soils the
added Ni was primarily taken up in the form of the adsorbed fraction (80%). In the case of riparian
wetland soils (Figure 3.4 g-h), the adsorbed fraction played a dominant role in immobilizing Ni at
low and high loadings. The speciation results indicated that Ni showed more affinity to adsorb

onto mineral phases than forming sulfide precipitates in the wetland soils.

3.3.7 Zn Speciation following Cu Addition to Soils and Sediments

Similar to Cu and Ni, the speciation of added Zn varied in unamended samples and Zn-
loaded soils and sediments. The speciation of the Zn originally present in the soils, except for the
zinc oxide component, was conserved even after the addition of Zn at both low and high
concentrations (Figure B-12). The observation of ZnO in the solid-phases is associated with
contamination from beamline components (section B.4).11® In marsh wetland soils and stream
sediments, Zn speciation in unamended samples as well as after Zn addition at low loading was
similar (Figure 3.4 i-j). At low loading, the speciation of Zn taken up on marsh wetland soils and
stream sediments consisted of adsorbed species, Zn associated with the structures of clay minerals,
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and Zn co-precipitated in the form of sulfides or complexed to thiol moieties. At high loading, the
samples lacked a clay-associated component in both the marsh wetland soils and the stream
sediments. Zn uptake at high loadings was dominated by the adsorbed fraction for the marsh
wetland soils; however, adsorption, complexation to thiol groups and co-precipitation as sulfide
minerals are possible mechanisms responsible for decreasing the dissolved Zn in the stream
sediments. The fraction of Zn bound in the form of sulfides or complexed to thiol groups of organic
matter is significantly higher in the stream sediments than in marsh wetland soils at low as well as

high loading.

In unamended riparian wetland soils, clay-associated Zn was absent, and the samples
contained Zn associated with sulfides. The thiol bound fraction was absent in Riparian 2
unamended soils and the Zn speciation was dominated by the adsorbed fraction. Upon addition of
Zn at low and high concentrations, the speciation is dominated by adsorbed forms in Riparian 1
and Riparian 2 soils, however, very small fractions became associated with clays and sulfides

present in the Riparian 1 and Riparian 2 soils, respectively.

3.3.8 Dominant Mechanisms of Metal Uptake

The metal speciation determined using XAS helped identify the mechanisms driving Cu,
Ni and Zn uptake at different loadings on soils and sediments collected from three different natural
systems (Table B-7). Reaction with sulfide species to form CuS/Cu>S dominated Cu uptake at low
loadings in all the systems, which indicates sufficient reduced sulfur species to sequester Cu in the
form of Cu sulfides. Cu(ll) has more affinity towards sulfur moieties than the other trace metals
(Ni, Co, and Zn) and forms a variety of sulfide precipitates.1%14142 Dye to the higher affinity of

Cu to form sulfides, we observed a high abundance of CuS/CusS even in Riparian 1 wetland soils
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with very low total sulfur content (0.091%). In sulfur-limited systems, such as the wetland soils
and stream sediments evaluated in this study (total sulfur < 0.3%), the formation of Cu(0) and
Cu(l) complexation to thiol groups on organic matter are important mechanisms for decreasing the
mobility of Cu.'?%!3 Due to limited availability of reduced sulfur moieties to precipitate Cu
sulfides at high loadings, the formation of Cu(0) and thiol-bound Cu was observed in riparian and
marsh wetland soils. Reaction with sulfide species and adsorption decreased Ni availability in
marsh wetland soils; sulfide moieties dominated Ni uptake in stream sediments, and only
adsorption controlled Ni uptake in riparian wetland soils. Zn uptake is dominated by reactive
sulfide species and adsorption in marsh wetland and stream sediments sites, and similar to Ni only

adsorption affected uptake of Zn in riparian wetland soils.

Metal speciation information from XANES helped us interpret the differences in Cu uptake
behavior among the different soils and sediments. Metal uptake (Figure 3.1) results revealed that
stream sediments showed more Cu uptake than soils at the marsh and riparian wetlands which may
signify different binding mechanisms. The difference in the uptake can be attributed to the limited
availability of reactive sulfide species in the marsh and riparian wetland soils to bind added Cu,
and competition from other metal cations for reaction with a limited amount of sulfide present in
the soils.*¥” Formation of Cu(0) and associations with thiol-containing ligands at high loading in
the case of Marsh 1 and Riparian 2 further support the limited availability of reduced sulfur species
to form Cu sulfide precipitates in these soils. Riparian wetlands, Riparian 1 and Riparian 2, show
substantially different Cu uptake trends at pH 5 (Figure B-5) as Riparian 2 soils showed more
uptake of Cu especially at the high loadings. The reason for substantial difference in Cu uptake at

high loadings on these riparian wetland soils can be interpreted from their speciation results
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(Figure 3.4 c-d). Cu is dominantly taken up in the adsorbed fraction in Riparian 1 soils, whereas

at Riparian 2 site, formation of sulfide precipitates or Cu(0) governed Cu immobilization.

The variation in dominant speciation at different sites provided insight into the differences
observed in Ni and Zn uptake behavior. Ni uptake trends showed that Stream 1 sediments bind
more Ni at lower loadings than other studied sites (Figure 3.1b). This high uptake capacity at low
loadings can be attributed to the fact that sulfides dominate Ni uptake in Stream 1, whereas at other
sites Ni is also substantially bound to the adsorbed fraction. Previous studies indicate that
chalcophile metals easily precipitate with sulfides under anoxic conditions to form sulfide
precipitates, %141 and hence availability of sulfur to sequester Ni increased Ni uptake in Stream 1
at low loadings. Zn uptake was similar across the marsh wetland soils and stream sediments at
low loadings, which can be attributed to the similar binding mechanisms (Figure 3.4 i-j) as revealed
by LCF results. The decrease in Zn uptake at high loading in marsh wetland soils may be due to
the lower affinity of Zn for the mineral phases present in the soils because at high loading Zn
uptake is driven by binding to mineral phases rather than by association with sulfides (Figure 3.4i).
The uptake of Zn on riparian wetland soils was less than on the materials from other sites at lower
loadings, and this trend can be attributed to the absence of reactive sulfide species in riparian

wetland soils.

3.4 Environmental Implications

The speciation of the added metals varied substantially from the speciation originally present
in unamended soils and sediments. This observation indicates that the background speciation of
metals is not an appropriate predictor of the lability of freshly added metals to these terrestrial

aquatic systems. The dominant mechanisms governing the availability of added metals strongly
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depend on the solid-phase characteristics (mineralogy, organic matter composition, and speciation
of sulfur moieties) of the soils and sediments. The differences in uptake processes, such as
formation of Cu(0) in wetland soils and not in stream sediments, indicate such differences in
reactive entities of natural aquatic systems. The combined metal uptake and XANES results
indicate consistent differences in speciation of different trace metals. While presence of sulfur
moieties played an important role in immobilizing Cu, Zn was dominantly taken up in the adsorbed
fraction for most sites. These observations showed that distinct geochemical processes are
responsible for immobilizing Cu, Ni, and Zn in the studied wetland soils and stream sediments.
The different binding mechanisms of trace metals will govern their availability under varying
hydrological and environmental conditions. The release of metals from the adsorbed pools and
sulfide precipitates strongly depends upon the pH and redox status of the aquatic systems.
However, decomposition/degradation of organic matter due to microbial activity can mobilize

metals bound to thiol/amine groups on organic matter.’-3144

Metal uptake results on the selected natural samples suggest that the stream sediments might
lack optimum Cu for carrying out complete reduction of N>O to N2 during denitrification.
Similarly, limited availability of Ni can inhibit methanogenesis in all the studied natural systems.
Metal uptake trends can provide information on the amendments of trace metals required to raise

the concentrations to optimum levels for biogeochemical processes.
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Chapter 4: Role of Copper in Nitrous Oxide

Accumulation in Natural Aquatic Systems

This chapter has been published in — Sharma, N., Flynn, E. D., Catalano, J. G., & Giammar, D.
E. (2022). Copper availability governs nitrous oxide accumulation in wetland soils and stream

sediments. Geochimica et Cosmochimica Acta, 327, 96-115.

4.1 Introduction

Nitrous oxide (N20) is a potent greenhouse gas whose global warming potential per unit mass is
265-298 times that of carbon dioxide (CO,) for a 100-year timescale.'*>146 Global N2O emissions
in the decade between 2007-2016 averaged 17 Tg N yr?, of which 57% (9.7 Tg N yrt) were from
natural soils and oceans and ~22% (3.8 Tg N yr!) were from agricultural soils.3” Denitrification,
an anoxic process in which nitrate (NOz") is reduced to N, is a key biogeochemical process that
regulates the amount of N2O released from both terrestrial and aquatic ecosystems into the
atmosphere.®”147:148 Natural aquatic systems, especially those that display vertical redox gradients,
such as wetlands and hyporheic zones in streams, are active sites for denitrification.*%4¢150 Oxic
regions above redox transition zones favor the oxidation of ammonia (NH3) to NOs via
nitrification, and the anoxic regions below redox transition zones promote denitrification with
NO3™ being reduced to nitrite (NO2Y), nitric oxide (NO), N2O, and N2. The incomplete conversion

of NOz and NO2™ to N2 causes N2O to be released from the aquatic systems to the atmosphere.*31°

An array of metalloenzymes that contain Fe, Cu, and Mo are involved in reducing nitrate

and intermediate species to N2 during denitrification.?®2-2° The transformation of NO3 to NO;" is
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catalyzed by respiratory nitrate reductase (Nar), which requires Fe and Mo for complete
conversion.'®31% Depending on the type of microorganism, reduction of NO,” to NO is catalyzed
by either an iron-containing nitrite reductase (NirS) or a Cu-containing nitrite reductase
(NirK).121% NO is rapidly transformed to N.O with an Fe-bearing nitric oxide reductase (cCNOR),

and in the final step, N2O is reduced to N2 by a Cu-rich nitrous oxide reductase (Nos).1*

A scarcity of available Cu can limit the conversion of N>O to N». Laboratory studies of
pure cultures have demonstrated that Cu limitation resulted in N.O accumulation.*>>"1%8 Granger
and Ward (2003) conducted a study with Pseudomonas stutzeri and Paracoccus denitrificans in
an artificial seawater medium to evaluate the effect of Cu on denitrification. They observed that
Cu concentrations of approximately 3 nM caused N2O to accumulate, whereas 10 nM Cu resulted
in increased growth rates and complete conversion of N>O to N.. The growth of denitrifying
microorganisms, Alcaligenes sp. NGIB 11015, Alcaligenes faecalis IAM 1015, and P. stutzeri was

also stimulated by the addition of Cu in the range of 0.5 to 80 pM.71%8

In soils and sediments, high concentrations of Cu can inhibit denitrification, whereas low
availability of Cu can limit microbial activity causing accumulation of intermediate nitrogen
species. In estuarine sediments, the addition of 79 pg g Cu inhibited microbial activity by 85%
and specifically increased the accumulation of NO2™ and N2O °. Similarly, the addition of Cu at
high loadings of 250-1000 pg g increased N.O emissions from soils and wetland sediments 160161,
In these three studies, the associated dissolved Cu concentrations were not measured. While the
three studies just noted had increased accumulation of N2O associated with high Cu, two other
studies found that the addition of Cu to systems with initially low Cu decreased N2O accumulation.
A recent study of freshwater wetland sediments that initially had 37.8 ug g™ Cu and were amended

with CuSOs to have 26 puM dissolved Cu showed an increased abundance of nitrite and nitrous
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oxide reductase genes that enhanced the conversion of N2O to Nz L. Similarly, a study of
freshwater sediments collected from central Indiana also showed that N2O accumulation decreased
when the sediments were amended with 50-100 pg g* Cu %2, On the other hand, the addition of
100 pg L™ Cu did not have any effect on N2O emissions release in freshwater wetland sediments
163 Copper concentrations in uncontaminated environments are typically low 14 and hence
limited Cu bioavailability in such settings may significantly affect N>O conversion via

denitrification.

In natural aquatic systems, the relationship between the total Cu amount in the sediments
and the bioavailable concentration of dissolved Cu is controlled by the presence of solid phases,
such as sulfide minerals, particulate organic carbon, iron and manganese oxyhydroxides, and clay
minerals %52, Changes in aquatic phase parameters, including pH, redox potential, and the
concentration of ligands, can mobilize/immobilize metals from solid phases, thus affecting their
bioavailability "*°. Dissolved Cu is present as a free hydrated ion (Cu?*) and complexes with
hydroxides, inorganic ligands (carbonates and chlorides), and organic ligands (humic and fulvic
acids) depending on the water composition.2®® Strong organic Cu-chelates, such as complexes with
humic acids and fulvic acids, are inert and hence not readily bioavailable, but inorganic hydroxy
and carbonate complexes are labile and might be toxic to some microorganisms at concentrations
as low as 10 pg L1.52166-168 Several studies have reported that Cu has a high affinity for dissolved
organic carbon and exists predominantly as Cu-organic ligand complexes in natural waters 16172,
Thus, even dissolved Cu concentrations that would be expected to be optimal for NoO conversion
(>10 nM) might exert a limiting effect on denitrification in natural environments if the Cu is

predominantly complexed in non-bioavailable forms.
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In natural environments, nitrogen cycling can also occur via processes other than biological
denitrification. These processes include dissimilatory nitrate reduction to ammonium (DNRA),
anaerobic ammonium oxidation (anammox), chemoautotrophic denitrification, and abiotic
photochemical and thermochemical processes 48173174 Other elemental cycles, such as those of
iron and sulfur, play important roles in nitrogen cycling in natural environments. Autotrophic and
mixotrophic denitrifiers can gain energy from mediating the reduction of NOs™ by inorganic
electron donors that include sulfur compounds (S°, S%, S,03?), pyrite (FeSz), Fe?*, Fe®, and Mn?*
175119 additionally, abiotic reduction of NOs/NO; by dissolved Fe(ll) or Fe(l1)-bearing minerals
has been studied extensively as a pathway for N»O or N formation under anoxic conditions 177180~
187 Fe(ll)-rich flooded soils showed decreased N.O emissions because high Fe(ll) concentrations
favored the complete conversion of NOs™ to N 18, A recent study of marine sediments found that
~15-25% of the total N2O released was produced by abiotic nitrite reduction in the presence of

Fe(Il) 18,

The effects of redox conditions, substrate availability, temperature, and pH on
denitrification have been widely studied *411% There has also been significant progress in
understanding the toxic effects of elevated Cu levels on the denitrification pathway, but only
limited studies have investigated the effect of Cu availability on N2O accumulation in
uncontaminated aquatic systems “31°1. A broader understanding of how Cu affects N-cycling in
natural systems can improve the accuracy of ecosystem models, such as the Dynamic Land
Ecosystem Model (DLEM) ¥, used to estimate N.O emissions. The objectives of this study were
to (1) investigate the effect of trace concentrations of dissolved Cu on nitrate reduction and the
formation of reaction products (NO2™ and N.O) with soils and sediments from three different

natural aquatic systems and (2) develop a kinetic model for the denitrification reactions that can
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quantify the effect of Cu addition on the transformation and accumulation of nitrogen species in

environmental systems.

4.2 Materials and Methods

4.2.1 Description of Sites

To investigate the effect of Cu on denitrification, we selected three separate natural aquatic
systems: marsh wetlands at Argonne National Laboratory (ANL) in Lemont, Illinois; riparian
wetlands in the Tims Branch (TB) watershed at the Savannah River Site in Aiken County, South
Carolina; and East Fork Poplar Creek (EFPC) at Oak Ridge National Laboratory (ORNL) in Oak
Ridge, Tennessee. Detailed information on the sampling sites, sampling techniques, and soil
characterization can be found in our recent study on trace metal speciation at these sites *°. Briefly,
soil/sediment and surface water samples were collected from two different locations at each
aquatic system. To identify locations within the sites, we used the labels “Riparian 1” and
“Riparian 2” for Tims Branch riparian wetland soils; “Stream 17 and “Stream 2” for Oak Ridge

stream sediment sites, and “Marsh 17 and “Marsh 2” for Argonne marsh wetland soils.

4.2.2 Sampling and Characterization

Soil or sediment cores were collected in polycarbonate tubes. Cores from the marsh wetland and
riparian wetland were shipped on ice to Washington University in St. Louis, where they were
extruded from the tubes and immediately transferred to an anaerobic chamber (Coy Laboratory
Products, 3% H2/97% N2, with Pd catalyst) to maintain anaerobic conditions. The cores from the
stream sediment site were extruded at ORNL within 1 h of sampling, impulse sealed in
polyethylene pouches in an anaerobic chamber, and stored in a refrigerator at 4°C before being

shipped on ice to Washington University, where they were stored in an anaerobic chamber.
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Surface water samples were filtered using 0.22 um mixed cellulose ester (MCE) syringe
filters. A portion was immediately acidified to 2% nitric acid (HNOs3), and the rest of the filtered
water was stored at 4 °C prior to anion and nutrient analysis. The acidified surface water samples
were analyzed to quantify the dissolved major elements (sodium, magnesium, aluminum, silicon,
potassium, and calcium) and trace metals (cobalt, nickel, copper, and zinc). The major elements
were quantified using a Thermo Scientific iCap 7400 Duo inductively-coupled plasma optical
emission spectrometer (ICP-OES), and the trace metals were quantified with an inductively
coupled plasma mass spectrometer (PerkinElmer Elan DRC Il). The unacidified water samples
were used to measure the concentrations of dissolved anions (Br, CI,, F,, and SO4%) using a
Thermo Scientific Dionex Integrion high-pressure ion chromatograph (IC) with a conductivity
detector. The major elements and trace metals were extracted from the soils/sediments by
microwave-assisted digestion and were analyzed using ICP-OES and ICP-MS, respectively 1,
The extractable nutrients (nitrate, ammonium, and phosphate) in the soils and sediments were
obtained using a 2 M potassium chloride extraction method adapted from previous studies®?1%

and were measured using a Seal Analytical AQ300 Discrete Multi-Chemistry Analyzer.

4.2.3 Reagent Preparation

All the solutions were prepared in an anaerobic chamber (3% H2/97% N2, with Pd catalyst) using
deoxygenated deionized water (>18.2 MQ cm). Deoxygenated water was prepared by bubbling N>
gas through it for 4-5 h, followed by bubbling the water in an anaerobic chamber for 3 h with a
filtered stream of the anaerobic chamber atmosphere that had been passed in sequence through
solutions of ferrous chloride and KOH to remove traces of oxygen and carbon dioxide. A
colorimetric assay (CHEMets test kit K-7511) was used to ensure that the dissolved oxygen level

in the deoxygenated water was below the detection limit (2 pg/L). Copper chloride dihydrate
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(99.99%, Sigma Aldrich) was used to vary the Cu loading in denitrification studies. All other salts
(sodium chloride, potassium chloride, sodium sulfate, magnesium chloride hexahydrate,
magnesium sulfate, calcium sulfate dihydrate, ammonium chloride, and disodium phosphate) used
for preparing simulated site water were purchased from Thermo Fisher Scientific and were of
reagent grade. Sodium nitrate and potassium nitrate (99.9%, Sigma Aldrich) were used for
preparing a stock solution of nitrate. Nitric acid (trace metal grade, Thermo Fisher Scientific) was
used to acidify samples for dissolved metal analysis. Reagents and calibration standards for

nutrient analysis were prepared using reagent grade chemicals.

4.2.4 Laboratory Incubation Experiments

The incubation studies were conducted with the samples from the riparian wetlands (Riparian 2
and Riparian 1), the stream (Stream 2 and Stream 1) and the marsh wetlands (Marsh 1). The two
locations in riparian wetland soils and stream sediments had different total carbon, sulfur, and
metal contents and exhibited different solid-phase speciation of Cu. Both the locations in the marsh
wetland soils showed similar characteristics %!, so the samples from only one marsh wetland
location (Marsh 1) were used in further studies. Cu uptake experiments were performed to
determine the Cu concentration range to consider in the incubation studies. The soils and sediments
were completely homogenized before uptake experiments. These experiments were conducted in
15 mL polypropylene tubes containing 1-200 uM CuCl, and 10 mL of simulated site water,
maintained at the desired pH (5.0 for Riparian 1 and Riparian 2, 7.6 for Stream 1 and Stream 2,
and 7.0 for Marsh 1) and 0.5 g of soil/sediment. The recipe for the simulated water included the
major cations and anions analyzed in the water samples (Table C-1 in Appendix C). Samples were
rotated end-over-end for 24 h to ensure complete mixing. After 4 h and 8 h of rotation, the pH

values were readjusted to the original values, using 1M NaOH and 2M HCI solutions. The
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suspension was then immediately filtered using disposable 0.22 um MCE syringe filters and
acidified to 1% HNOs. Dissolved Cu concentrations were measured by ICP-MS (PerkinElmer,

NexION 2000).

Incubation experiments were initiated under anaerobic conditions in 100 mL serum bottles
containing 2.5 g of homogenized soil/sediment along with 50 mL of simulated site water. The
simulated water only contained major cations and anions and lacked trace metals or Fe and Mn
(Table C-1). The pH of the slurries was adjusted to 5.0 for Riparian 1 and Riparian 2, 7.6 for
Stream 1 and Stream 2, and 7.0 for Marsh 1, using NaOH and HCI solutions. For each site, three
different conditions were studied: no Cu added (control), low Cu loading, and high Cu loading
(loading details are in Table 4.1). The different Cu loadings were selected based on the Cu uptake
experiments discussed above. The selection of loadings was done so that the dissolved
concentrations after 24 h of equilibration ranged between 10-100 nM and 100-2500 nM for low
and high Cu loadings, respectively (Figure 4.1). After 24 h of equilibration, 1 mM NO3" was added,
and the bottles were sealed with a 20 mm butyl stopper and aluminum cap. Immediately after the
addition of NOs", 1 mL of the fluid was sampled to determine the concentrations of dissolved
metals and nutrients. The bottles were removed from the anaerobic chamber after NO3z™ addition
and were flushed for 10 minutes with ultrapure N2 to remove trace amounts of O and H> from the

headspace.

To determine N2O concentrations, headspace gas samples were taken from each serum
bottle at 24 h intervals and were transferred to 3 mL pre-evacuated glass vials (Exetainer®, Labco,
United Kingdom) using a gas-tight syringe. The vials were stored upside down to prevent gas
leakage from the septum. To separate the dissolved phase, 1 mL of slurry from each serum bottle

was sampled and centrifuged (Spectrafuge 16M) for 5 min at 5000 rpm. The supernatant obtained
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was divided into three parts, 300 pL was acidified to 1% HNOg for dissolved metal analysis, 400
ML was stored for nutrient analysis, and the remaining supernatant was used to estimate the pH
using Whatman pH indicator strips. At the end of incubation experiments, the final pH value was
recorded using a pH electrode. The water was filtered and stored at 4°C to determine the dissolved

organic carbon (DOC) concentration at the end of incubation experiments.

4.2.5 Analytical Techniques

N20 concentrations in the samples were measured using a gas chromatograph (GC) (Thermo
Scientific GC TRACE 1310). Specifically, 1000 pL of the gas sample was injected (split injection
at the split rate of 10:1) into the GC inlet (heated to 130 °C) using a TriPlus RSH (Thermo
Scientific) autosampler equipped with a 2500 pL headspace syringe. The temperature of the
column (Supelco Carboxen 1010 PLOT, 30 m x 0.32 mm) was maintained at 50 °C for 7.5 min,
after which it was ramped to 130 °C using a rate of 20 °C/min and then kept at this temperature
for 2 min. Helium was used as the carrier gas at a flow rate of 30 mL/min. A pulse discharge
detector (PDD) at 150 °C was used for the analysis of N2O. The concentration of the standards
varied from 10 ppmv to 0.1% N.O and were prepared using a certified gas standard from Airgas.
The concentration of N2O dissolved in the fluid was determined using the ideal gas law and
Henry’s gas solubility law. The value of Henry’s constant at 25 °C used for determining dissolved
N20 was 2.4*10* mol m= Pa11%, The total N,O present in the microcosm at the time of sampling

was the sum of the gas in the headspace and the gas dissolved in the water.

The dissolved metal concentrations (Cu, Fe, and Mn) were measured using inductively
coupled plasma mass spectrometer (PerkinElmer Elan DRC II). DOC concentrations were
determined using a total organic carbon analyzer (Shimadzu TOC-L). The nutrient concentrations

(NO3z", NO2 and NH4") were obtained spectrophotometrically using a discrete multi-chemistry
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analyzer (Seal Analytical AQ300). The samples used for nutrient analysis were frozen and then
thawed overnight at 4°C before analysis. Nitrite was measured by the reaction of the sample with
sulfanilamide in dilute phosphoric acid to form a diazonium compound which binds to N-(1-
naphthyl)-ethylenediamine dihydrochloride to form an azo dye detected at 520 nm %. To
determine the nitrate concentration, NO3™ was first reduced to NO2™ by cadmium and then the NO2>
was measured. Ammonium present in the samples was determined by reacting the samples with
hypochlorite liberated from dichloroisocyanurate in an alkaline solution followed by a reaction
with salicylate in the presence of nitroferricyanide to form a blue indophenol dye, which was

measured at 660 nm 1%,

4.2.6 Complexation of Dissolved Cu by DOC

To estimate the speciation of Cu in the presence of organic carbon in the incubation experiments,
the nonideal competitive adsorption-Donnan (NICA-Donnan) model in Visual MINTEQ 3.11%
was used. The model is a combination of NICA which enables simulation of metal complexation
to humic substances, and a Donnan model describing nonspecific electrostatic interactions
between ions and humic substances 1419719 Although humic substances might not truly represent
the dissolved organic matter present in aquatic systems 19200 we used the NICA-Donnan model
to estimate the aqueous speciation of Cu because this model has previously provided accurate
predictions of metal speciation and availability in natural systems 201292 NICA considers
competitive binding between protons and metals to humic substances by accounting for binding
site heterogeneity and ion-specific nonideality 1°. The generic parameters obtained in previous
studies for Cu and proton binding to humic material were used 2%3-2%, Water chemistry parameters
(pH, total dissolved elements (Table C-1)), dissolved Cu, Fe, and Mn, and dissolved organic

carbon (DOC) were used as the input parameters for determining dissolved Cu speciation. Three
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sets of conditions were used to account for Cu speciation at different total dissolved Cu
concentrations corresponding to the control, low Cu loading, and high Cu loading experiments.
The combined NICA-Donan model provides the amount of Cu bound to humic substances by using
equations S1 and S2 shown in supplementary material (details of the methodology and parameters
used are provided in C1 and Table C-3). Under anoxic environments, as in our incubation
experiments, Cu(ll) can be reduced to Cu(l) by microorganisms, inorganic reductants, and redox-
active functional groups on dissolved organic matter 176296207 Cy(1) can form stable complexes
with inorganic ligands or thiol groups of organic matter 132206298 | our speciation calculations,
we have not accounted for the formation of these Cu(l)-thiol complexes, and dissolved Cu is

assumed to be in Cu(Il) form.

4.2.7 Kinetic Model

A kinetic model was developed to quantify the effect of Cu on denitrification. Michaelis-Menten

expressions were used to describe the evolution of NOs", NO2", N2O, and N2 during denitrification

(Eq 1-4).
d[l\clli)g] = ~Vmax KNogc‘l:O[;C]NO;] »
e = (o] i o)l @
ey ) o

d[No] _ ( [Cn,o]

I Ko + [CN20]> + kab[CNo;] (4)
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Here, Vimax denotes the maximum reaction rate under unlimited substrate supply (mmol-N L day"
1y, Cy are the concentrations of N-containing species (mmol-N L), and Ky values are Michaelis-
Menten parameters (mmol-N L) describing the substrate concentration at which the reaction rate
is half Vimax 2%°2%°, For model development, the concentration of N2 was calculated from the mass
balance on nitrogen species. As discussed earlier, abiotic nitrite reduction to N2 by inorganic
electron donors, such as inorganic sulfur compounds (S°, S, S20s%), pyrite (FeS), thiocyanate
(SCN), and ferrous ion (Fe?"), is a pathway in N-cycling /8189211212 Therefore an additional
reaction, accounting for the abiotic reduction of NO2™ to N2, was included in the model. A pseudo
first-order reaction was used to define the abiotic reduction of NO>™ in the system (incorporated in
Eq 2 and 4), where ka, (day™) is the pseudo first-order rate constant assuming that the reductants
are in excess '**'% and Cyo; is the concentration of NO;" in the dissolved phase. Using the ODE45
function in MATLAB R2018a,2'*2!* the unknown parameters were calculated. We optimized the
parameters by minimizing the residuals using a non-linear least-squares method. Specifically, the
value of Vmaxwas first determined using Eq 1 and data on the change in nitrate concentration with
time. Further, the value of Vmax was fixed to determine the rate parameters defined in Eq 2-4 for
control, low-Cu and high-Cu systems. A constant value of Vmax can be employed when organic
carbon is present in excess of NO3s 2%, The total organic carbon present in the systems studied far
exceeded the amount of NO3z™ added (Section C.2 in appendix). In separate optimizations in which
we allowed the values of Vmax to be different in equations 1-4, the values were all in the narrow
range of range 0.25 — 0.5 mmol-N L day?. The uncertainity estimates were obtained by
determining 95% confidence intervals (using “nlparci” function in MATLAB) for the nonlinear
least squares parameter fitting on the Michaelis-Menten parameters. We conducted a one-way

analysis of variance (ANOVA) combined with a post-hoc test (Tukey-HSD) on the replicates to
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statistically evaluate the effect of Cu addition on Michaelis-Menten parameters within each site.
Additionally, we performed ANOVA on all the five sites to evaluate if Cu addition effect can be

generalized to different natural aquatic systems.

4.3 Results

4.3.1 Characterization of Soils and Sediments

Both the surface water samples, and the soils and sediments were characterized to determine
their total carbon, sulfur, metals, and nutrient concentrations. The detailed results are presented in
our recent study focused on trace metal micronutrient speciation in wetland soils and stream
sediments.'®! The surface water in the marsh wetlands (Marsh 1) and stream sediments (Stream 1
and Stream 2) had pH values ranging from 7.5-8.1, and they contained high concentrations of
calcium, magnesium, and sulfate. However, the riparian wetland surface water samples (Riparian

1 and Riparian 2) were at pH 5.5-6.0 with substantially lower concentrations of major elements.

The mineralogy at all of the studied sites is dominated by quartz, with variations in minor
phases 1. The total organic carbon content of aquatic systems varies with location: the marsh
wetland site (Marsh 1) contained the highest carbon content (9.0%), whereas Stream 2 exhibited
the lowest carbon content (0.5%) (Table C-2). The sulfur content was low at all sites (below
0.24%), following the trend Marsh 1 > Riparian 2 = Stream 1 > Riparian 1 = Stream 2. The total
Fe concentration in the solid phases was similar at all the sites (200 to 460 pmol/g), except for
Riparian 1, which contained an order of magnitude less Fe than the other soils/sediments. The
concentration of Mn was two to three orders less than the Fe content, with the highest values

observed in stream sediments. Extractable ammonium in soils/sediments was greater than
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extractable NOz™ and NO. at all the locations, which may indicate denitrification and/or

ammonium retention via cation exchange (Table C-2).

4.3.2 Selection of Cu loadings

The total solid-phase concentrations of Cu were well below the crustal abundance (428 + 61
nmol/g) % at all the studied sites. The marsh wetland soil (Marsh 1) and Riparian 2 location in the
riparian wetlands contained higher concentrations of solid-phase Cu than the other locations. The
dissolved Cu concentrations were less than 50 nM at the selected locations (Table 4.1), indicating
that Cu at these sites is predominantly associated with mineral and organic solid phases and might
not be bioavailable to microorganisms for N-cycling. Cu uptake experiments were used to
determine the Cu loadings to use in incubation experiments to target particular dissolved Cu
concentrations (Figure 4.1). The selected loadings resulted in dissolved Cu concentrations in the
range of 15-300 nM and 50-2300 nM for low and high Cu amendments, respectively in the
incubation experiments (Table 4.1).

Table 4.1: Cu loadings used for conducting incubation experiments, and dissolved Cu

concentrations in the fluid during incubation experiments

Control Low loading High loading

Site Cuadded  Dissolved Cuadded  Dissolved Cu added Dissolved

(umol/g)  conc. (NM) (umol/g)  conc. (nM)  (umol/g) conc. (nM)
Riparian 1 N.A 29+10 0.25 280+60 1.3 23004500
Riparian 2 N.A 4149 0.25 97+10 2.5 560+40
Stream 1 N.A 3+1 0.25 1642 25 5317
Stream 2 N.A 6+2 0.50 52+6 5.0 590+30
Marsh 1 N.A 4845 0.13 290+10 0.63 1400+100
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Figure 4.1: Experimentally determined values of Cu uptake by wetland soils and stream sediments,
for use in determining Cu loading in microcosm experiments. Here, Riparian 2 and Riparian 1
represent selected locations from the riparian wetland soil, Marsh 1 from marsh wetland soil, and

Stream 2 and Stream 1 are locations from a stream sediment site.

4.3.3 Effect of Cu on Evolution of Nitrogen Species during Incubation

The controls and the low-Cu amended sets showed similar NO3 reduction profiles in all the
systems studied (Figure 4.2). In controls and low-Cu amended systems, the complete reduction of
1 mM added NOz™ occurred within 16, 5, and 6 days for Riparian 2, Stream 1, and Marsh 1,
respectively. In Riparian 1 and Stream 2 experiments, complete reduction of NOs™ did not occur,
even after 27 days and 20 days of incubation, respectively. A small delay in NO3™ reduction after
Cu addition was observed at high Cu loading in Riparian 1, Riparian 2, and Stream 2 incubation

experiments (Figure 4.2 a, e, and m, Figure C-1 in Appendix C).

The presence of detectable NO>™ was transient and showed a brief appearance followed by a
rapid decline in concentration in Riparian 2, Stream 1, and Marsh 1 incubations. In Riparian 1
soils, the dissolved NO2™ concentrations were below the detection limit (0.0005 mmol-N L)

throughout the experiment, suggesting rapid conversion of NOz™ in these soils (Figure 4.2b). In the
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case of Riparian 2 and Stream 2 systems, Cu addition affected NO," formation/reduction because

more NO>" was detected in controls as compared to Cu-amended sets.

For all the systems studied, less N2O transiently accumulated in the sets amended with Cu.
We did not observe persistent accumulation of N2O in the case of Riparian 1 soils (Figure 4.2c),
however, the maximum concentration of N,O (control: 0.040 mmol-N L* at 14 days, low-Cu:
0.032 mmol-N L at 10 days, and high-Cu: 0.021 mmol-N L* at 12 days) decreased as the
dissolved Cu concentration increased. For Riparian 1 controls and low-Cu amended microcosms,
N2O started to accumulate after 3 days of incubation, whereas in high-Cu amended sets, N2O
accumulation was only observed after 6 days of incubation. The complete reduction of N2O to N>
was fast in low-Cu amended Riparian 1 sets; we did not observe N2O after 14 days in low-Cu
added sets, whereas it took 29 and 23 days to completely reduce N2O in high-Cu added and control
sets, respectively. In the Riparian 2 control, N2O accumulated in the headspace and persisted until
the end of the experiment at 30 days, whereas the N2O concentration first increased and then
decreased after 10 days and 16 days in Riparian 2 sets amended with low Cu and high Cu,
respectively (Figure 4.2g). For Riparian 2, relative to controls, the maximum N2O concentration
decreased by 38.6% in low Cu-added sets and by 70.1% in high Cu-added sets. In the case of the
stream sediments, Stream 1 showed a significant effect of Cu addition on N2O reduction; with
respect to controls, the peak N2O concentration decreased by 2.6 times and 7.8 times in sets with
low and high Cu loading, respectively (Figure 4.2Kk). In Stream 2 and Marsh 1 systems, we were
able to measure detectable N2O in the headspace of only the controls; in the Cu-amended sets, any

N20 generated was rapidly reduced before the N.O reached detectable levels (Figure 4.2 n, ).
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Figure 4.2: Variation in the concentrations of different N- species (mmol-N L?) during the
incubation experiments for (a-d) Riparian 1, (e-h) Riparian 2, (i-1) Stream 1, (m-p) Stream 2 and (g-
t) Marsh 1. In case of low Cu loading, 0.25 pmol/g Cu was added in incubation experiments for
Riparian 1, Riparian 2, and Stream 1 samples, 0.50 pumol/g for Steam 2 and 0.13 umol/g for Marsh
1 incubations. High Cu loading amendments for incubation experiments were 5.0 pmol/g for
Riparian 1 and Stream 1, 1.3 pmol/g for Riparian 2, 5.0 pmol/g for Stream 2, and 0.63 pumol/g for
Marsh 1.
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The concentration of dissolved ammonium (NH4") remained relatively constant throughout
the experiment for all the treatments (control, low loading, and high loading) in the systems studied
(Figure 4.2). Dissolved NH4* was highest in Marsh 1, at 1.039 + 0.048 mmol-N/L. Riparian 2 and
Riparian 1, contained 0.130 + 0.004 mmol-N/L and 0.033 + 0.004 mmol-N/L NHa4" respectively.
The dissolved NH4* concentrations in stream sediments averaged 0.053 + 0.005 mmol-N/L and

0.172 £ 0.019 mmol-N/L in the Stream 1 and Stream 2 samples, respectively.

4.3.4 Variation in Dissolved Metal (Cu, Fe, and Mn) Concentrations

Dissolved Cu, Fe, and Mn were monitored throughout the incubation experiments (Figure 4.3).
The dissolved Cu concentrations in the unamended control microcosms followed the trend Marsh
1 > Riparian 2 > Riparian 1 > Stream 2 > Stream 1. The dissolved Cu concentration remained
relatively constant throughout the experiment for Riparian 2, Stream 2, and Stream 1 experiments.
However, a decrease in Cu concentration was observed in all Riparian 1 sets, and controls and

low-Cu amended Marsh 1 sets in the initial days of incubation (Figure 4.3 d,m).

A decrease in dissolved Fe concentration was observed during the experiment for the
riparian wetland soils (Riparian 1 and Riparian 2) and stream sediments (Stream 1 and Stream 2),
whereas, in marsh wetland soil (Marsh 1), dissolved Fe concentration did not fluctuate during the
8 days of incubation (Figure 4.3). In the Riparian 1 and Riparian 2 experiments, the dissolved Mn
concentration remained constant and was similar for all treatments (control, low and high Cu-
loadings). However, in Stream 1 and Marsh 1, we observed a decrease in the concentration of Mn
until 7 days and 4 days, respectively and then it remained constant (Figure 4.3 i,0). Mn
concentrations in Stream 2 experiments amended with high Cu were greater than the

concentrations in controls and low Cu-loading experiments (Figure 4.3I).
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Figure 4.3: Variation in the concentrations of Cu, Fe and Mn during the incubation experiments for
(a-c) Riparian 2, (d-f) Riparian 1, (g-i) Stream 1, (j-1) Stream 2 and (m-0) Marsh 1. In case of low
Cu loading, 0.25 pmol/g Cu was added in incubation experiments for Riparian 1, Riparian 2, and

Stream 1 samples, 0.50 pmol/g for Steam 2 and 0.13 pumol/g for Marsh 1 incubations. High Cu
loading amendments for incubation experiments were 5.0 pmol/g for Riparian 1 and Stream 1, 1.3

pmol/g for Riparian 2, 5.0 umol/g for Stream 2, and 0.63 pmol/g for Marsh 1.
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4.3.5 Effect of Cu Addition on Denitrification Rate

The effect of Cu on denitrification was quantified with the help of the kinetic model. We
obtained Michaelis-Menten parameters (Table 4.2) and the abiotic rate constant for the set of

differential equations defined earlier (Eq 1-4). Here, Kyo;, Knoj, and Ky, values reflect the

ability of the microbial community present in the soils and sediments to reduce NO3z to NO2", NO2
to NO, and N2O to Na, respectively under the conditions studied. NO is rapidly transformed to
N20, hence the conversion of NO to N2O was assumed to not be rate-limiting. The rate constant
for abiotic reduction of NO2 to N2 by inorganic donors in the system is defined by k,,, and
inclusion of this reaction helped us reproduce the major features of all the experiments (Figure
4.4). The abiotic reduction of NO2 to N2O is also a possible pathway, but the incorporation of this
reaction into the kinetic model did not improve the fit to experimental data. Michaelis-Menten
parameters have an inverse relationship with rates, unlike rate constants; the smaller the value of

Ky, the faster the forward reaction; whereas the greater the value of k,y,, the faster the rate of

abiotic nitrite reduction.

With the help of the kinetic model, we were able to describe the major features in the evolution
of the concentrations of different nitrogen species for all the sites except for Marsh 1. For the
Marsh 1 site, we observed a lag in NO3™ reduction in all the incubation experiments. Our model
does not account for the acclimatization time of microorganisms after NOs™ addition, which could
have caused poor fitting of data from the Marsh 1 experiments. ANOVA results showed that Cu
addition significally affected N2O transformation in all the systems (Table 4.2 with p-values in
brackets). ANOVA results on the full dataset of three Cu levels and five different sites indicated
that for a 5% significance level, the Michaelis-Menten parameters are not statistically different for

control, low Cu loading, and high Cu loading systems (Section C.4). For the exact values of the
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Michaelis-Menten parameters, there is more variability associated with the differences in sites than
in the Cu levels. This was expected as the selected natural systems varied substantially in total

metal contents, mineralogy, organic matter, and sulfur concentrations.

The modeled Kyo; Vvalues show that NOs™ reduction is fastest in Stream 1 sediments
followed by Marsh 1, Riparian 2, Riparian 1, and Stream 2. The parameter Kyo; was similar for
control and low Cu-loading in all the systems studied. However, the modeled value increased
(Table 4.2) in high Cu-loading sets initiated with Riparian 1, Riparian 2, and Stream 2 sediments,

indicating that the reduction of NO3z™ to NO2 is slower in these sets amended with a high

concentration of Cu.

Cu addition decreased NO2" accumulation in Riparian 2 and Stream 2 samples. The value
of Kyo; Was less in Cu-amended Riparian 2 experiments (control: 0.68 mmol-N LL; low Cu: 0.22
mmol-N L. and high Cu: 0.33 mmol-N L), which signified that Cu enhanced the rate of NO2"
reduction in Riparian 2 soils. Similarly, in Stream 2 sediments, the modeled Ky; values show a

substantial decrease in Cu-amended sets (control: 0.079 mmol-N L%; low Cu: 0.0067 mmol-N L.

and high Cu: 0.0035 mmol-N L%).

The rate of N2O to N2 conversion, as indicated by the Ky, parameter, increased upon Cu
addition in the Riparian 1, Riparian 2, Stream 1, and Stream 2 locations. In the marsh wetland soil,
Ky, o remained relatively constant in the control and Cu-amended experiments. The effect of Cu
addition on N2O reduction was greatest in the Riparian 1 and Riparian 2 soils; in Riparian 2 soils,
the value of Ky, decreased from 11000 mmol-N L in unamended control experiments to 0.48
mmol-N L? and 0.21 mmol-N L? in low-Cu loading and high-Cu loading experiments,

respectively. Similarly, in Riparian 1 soils, Cu addition increased the N>O conversion significantly;
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Kn,o Values decreased from 6900 mmol-N L™ to 24 mmol-N L™ and 3.5 mmol-N L at low and

high Cu loadings, respectively.

The rate of abiotic NO2™ to N2 reduction was greater in Riparian 1 and Riparian 2 wetland
soils than in the other three systems; all microcosms incubated with Stream 2 sediments and Marsh
1 soils showed negligible k., values. NO2~ was not detected in any Riparian 1 incubation
experiments (Figure 4.2b); the abiotic rate constant for NO2™ to N2 reduction is high in Riparian 1
soils, which could have prevented NO," accumulation in these soil incubations. The values of kay
were similar for all the different incubation studies (controls, low-Cu, and high-Cu loading) of a

location, signifying that this step is not affected by the presence of Cu.

4.3.6 Labile Concentration of Cu in Soil/Sediment Incubations

To understand Cu bioavailability as a nutrient and as a toxic element, we estimated the
speciation of dissolved Cu using Visual MINTEQ 3.1 and the NICA-Donnan model at the studied
experimental conditions and in the presence of dissolved organic carbon (Figure 4.5). The
calculations predict that DOC substantially decreased the lability of Cu in the systems studied.
Here, the labile Cu concentration is defined as the sum of Cu?*, Cu(OH)*, and Cu(OH)z(ag). In
riparian wetland controls, Riparian 1 and Riparian 2, in the studied pH range (5-6), Cu is
predominantly present as Cu-organic matter complexes (Figure 4.6), and the labile Cu
concentration (Table C-4), is < 3 nM. Similarly, in Stream 1 controls, the total labile Cu
concentration is < 1 nM in the experimental pH range (7.6-9.0). Due to a lower concentration of
DOC in Stream 2 (Figure 4.5), ~80% of dissolved Cu is present as labile Cu in Stream 2 controls.
High DOC in Marsh 1 samples complexed ~84% of dissolved Cu(ll), and only 7.6 nM remained

as labile concentration in the fluid of controls. In all the Cu-amended experiments, the lability of
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Cu was greater than the optimum concentration (3-10 nM) determined to complete N2O to N
conversion in pure culture studies and lake systems 4>%3. Additionally, in high-Cu amended
experiments, labile Cu in Riparian 1, Riparian 2, and Stream 2 was substantially higher (> 350

nM), which could inhibit biological denitrification due to toxic effect 165166.168

4.4 Discussion

4.4.1 Role of Labile Cu in Nitrogen Cycling

The trends in nitrogen species transformation with and without Cu addition varied between
different sites as discussed in section 3.3. The labile concentration of Cu rather than the total
dissolved concentration helped us understand the evolution of nitrogen species at different sites.
This study found that high dissolved Cu concentrations decreased the rate of NO3™ reduction in the
riparian wetland soils (Riparian 1 and Riparian 2) and from the Stream 2 sediments. This
observation is in line with previous results: higher concentrations of Cu can inhibit denitrification
by causing a shift in the community composition of denitrifiers $5°216.217 ' A recent study that
focused on evaluating the toxic effects of copper oxide (CuO) nanoparticles on denitrification in
soils observed that the Cu ions (Cu?*) released upon nanoparticle application can decrease nitrate
reductase (Nar) activity by 21.1- 42.1%, causing an 11-times decrease in NOs~ reduction 27,
Elevated Cu?* concentrations (> 500 pg g* in solid-phase and ~0.95 mg L in dissolved form) can
decrease biological denitrification by inhibiting extracellular or intracellular enzymes 60218219 At
high Cu loadings in the above-mentioned locations (Riparian 1, Riparian 2, and Stream 2), the
labile Cu concentrations estimated using the NICA-Donnan model were higher (> 350 nM) than
in Stream 1 (28 nM) and Marsh 1 (150 nM) locations (Table C-4), and the higher concentratons

could have inhibited NO3 reduction during the incubation experiments.
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Table 4.2: The values of Michaelis-Menten parameters of different reactions involved in carrying

out denitrification at different sites as well as the pseudo first-order rate constant for abiotic
reduction of NO; to N

V

max KN0§ k K _ K
. . a ab NO3 N0
Site Condition (mm(;);yljl) (mmol L) (day’t (mmol L) (mmol L)
Control 0.410.02 12+0.5 99+2  0.072+0.004 69004
. 11+0.7 99+4  0.072+0.006 24+0.2
Riparian1 Low loading 0.41+0.05 (0.11) (0.96) (0.56) <0.001)
. . 15£0.3 9845  0.068+0.002 3.5£0.4
High loading 0.41+0.03 (0.003) (0.82) (0.82) (0.001)
Control 0.250.08 1.1:0.1 2.240.3 0.680.08 1100048
. 1.1:0.3 2.2+0.9 0.220.06 0.480.1
Riparian2  Low loading  0.25+0.07 (0.52) (0.99) (0.012) (<0.001)
. . 1.740.3 2.240.4 0.330.07 0.21+0.09
High loading  0.25+0.03 (0.003) (0.51) (<0.001) (<0.001)
Control 0.39£0.06  0.390.09 0.690.1 9.142 3.7+1
. 0.41£0.1 0.71£0.2 9.742 0.72+0.4
Stream 1  Low loading 0.39+£0.07 (0.87) (0.08) (0.33) (<0.001)
. . 0.490.01 0.64+0.5 9.5¢1  0.00078+0.0003
High loading  0.39+0.01 (0.062) (0.29) (0.81) (<0.001)
Control 0.370.2 39£3  0.015£0.002  0.079+0.001  0.00850.0009
. 40+4  0.015:0.007 0.0067+0.002  0.0024+0.0004
Stream2 ~ Lowloading 03707 (0.97) (0.96) (0.004) (0.003)
. . 71+7  0.015:0.001 0.0035:0.001  0.0032+0.0007
High loading  0.3740.02 (0.002) (0.44) (0.003) (0.006)
Control 0.27£0.07 04702 0.00024:0.0001  0.058+0.008 0.14+0.04
. 0.55:0.2 0.00027+0.0001  0.0670.002 0.03720.02
Marsh 1~ Lowloading — 0.27x0.09 (0.31) (0.95) (0.74) (<0.001)
. . 0.38£0.2 0.00029+0.0001  0.0470.009 0.018+0.01
High loading 0.27+0.04 (0.18) (0.68) (0.24) (<0.001)

The values in brackets for control samples indicates the significance level (p-values) for one-way ANOVA followed by post-hoc
analysis. p-values < 0.05 imply that there was significant difference in Michaelis-Menten parameters in controls and Cu-amended
systems (low-Cu and high-Cu). The error estimates on the Michealis-Menten parameters were obtained using a function “nlparci”
in MATLAB which provides 95% confidence intervals on the parameters.

Incomplete reduction of NOs™ was observed in incubation experiments using Riparian 1
soils and Stream 2 sediments even when Cu was not added and had low labile concentrations. This

suggests that denitrification was limited by the low total organic carbon content at these sites .
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While the total organic carbon present in the soils/sediments exceeded the amount
stoichiometrically required for complete reduction of NOz™ (Section C.2), not all of the organic
carbon will be available to denitrifying microorganisms 22°. The biodegradability of the organic
matter depends upon molecular characteristics of the organic matter; carbohydrates, proteins, and
organic acids are easily degradable, whereas, aromatic and hydrophobic organic entities are
recalcitrant to microbial activity.??:2242%6 The low degradability of organic matter is probably
limiting NOgz™ reduction in Riparian 1 and Stream 2 sites. In future investigations the CO;
respiration rate could be measured during the incubation experiments to assess the association

between organic matter oxidation and denitrification.

The dissolved Cu concentration in the Riparian 2 control (41 £ 9 nM) was higher than the
optimum concentration required for N.O to N2 conversion in pure culture studies (3 to 10 nM)
34243 However, N2O accumulation was observed at the Riparian 2 site, suggesting that the
dissolved Cu may not have been completely bioavailable to the microorganisms that convert N.O
to N2. The high DOC (47 mg C/L) at Riparian 2 (Figure 4.5) indicated the presence of soluble
organic ligands. These ligands may form soluble complexes with Cu, thus decreasing Cu
availability "*°. The free Cu?* and the Cu(ll)-hydroxo complexes concentrations control the
bioavailability of Cu rather than the total dissolved concentration 2% The labile Cu
concentration in Riparian 2 control experiments, shown as the sum of Cu?*, Cu(OH)*, and
Cu(OH)2(aq) (Table C-4), is ~ 1.4 nM which is less than the optimum Cu concentration (3-10 nM)
34243 required for conversion of N2O to N2 in pure culture studies. Thus, the low lability of Cu in

Riparian 2 control sets could have caused persistent N.O accumulation in the headspace.

In Riparian 1 soils, both the background dissolved Cu concentration (29.3 nM) and the

solid-phase-associated Cu (48.3 nmol/g) were less than the Cu concentration in Riparian 2 soils

78



(dissolved: 41 nM; solid-phase: 262.3 nmol/g), but N2O did not accumulate persistently in the
headspace of Riparian 1 soils. This observation suggests that bioavailable Cu for N2O to N2
conversion is more abundant in Riparian 1 soils. Riparian 1 soils have less dissolved organic
carbon (23 mg C/L) than Riparian 2 soils, and thus are less able to decrease the bioavailability of
Cu by forming soluble complexes of organic matter with Cu. The speciation results corroborated
the hypothesis because in the pH range studied, the dissolved labile Cu in Riparian 1 controls (2.8
+ 0.9 nM) was greater than Riparian 2 controls (1.4 = 0.8 nM). Prior study on a lake system
indicated that the presence of 3 nM dissolved Cu decreased N>O accumulation during
denitrification relative to systems containing no Cu “3. Although the rate of N2O to N2 conversion
was slow in Riparian 1 controls as compared to Cu-amended sets (Table 4.2), the labile-Cu
concentration closer to optimum range (3-10 nM) prevented persistent N2O accumulation in the

headspace.

The concentration of accumulated N2O in the headspace of Stream 1 controls was greater
than the Stream 2 controls. Both stream sediment sites contained low concentrations of dissolved
Cu in the control sets (3.1 + 1 nM at Stream 1, and 6.2 + 1.9 nM at Stream 2), however, substantial
N20 accumulation was only observed at Stream 1 location. This finding suggests that the low Cu
concentrations of ~ 6 nM were sufficient to enable the N2O to N2 conversion in Stream 2 sediments.
The dissolved organic carbon concentration is lower at the Stream 2 location (2.1 mg C/L, Figure
4.5) which indicated that the fraction of dissolved Cu that is labile (i.e., not complexed with organic
ligands) would be higher for Stream 2 (labile Cu in Stream 1: 0.55 nM and Steam 2: 4.8 nM).
Thus, the presence of un-complexed Cu(ll) at a concentration of ~ 4.8 nM enabled N2O to N>

conversion in Stream 2 controls.
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Figure 4.4: Experimental data together with the output of the optimized kinetic model for the
evolution of N-containing species during the incubation experiments using the parameters obtained
from the kinetic model for (a-c) Riparian 1, (d-f) Riparian 2, (g-i) Stream 1, (j-1) Stream 2 and (m-0)

Marsh 1
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N20 was not detected in the headspace of Marsh 1 Cu-amended microcosms, however, we
observed accumulation of N2O in unamended control experiments in the initial days of incubation
(max N20: 0.064 mmol-N/L). This observation suggests that the rate of N2O to N2 conversion was
promoted by Cu amendment in Marsh 1 site (Figure 4.2s). The dissolved Cu concentration in the
control samples was 48 nM, which is higher than the optimal range (3 to 10 nM) for N2O
transformation in pure culture studies >#2. The dissolved organic carbon (32 mg C/L) at the site is
calculated to have decreased the bioavailability of Cu substantially (labile Cu in controls: 7.6 £ 5
nM) in the pH range studied, thus resulting in the transient N2O accumulation in the headspace of

the unamended controls.

60
i I Control
50 [ Low Cu loading
[_]High Cu loading
~ 40
=
O
£ 30
@]
Q 20

10

Riparian 1 Riparian2 Stream 1 Stream2 Marsh 1

Figure 4.5: Final dissolved organic carbon concentrations in the incubation experiments with soils

and sediments of different natural aquatic systems.

4.4.2 Ammonium Release during the Incubations

In all the locations studied, a substantial amount of NH4* was detected in the dissolved

phase and remained constant throughout the experiment (Figure 4.2). Exchangeable NH4" can be
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released from the solid phase to the fluid because of changes in the water-to-solid ratio, pH, and
ionic strength. Alternatively, the NH4" can result from the microbially-mediated dissimilatory
nitration reduction to ammonium (DNRA) 222223.225221.228 ' The gmmonium was released into the
fluid phase even before the onset of NO3™ reduction (Figure 4.2), and the concentration of NH4"
remained constant throughout the experiment. This observation indicated that most of the released
NH4* was due to exchange from the soils/sediments and not due to biological nitrate reduction.
Additionally, the mass balance of extractable ammonium in soils/sediments indicates that the
soils/sediments have the capacity to release the amounts of NH4* observed in the fluid (Riparian
1: 0.05 mmol-N L, Riparian 2: 0.14 mmol-N L*, Stream 1: 0.15 mmol-N L, Stream 2: 0.14

mmol-N L, and Marsh 1: 1.04 mmol-N L7).

4.4.3 Relationship between pH, Dissolved Metal Content, and Denitrification

During the initial 2-3 days of incubation, the pH increased from 5.0 to ~ 6.5 for Riparian 1
and Riparian 2 soils, from 7.6 to ~ 8.9 for Stream 1 and Stream 2 sediments, and from 7.0 to ~ 8.2
for Marsh 1 soils, and then remained relatively constant. The increase in pH values can be
attributed to NOs™ and NO2™ reduction during denitrification. Previous study on riparian soils
indicated that the pH increased from 5 to 7 and 5 to 9 in unbuffered NO3™ reduction experiments
with low (111 pmol N g*) and high (500 umol N g™) nitrogen loadings, respectively 22°. In
contrast, pH variation was limited (£ 0.5) when denitrification occurred in carbonate-buffered
lowland soils from Northern Italy 2%°, Our previous study on the studied natural aquatic systems
indicated that these soils and sediments lacked carbonate minerals °%; hence, the buffering
capacity of the soils/sediments was likely inadequate to prevent the increase in pH upon NO3z™ and

NO> reduction.
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Figure 4.6: Speciation of dissolved Cu at different concentrations for (a-c) Riparian 2 (d-f) Riparian
1 and (g-i) Stream 2 (j-1) Stream 2 and (m-0) Marsh 1. The concentrations of Cu selected for
determining the speciation are based on the dissolved concentration of Cu in the incubation

experiments (Table 4.1). Here, Cu-S1 shows Cu bound to carboxylic acids of organic carbon and
Cu-S2 is the Cu bound to phenolic groups on organic carbon. Shaded areas indicate the pH range

over the course of the experiment.
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The dissolved concentrations of Cu, Fe, and Mn were indirectly affected by nitrogen
cycling in the incubation experiments. Due to a pH increase driven by denitrification, adsorption
of metals to minerals phases increased and caused the dissolved concentrations of Cu, Fe, and Mn
to decrease with time 231 . The decrease in Cu concentrations in Riparian 1 systems and controls
and low-Cu amended sets of Marsh 1 soils (Figure 4.3 a, d, and m) likely resulted from an increase
in Cu adsorption with increasing pH. We also observed that substantial amounts of Fe and Mn
were released into the water in all of the incubation experiments after 24 h of incubation, indicating
the reductive dissolution of Fe/Mn oxyhydroxides under anaerobic conditions . The change in the
ionic strength and pH of the soils/sediments during the preparation of the slurries could have also
caused dispersion of colloidal Fe and Mn 2%2, The released Fe decreased over time in the Riparian
1, Riparian 2, Stream 1, and Stream 2 sites. Under the conditions studied, dissolved Fe
predominantly exists as Fe(ll); the extent of Fe(ll) sorption on clays, silica, and metal-oxide phases
increases with an increase in pH 231233234 Additionally, Fe(ll) may serve as an electron donor for

the abiotic reduction of NOs and NO2™ to form N in soils and sediments (Eq 5-6) 173184189.223.235-

237.
NO3 + 5Fe?* + 12H,0 — >Ny + 5Fe(OH); + 9H* (5)

NO7 + 3Fe?* + 7H,0 — Ny + 3Fe(OH); + 5HY (6)

Although the abiotic reduction of NO3™to N2 in the presence of Fe(ll) is thermodynamically
feasible, studies indicate that NOs™ can only be directly reduced by Fe(ll) in the presence of mixed-
valence Fe-bearing solids (green-rusts), or a catalyst, such as Cu(ll), Sn(ll), and Ag(l) 17>180.181,
Fe(ll) adsorbed to iron-oxide surfaces is a stronger reducing agent than Fe(ll) in dissolved form

175238 ‘hence adsorbed Fe(ll) might promote NOs™ reduction in the studied systems. Additionally,
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biological oxidation of structural Fe(ll) in clay minerals, such as illite and nontronite, can be
coupled with reduction of NOs™ to Nz 2920 In our incubation studies, the dissolved Fe
concentration decreased until 27, 18, and 6 days in Riparian 1, Riparian 2, and Stream 1 systems,
respectively and then remained almost constant through the end of the experiments. Decreases in
Fe concentration were only observed until the NO3/NO2" were completely consumed in these
systems indicating that Fe(ll) oxidation to Fe(lll) oxides/hydroxides is coupled abiotically or
biotically to NO3/NO> reduction at Riparian 1, Riparian 2, and Stream 1 sites. Mass balance
calculations indicated that NOs™ concentrations were sufficient to allow for consumption of Fe(ll)
in Riparian 1, Riparian 2, and Stream 1 systems to react with Fe(ll) (Section C.3 in appendix). The

values of kg, relative to Kyo; were high in Riparian 1, Riparian 2, and Stream 1 systems,

suggesting that the reaction involving abiotic NO2 reduction is substantial in these systems. On
the other hand, the decrease in the Fe(ll) concentration in Stream 2 experiments aligned with the
pH increase during the initial 2-3 days of incubation, so the decrease in Fe concentration could

also be due to increased adsorption at higher pH.

The addition of Cu affected Mn concentrations in Stream 2 experiments; the release of Mn
was greater in sets amended with high Cu (Figure 4.3I). In stream 2 incubation experiments with
high Cu loading, 250 uM Cu was added and only 0.60 uM remained in the dissolved phase after
24 h equilibration; the competitive adsorption of Cu(ll) onto active sites of mineral-phases could
have mobilized Mn(ll) (~ 40 uM in this case) to the water. Prior studies have also observed the
release of Mn(l1) in the presence of Cu due to competitive adsorption 241242, |In Stream 1 and Marsh
1 studies, the concentration of dissolved Mn decreased with time (Figure 4.3 i,0). Mn adsorption

has been found to increase with pH on clay minerals, iron oxides/hydroxides and aluminum oxides.
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In reducing NOs,, Mn?* can also serve as an electron donor (Eq 7) to autotrophic denitrifiers

belonging to the genera Acinetobacter and Pseudomonas 243244,
Mn2* + 0.4NO; + 0.8H,0 —» MnO, + 0.2N, + 1.6H* @)

Thus, the decrease in the concentration of Mn observed in Stream 1 and Marsh 1 samples can
result from increased adsorption caused by a shift in pH or from Mn consumption by autotrophic

denitrifiers.

4.4.4 Comparison of Nitrogen Cycling with Materials from Different Systems

The studied aquatic systems, even different locations of the same site, showed varied trends
in the reduction of nitrogen species in the incubation experiments. The total dissolved Cu
concentrations in both locations of EFPC stream sediments (Stream 1 and Steam 2) were very low
(3-10 nM), but transient NoO accumulation only occurred in their unamended controls, whereas
TB riparian wetland soils (Riparian 1 and Riparian 2) showed substantial NoO accumulation
despite having much higher dissolved background Cu concentrations of 30-50 nM. This disparity
suggests that the speciation of Cu, and hence its bioavailability, plays a more important role than

the total Cu content in controlling N2O to N2 conversion in the studied environmental systems.

Even after Cu addition, the accumulated concentrations of N2O in the riparian wetland
samples were higher than in the other locations. One possible explanation is that the riparian
wetland incubation experiments were conducted at pH 5, whereas the incubations for marsh
wetland soils (Marsh 1) and stream sediments (Stream 1 and Stream 2) were performed at neutral
pH conditions. Acidic soils decrease the activity of the nitrous oxide reductase enzyme, leading to
N20 accumulation 245248, Optimal N2O reduction has been observed in the pH range of 7.5-8.0;

previous studies have observed substantial N2O accumulation in the pH range of 6.0-6.5 247248,
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Although the pH in the riparian wetland soils increased to ~ 6.5 in the first two days of incubation,
i.e., before the onset of N2O accumulation, it was in the range where a decrease in the activity of
nitrous reductase enzyme has been observed 24">#¢, Thus, Riparian 1 and Riparian 2 wetland soils
could be a significant source of N2O, not only because the bioavailable Cu is limited but also

because they are acidic.

4.5 Geochemical Significance and Implications

Most pristine natural aquatic systems contain low solid-phase Cu, and hence they may have low
availability of Cu for microbial denitrification. The limited set of studies on natural aquatic systems
containing Cu at concentrations less than or equal to crustal abundances (441+63 nmol g*) support
our major finding that increased Cu concentrations can increase the extent of conversion of N.O
to N2. At 26 uM dissolved Cu, Giannopoulos et al. (2020) concluded that greater availability of
Cu led to less N2O accumulation and higher abundance of Cu-dependent enzymes in wetland soils.
A study on agricultural soils indicated that the application of organic fertilizer modified with 130
mM CuSO4 decreased N,O emissions substantially 2*°. However, these above-mentioned studies
evaluated Cu concentrations that are relatively higher than the optimum range (3-10 nM) required
for N2O to N2 transformation in pure culture studies. The concentrations of dissolved Cu in natural
environments are typically low (< 200 nM), and the presence of inorganic/organic ligands can
further decrease the bioavailability of Cu causing incomplete denitrification with N2O
accumulation. Our results indicated that without Cu amendment, substantial N>O accumulation

can take place in soils and sediments.

The selected sites represent different aquatic systems in geologically-distinct regions and

contain low solid-phase and dissolved Cu (solid-phase: 45-280 nmol g* and dissolved: 3-48 nM).
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Despite the differences in mineralogy, elemental composition, and agueous-phase characteristics,
the presence of dissolved Cu at trace levels (10-500 nM) decreased N2O accumulation in all the
sites. The response of riparian wetland soils (Riparian 1 and Riparian 2) to Cu addition was less
pronounced than that of other studied sites, which highlights that the systems with acidic
conditions like Riparian 1 and 2 can be substantial contributors of N2O emissions even in the

abundance of Cu.

Our study provides greater insight into the importance of Cu speciation on cycling of nitrogen
species in environmental systems The effect of Cu on N2>O accumulation was more closely
associated with estimated labile-Cu concentrations than with total dissolved Cu concentrations.
Dissolved Cu in the porewater of soils and sediments was substantially lower than the total solid-
phase associated concentration, and its lability is lowered by its interactions with dissolved organic

matter 2,

For systems with Cu limitations of complete denitrification, our results indicate that the addition
of minor amounts of Cu can increase the rate of N2.O conversion in natural aquatic systems Natural
soils have been recognized as an important source of N2O to the atmosphere and are estimated to
release up to 5.6 Tg N2O-N yr3, Current ecosystem models, such as DLEM, incorporate multiple
environmental factors, including moisture content, temperature, nitrate and dissolved organic
carbon concentration, and pH, in the estimation of N2O emissions from terrestrial systems 20,
These models do not account for the effect of trace metal micronutrient availability (Cu, Ni, Zn,
Co, and Mo) on biogeochemical processes responsible for the release of greenhouse gas emissions.
The inclusion of Cu as an additional parameter can help improve the accuracy of existing
ecosystem models to predict N2O emissions from soils and sediments. Addition of Cu at

micronutrient levels to natural aquatic systems could potentially decrease N2O release to the
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atmosphere. Addition of CuSOg in lakes is commonly practiced to inhibit algal growth. Previous
studies indicate that Cu concentrations above 100 nM can decrease algal and bacterial populations
in surface waters 21, Hence, addition of Cu at micronutrient levels (10-30 nM) is not expected to
be toxic to aquatic organisms. Changes in Cu speciation in wetlands and stream sediments

associated with hydrologic variation could also influence net N2O emissions.

4.6 Conclusions

Through a combination of incubation experiments and a kinetic model we determined the effect
of dissolved Cu at trace levels (10-500 nM) on the rate of N2O reduction. Only the systems
containing estimated labile Cu < 10 nM had substantial NoO accumulation. Even with a small
increase in dissolved Cu concentration, as observed in low-Cu-loaded incubation experiments, the
rate of N2O to N2 conversion was significantly enhanced. The contribution of the abiotic reduction
of NO2" to N2 by Fe(lIl) was significant at Riparian 1, Riparian 2, and Stream 1 locations. Riparian
wetland soils showed higher N.O accumulation than the other sites studied, indicating that the
acidic pH conditions can enhance N2O emissions from natural environments. The sites containing
high concentrations of DOC (Riparian 1, Riparian 2, and Marsh 1) had less concentrations of
dissolved Cu that were labile and showed greater N2O accumulation. Our results indicate that
including Cu bioavailability in ecosystem models could improve the accuracy of estimates of N2O

emissions from natural landscapes.
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Chapter 5: Metal Mobilization upon Redox

Fluctuations in Natural Aguatic Systems

This chapter has been published in — Sharma, N., Wang, Z., Catalano, J. G., & Giammar, D. E.
(2022). Dynamic Responses of Trace Metal Bioaccessibility to Fluctuating Redox Conditions in

Wetland Soils and Stream Sediments. ACS Earth and Space Chemistry.

5.1 Introduction

Wetland soils and hyporheic zones in streams display vertical redox gradients that make them
active sites for biogeochemical processes, such as methanogenesis, denitrification, and aerobic and
anaerobic methanotrophy.'%+2°2253 These processes serve as substantial sources of the greenhouse
gases nitrous oxide (N20) and methane (CH4). Wetlands are the dominant natural source of CH4
emissions (60-80%) to the atmosphere, and ~58% of total N2O emissions are contributed by natural
and agricultural soils.®”?%° Microorganisms involved in carrying out biogeochemical processes
require trace metal micronutrients as cofactors in key enzymes. Methanogens require Ni-
containing hydrogenases and Co-bearing methyltransferase to carry out methanogenesis, and
denitrifiers utilize the Cu-containing nitrous oxide reductase for reduction of N2O during
dentification. Laboratory studies have demonstrated that low availability of trace metal
micronutrients may limit these microbial processes,?%*?% while at high concentrations some trace
metals can be toxic to microorganisms driving biogeochemical processes.6%?572%¢ Qptimal
methanogenic growth occurs at 0.2- 2uM Ni and 0.1- 2uM Co, and Cu concentration required for

nitrous oxide conversion to nitrogen via denitrification lies in the range of 3-10 nM.2%32% Thus,
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trace metal concentrations in the porewater of soils and sediments can potentially influence

biogeochemical processes in these natural systems.

In environmental systems, the bioavailability of trace metals is controlled by processes
including adsorption/desorption onto solid phases, such as iron and manganese (oxyhydr)oxides,
clay minerals, aluminum oxides, and iron sulfides, co-precipitation with sulfides and phosphates,
and complexation with soluble and solid-phase organic matter.”50:141.259-262 The hioavailability of
dissolved metals is also affected by aqueous phase parameters (pH, inorganic ligands, and organic
ligands). Complexation of trace metals by dissolved organic matter (DOM) occurs widely in
natural aquatic systems and lowers metal bioavailability,130259263-26> gpdies have shown that
Fe/Mn oxyhydroxides, aluminum oxides, clay minerals, and soil organic matter control the
dissolved concentrations of Zn, Ni, and Co under aerobic conditions.>0264266.267 Changes in soil
and sediment geochemistry can result in the transformation of trace metals into forms that are more
bioavailable to and potentially more toxic to microorganisms than metals occluded in the crystal

lattices of minerals.”268:269

Anoxic systems containing high sulfur concentrations may immobilize trace metals by co-
precipitating them with Fe-sulfides or by forming distinct metal sulfides.''%27%27* The available
sulfide is consumed in the order of most insoluble to more soluble metal sulfides (Cu, Zn, Ni, Co,
Fe).2! In a laboratory-based microcosm study on sulfur-limited riparian floodplain soils, Cu was
completely sequestered in the form of sulfides, whereas Zn, Ni, and Fe remained in the dissolved
phase.!*! Due to the redox-active nature of Cu, the mobility of Cu in anoxic conditions can also be
affected by the formation of Cu(0) and association of Cu(l) with reduced sulfur groups on organic
matter.2’> Upon oxidation, dissolution of reduced Cu species causes mobilization of Cu; in a

sulfate-limited system, Cu release was more pronounced due to rapid oxidation of Cu(0).1%
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Chalcophile trace metals can also form metal sulfide nanoparticles that may persist over several
weeks in oxic environments.?3®4 Additionally, soils subjected to redox variability can form

sulfide colloids that enhance the mobility of trace metals through colloid-mediated transport. 4

Anoxic conditions favor the reductive dissolution of iron and manganese oxyhydroxides,
which may release adsorbed trace metals into the porewater.>0%4144270 An influx of dissolved
oxygen can oxidize Fe(ll) and Mn(Il) causing the rapid formation of iron(lll) and
manganese(l11/1V) oxyhydroxides, which decreases the bioavailability of many trace metals by
sorption or coprecipitation mechanisms.”*%1442"1 Fe(11) mobilized under anoxic conditions may
form Fe(ll)-bearing minerals, such as siderite (FeCOzs), vivianite (Fes(POas)2-8H20), and
mackinawite (FeS).>*1%2273 These minerals can immobilize trace metals through adsorption or co-
precipitation®?270 and may alter the mobility of trace metals by chemically reducing them.?’427
Cu is much less mobile in reduced forms due to Cu(0) precipitation or complexation of Cu(l) by

reduced organic sulfur groups.132272

Soil organic matter is another crucial constituent controlling trace metal mobility in natural
environments. Under anoxic conditions, dissolved organic matter (DOM) can be released into the
porewater due to the production of organic metabolites in microbial processes, release of organic
matter upon reductive dissolution of Fe/Mn oxides, and desorption of organic matter from soil
minerals upon a pH increase that accompanies reduction reactions.?®® The increase in DOM
concentration can mobilize sorbed/complexed trace metals. Previous studies indicate an increase
in Ni mobility due to DOM release in reducing conditions in soils and sediments.?’®?"7 In systems
that are rich in soil organic matter, Cu mobility is restricted by adsorption to soil organic matter
under oxic conditions; however, under suboxic conditions, Cu mobility is expected to increase due

to limited Cu-sulfide formation and Cu-dissolved organic matter complex formation.?’®
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The effect of redox fluctuations on Fe, metalloids (As, Cr), and radionuclides (U) has been
widely explored,?”°-28 put only a few studies have focused on changes in the availability of trace
metals (Cu, Zn, Ni, and Co) upon variability in redox conditions.?®4?% The repeated cycling of
redox conditions affects the crystallinity of Fe(I11)-oxyhydroxides,?”*?% modifies the properties of
Fe-rich clays,?®"-2%° and can decrease the reduction capacity of natural aquatic systems.??%2%! The
modifications in Fe-rich clays upon redox fluctuations include changes in Fe coordination
environment and oxidation state, cation exchange capacity, and swelling capacity.?®” 2% The
impact of the changes noted above on trace metal mobility in complex environmental systems,
such as wetland soils and hyporheic zones of stream sediments, under fluctuating redox conditions

remains unclear.

The objectives of this study were to (1) quantify the responses of trace metal (Cu, Ni, Co, and
Zn) mobility to fluctuating redox conditions in wetland soils and stream sediments and (2) connect
those responses with controls on mobility exerted by Fe/Mn oxyhydroxides, organic matter, and
sulfur species. The selected sites varied from each other in aspects of total iron, sulfur, and organic
carbon concentrations. We subjected the wetland soils and stream sediments to three cycles of
redox fluctuations in laboratory microcosms and observed the variation in the dissolved
concentration of trace metals. To determine the change in the bioavailable concentrations of trace
metals as a result of a change in redox state and with cumulative redox cycles, passive samplers
based on the diffusive gradient in thin film technique (DGT) were deployed in the microcosms

after each redox fluctuation.
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5.2 Materials and Methods

5.2.1 Description of Sites and Sampling Information

Samples from two natural aquatic systems, a riparian wetland and a stream, were investigated
to observe the effect of fluctuating redox conditions on trace metal availability (details of the
locations in Figure D-1 in the appendix). Soil samples were collected in October 2020 from a
riparian wetland in the Tims Branch watershed at the Savannah River Site in Aiken County, South
Carolina. The site has flooded and dried several times during the last decade.?®? It lacks surface
water during the summer but quickly, within hours, recharges during extreme weather events. Tims
Branch also experiences high beaver activity causing ponding. Stream sediments were sampled
from East Fork Poplar Creek (EFPC) in Oak Ridge, Tennessee in September 2020. The creek has
a history of mercury contamination and currently receives treated wastewater from the City of
Oak Ridge Wastewater Treatment Facility (ORWTF).?*3 The overlying surface water at Tims
Branch site was acidic (~5.0), whereas stream water at Oak Ridge was slightly basic (~7.6). The
mineral composition at both the sites was dominated by quartz with slight variation in minor
phases. The wetland soils contained gibbsite in addition to K-feldspar, kaolinite, chlorite, and

illite.?%*

Solids (~ 15 kg from each site) from the top layer of soils and sediments (~ 0-10 cm depth)
were collected from the selected locations. The samples were stored at 4°C in large polyethylene
pouches before being shipped to Washington University in St. Louis. The samples were shipped
to St. Louis on ice packs within 24 h of sampling, where they were immediately transferred to an
anaerobic chamber, and then impulse-sealed in polyethylene pouches. To maintain anaerobic

conditions during storage in the laboratory, an oxygen scavenging sachet (BD GasPak™ EZ
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anaerobic container system sachets with indicator) was added to the secondary pouch. The
secondary bag was also impulse sealed, and the samples were stored at 4°C for ~3 months before

initiating redox fluctuations experiments.

5.2.2 Experimental Layout

The soils and sediments were completely homogenized, and debris was removed manually before
initiating the microcosm studies. Wetland soils and stream sediments were subjected to three
cycles of anoxic and oxic fluctuations for 24 days (Figure 5.1, Table D-1 in appendix). Separate
soil microcosms were maintained at constant anoxic or oxic conditions for the entire duration of
the experiment. Anoxic cycles were conducted in an anaerobic chamber (Coy Laboratory Products,
3% H2/97% N, with Pd catalyst), whereas oxic cycles were performed on the bench-top under

atmospheric conditions.

For each site, 12 microcosms containing 30 g of soil/sediment and 100 mL of simulated site
water (Table D-2) were initiated under anoxic conditions in an anaerobic chamber. To replicate
the field conditions, the microcosms were initiated at pH 5.0 and pH 7.6 for wetland soil and stream
sediments, respectively. The pH of the microcosms was readjusted to the original values using 1
M NaOH and 1 M HCI solutions throughout the experiment. In an effort to focus on the effects of
dissolved oxygen independent of changes in pH, we chose to readjust the pH to the target value in
these experiments. The slurries were agitated on an end-over-end shaker to ensure homogeneity.
At the end of the first anoxic fluctuation (i.e., 6 days), two microcosms were used for analyzing
the supernatant composition, the bioavailable concentration of the metals, and the speciation of
metals in the solid phase (details of analysis below). The remaining microcosms were transferred
to oxic conditions where they were sparged with air for 1 h to increase the dissolved oxygen

concentration to at least 9.0 mg/L. The dissolved oxygen concentration was monitored using a DO
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probe (EcoSense ODO0200). The microcosms were aerated after 1, 3, 6, 12, 24, 30, and 36 h by
sparging with air for ~ 45 min. After an additional 2 days of incubation in oxic conditions, two
microcosms were used for analysis whereas the remaining microcosms were shifted to anoxic
conditions by sparging with N2 for 1 h. The procedure was repeated to complete three sets of
anoxic-oxic fluctuations. The time-intervals of anoxic conditions and oxic conditions (tanoxic: Toxic
= 3) were chosen based on those used in previous studies focusing on multiple cycles of redox
fluctuations.?8%2% We did not encounter any unexpected or unusually high safety hazards while

conducting the incubation experiments.

Water samples were collected to determine the concentrations of dissolved metals, sulfate,
and dissolved organic carbon (DOC) in the water during different cycles of redox fluctuations. For
stream sediments, water samples were collected at the end of each anoxic and oxic step, however,
in the case of riparian wetland microcosms, we collected water samples every 24 h to examine the
kinetics of trace metal uptake/release in anoxic and oxic conditions. Water samples were filtered
using 0.22 um mixed cellulose ester (MCE) syringe filters; ~ 2 mL of filtered water sample was
acidified to 1% HNOs to determine dissolved metal concentrations, and ~ 5 mL unacidified filtered
sample was stored in the refrigerator prior to measurement of the DOC and sulfate concentrations.
DGT samplers were then deployed in the microcosms to estimate the bioavailable concentration
of metals. The DGT samplers were removed after a 24 h incubation time. Previous studies
indicated that 24 h was sufficient for establishing steady-state conditions and measuring labile
trace metal species.?®¢?%” The resin gels were retrieved from the DGT samplers and immersed in
1 mL of 1 M HNO:g for at least 24 h to extract the metals bound to the gel. The labile concentrations

of metals bound to the gel were estimated using the equations shown in Section D.1.
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Figure 5.1: Experimental layout for redox fluctuation experiments. Separate microcosms
maintained at constant oxic or anoxic conditions were also initiated and run in parallel to those

with fluctuations.

Following the DGT sampler retrieval, the excess supernatant was discarded, and the solid
phase was collected for selective extractions that probed the metal fraction bound to oxidizable
and reducible solid-phases (details of extraction technique in Section D.4 in appendix). Dissolved
metal (Cu, Ni, Zn, Co, Fe, and Mn) concentrations were quantified using inductively coupled
plasma mass spectrometry (ICP-MS, PerkinElmer NexION 2000). The detection limits of the
method were 0.31 + 0.10 nM, 0.28 + 0.10 nM, 0.18 + 0.05 nM, 8.7 £ 2 nM, 0.14 £ 0.05 nM, and
62 +5nM for Cu, Ni, Co, Zn, Mn, and Fe, respectively. The accuracy of the method was monitored

by using check standards at regular intervals during the analysis. The concentrations of the check
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standards varied by < 5% during the analysis. A total organic carbon analyzer (Shimadzu TOC-L)
was used for determining the DOC concentration; and the concentration of sulfate was quantified
with ion chromatography (Dionex Integrion HPIC, Madison, WI, USA) with an lonPac AS18

column.

5.2.3 DGT Sampler Development

DGT samplers contain three layers, a filter membrane, a diffusion gel, and a resin gel. Labile trace
metals, including free and weakly-bound species, diffuse across the membrane and through the
diffusion gel and accumulate on the resin gel. The diffusion gel and the binding gels for DGT
samplers were prepared according to the procedure published by Zhang and Davison.?®® The gel
solution used for preparing diffusion and binding gels contained 15% by volume acrylamide and
0.3% by volume N,N-methylenebisacrylamide crosslinker. Freshly prepared ammonium
persulfate (10%) was used as an initiator for polymerization and N,N,N',N'-
tetramethylethylenediamine (TEMED) served as a catalyst. For the preparation of 10 mL of
diffusion gel, 70 uL of ammonium persulfate and 20 pL of TEMED were added. The pore size of
the diffusion gel used is ~ 2 nm which will prevent the entry of colloids and nanoparticles.2%82%
The resin gel contained 2 g of Chelex 100 (Na form, 200-400 mesh) in 10 mL of gel solution. We
added less ammonium persulfate (50 uL) and TEMED (15 pL) to the resin gel solution than to the
diffusion gel to prolong the setting process and allow the Chelex to settle by gravity. After 45
minutes of setting time, the gels were removed from the casting assembly and hydrated in ultrapure
water for 24 hours. The water was periodically changed to remove any trace metal contamination.
The diffusion gels were stored in NaNOs (0.01 M), and resin gels were stored in ultrapure water

at 4°C. Prior to storage, the gels were cut into 25 mm discs for use in DGT samplers. DGT samplers
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were assembled 1-2 days before deployment in the microcosms and were stored in re-sealable

storage bags along with a few drops of 0.01 M NacCl to prevent the gels from drying out.

5.3 Results and Discussion

5.3.1 Characterization of the Samples

Stream sediments had higher total concentrations of most metals than the riparian wetland soil,;
the one exception was Cu, which was more abundant in the wetland soil (Table D-3, methods used
in Section D.2). Overall, trace metals followed the trend Zn > Cu > Ni > Co at both sites. The
concentrations of the trace metals in natural aquatic systems studied were similar to or below
geological background levels of 440+60 nmol g* Cu, 800+200 nmol g Ni, 290+10 nmol g Co,
and 1000+90 nmol g Zn.3® Total organic carbon contents were similar at both the sites (3.6% for
the wetland soil and 3.0% for the stream sediments); however, the stream sediment contained more
sulfur (31 umol/g versus 18 umol/g). Surface water samples at the riparian wetland were slightly
acidic with pH values ~5.0; the stream water samples had pH values ranging from 7.5-8.1.2% The
low pH at riparian wetlands soils is due to high dissolved CO,. The mineral composition at both

sites is dominated by quartz; carbonate minerals were not detected at either site.

5.3.2 Redox-Induced Dynamics of pH and DO

We monitored the pH throughout the experiment; the pH values were readjusted to 5.0 + 0.5 and
7.6 £ 0.5 daily for riparian wetland soils and stream sediments, respectively (Table D-4). Due to
pH adjustments, the change in ionic strength over different cycles (Table D-5) is negligible to
cause mobilization of trace metals in the studied systems. In actual environments, the pH would
not be readjusted and would increase during anoxic conditions and decrease during oxic

conditions. The magnitude of the pH change in natural systems experiencing redox fluctuations
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may not be as large as in the laboratory-scale microcosms because of the flow of water in and out
of the system (as opposed to closed batch microcosms) and to a higher solid-water ratio (solid to
water loading in microcosms is 300 g L) that would allow greater pH buffering from clays,

organic matter, and other mineral phases.30:304
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Figure 5.2: Effect of anoxic and oxic fluctuations on the pH (a-b) and dissolved oxygen (c-d) in the
different microcosms initiated with riparian wetland soils and stream sediments. Shaded areas
indicate anoxic cycles and unshaded areas are oxic cycles. The dashed line represents the pH at
which microcosms were initiated and the value to which they were readjusted every 24 h. The

results are shown for six replicate microcosms; the labels in the legend refer to the cycle and the
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condition (An for anoxic and Ox for oxic) after which the microcosm were sacrificed for analysis.
Because one microcosm was sacrificed after each change in redox status for analysis of solid phases,
the total number of replicates decreased with increasing experiment time.

Greater fluctuations in pH were observed in wetland soils (5.0 £ 1.5) than in the stream
sediments (7.6 = 0.5) during the redox cycles. For riparian wetland soils, even after daily pH
readjustment, pH values increased from 5.0 to ~6.0 in 24 h during the first anoxic cycle; the
magnitude of the pH increase in the second and third anoxic cycles was smaller (Figure 5.2a).
Upon shifting the wetland soil microcosms to oxic conditions, we observed a reverse trend as the
pH values dropped to ~3.8 after sparging air into the system for 45 min. In microcosms initiated
with the stream sediments, the pH remained stable at ~7.6 in anoxic conditions, whereas a decrease
in pH from 7.6 to ~7.0 was observed under oxic conditions (Figure 5.2b). The microcosms
maintained under sustained anoxic and oxic conditions showed the same trend in pH change as
observed in the microcosms subjected to redox fluctuations (Figure D-2). The increase in pH under
anoxic conditions in wetland soils can be attributed to the reduction of sulfate and Fe oxides and
the consumption of organic matter in anaerobic microbial processes (methanogenesis and
denitrification). On the other hand, the decrease in pH under oxic conditions in both the systems
suggests the formation of Fe oxides and oxidation of reduced sulfur-containing species, such as
elemental sulfur and sulfide minerals.”%*%* The greater stability in pH of stream sediment
microcosms under anoxic conditions may be due to either greater buffering capacity of clays and

organic matter or to limited dissolution of Fe/Mn (hydr)oxides under anoxic conditions.

In wetland soils and stream sediments, the amount of oxygen consumed (Table D-6) decreased
with each subsequent oxidation cycle (Figure 5.2 c,d). When oxygen is added to anoxic
microcosms, it can be consumed either in the microbial processes involving degradation of organic

matter or in the biotic or abiotic oxidation of sulfides, Fe(I1), and Mn(11).53:54238:282305 The decrease
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in oxygen demand in subsequent oxic cycles may be due to a decline in microbial activity caused
by the death of anaerobic/anoxic microorganisms and depletion of the labile portion of organic

matter in the first oxic cycle.
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Figure 5.3: Variation in the concentration of DOC (a-b), sulfate (c-d), total dissolved Fe (e-f) and
total dissolved Mn (g-h) after each anoxic and oxic cycle of redox fluctuation in riparian wetland
soils and stream sediments. The results labeled “Continuous” are from the parallel microcosms that

were sustained at oxic and anoxic conditions. (*) indicates that the sulfate concentration is below
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the detection limit (0.1 mg/L). Error bars indicate the standard deviation in the duplicate

microcosms.

5.3.3 Responses of DOC and Sulfate to Alternating Anoxic-Oxic Cycles

In both wetland soils and stream sediments, DOC concentrations under anoxic conditions were
higher than under oxic conditions (Figure 5.3). Under anoxic cycles, DOC may be released due to
either degradation of complex organic matter by reductive fermentation and hydrolysis or from
desorption of organic matter upon reductive dissolution of Fe(ll1)/Mn(l1l) phases.®>3265306
Additionally, increase in pH associated with Fe(lll) (hydr)oxides dissolution under anoxic
conditions may cause dispersion of colloids, increasing DOC concentrations.*®*" Low DOC
values in oxic cycles suggest resorption of organic matter on iron oxides,?®® organic carbon
consumption by aerobic organisms, or abiotic degradation of organic carbon by hydroxyl radicals

generated during oxidation of Fe(ll) by O2.3%8:30°

Sulfate concentrations responded to changing redox conditions in both wetland soil and stream
sediment microcosms (Figure 5.3 c¢,d) with high values at the end of the oxic cycles and low values
after anoxic cycles. During anoxic cycles, sulfate was not observed in the supernatant of riparian
wetland soil microcosms, indicating the conversion of sulfate into reduced forms of sulfur as
observed in earlier studies.”*%54119310 Dyring the redox fluctuations with stream sediments, lower
sulfate concentrations were observed during anoxic cycles than during oxic cycles, but the
concentration during anoxic cycles increased with successive fluctuations. Sulfate concentrations
observed in stream sediment microcosms exceeded the amount (~ 10 fold) observed in wetland
soil experiments. The complete oxidation of sulfur would release up to 16.3 mM and 27.8 mM
sulfate in wetland soils and stream sediments, respectively. However, the concentration of sulfate

released in the sustained oxic microcosms was much lower (wetland soil: 0.34 mM and stream
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sediment: 5.9 mM), indicating the presence of appreciable amounts of stable sulfur species that
were resistant to oxidation by dissolved oxygen or the formation of other intermediate S species,
such as sulfite, thiosulfate, and elemental sulfur. Sulfur bound to soil organic matter can also be
oxidized and released as sulfate upon organic matter mineralization in oxic cycles.3!! Sulfate
released via organic matter mineralization cannot be reversibly incorporated back with organic
matter in subsequent anoxic cycles, thus, progressive organic matter mineralization could have

caused high sulfate concentrations in the second and third anoxic cycles of stream sediments.

5.3.4 Redox Fluctuation Effects on Metal Concentrations

Wetland soils: Water samples were collected periodically to monitor the variation in the
concentration of dissolved metals due to fluctuating redox conditions. For riparian wetland soils
(Figure 5.4), we observed that Ni, Co, and Zn behaved similarly upon alternating redox
fluctuations; their concentrations increased under anoxic conditions and decreased under oxic
conditions. The decrease in the dissolved Ni, Co, and Zn concentration aligned with the decrease
in dissolved Fe concentrations, which suggests the sorption of these trace metals on freshly formed
Fe precipitates. Under low sulfur conditions, like those of the riparian wetland soils, Zn, Ni, and
Co may not be sequestered in sulfide precipitates. During redox fluctuations, dissolved
concentrations of both Ni and Co were positively correlated with DOC (r values of 1.00 or Ni and
0.99 for Co) (Figure 5.5), indicating that these trace metals and DOC might undergo the same
mechanisms of mobilization/sequestration under redox fluctuations. In anoxic cycles, reductive
dissolution of iron oxyhydroxides can release sorbed DOC and trace metals,>*3!2 however, under
oxic cycles, resorption of both DOC and trace metals could have caused the decrease in their

dissolved concentrations. Increase in DOC and trace metals (Ni, Co, and Zn) under anoxic cycles

104



can also be associated with colloidal and nanoparticle dispersion upon pH increase caused by iron

(hydr)oxides dissolution.
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Figure 5.4: Time series of (a) Cu (b) Ni (c) Co (d) Zn (e) Fe and (f) Mn during three different cycles

of redox fluctuations spanning 24 days in riparian wetland soil microcosms. The data plotted shows

the dissolved concentrations in the microcosms after each anoxic and oxic fluctuation. Shaded areas
indicate anoxic cycles and unshaded areas are oxic cycles. Error bars indicate the standard

deviation in the duplicate microcosms

Fe and Mn concentrations were substantially lower in oxic conditions (Figure 5.4 e,f). As
oxygen is introduced, dissolved Fe(Il) and Mn(l1) oxidize to form oxides/hydroxides that can serve
as sorption sites for metals.?’**13 The decrease in dissolved Fe and Mn concentrations with
increasing oxygen concentration indicated the formation of Fe and Mn oxides/hydroxides. At the
pH conditions studied (~5), the rate of abiotic Fe(ll) oxidation by dissolved O: is very slow (10

12.101% mol L s1);314-316 however, Fe (hydr)oxide formation can be microbially-mediated (1078-
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10° mol L s?) even at slightly acidic pH.3*>3!" Additionally, the presence of mineral surfaces,
such as iron oxyhydroxides, increases the rate of Fe(Il) oxidation (10%-10" mol Ls?) in the pH
range 4.5-5.5.31831% The rate of Fe(Il) oxidation in oxic cycles in our study (10® mol Ls?)
suggests that either mineral surfaces are catalyzing the Fe(ll) oxidation or that the oxidation is
microbially mediated. As the amount of Fe bound to oxidizable phases (Figure D-3) did not vary
substantially under oxic cycles, only dissolved Fe was used to calculate the oxidation rates.
Similarly, the abiotic oxidation of Mn(ll) by dissolved oxygen in homogeneous systems is
kinetically inhibited at pH < 83%5320; heterogeneous oxidation of Mn(lII) on mineral surfaces, such
as iron (oxyhydr)oxides, has not been observed at pH values < 6.322732% Thus, it is likely that at the
pH 5 conditions of the microcosms that Mn(ll) oxidation occurred due to the action of

microorganisms, 32432
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Figure 5.5: Pearson correlation coefficient (r) between different components obtained by using their
concentration in the supernatant after each anoxic and oxic fluctuation for (a) riparian wetlands

and (b) stream sediments. The values are rounded to two decimal places.
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Under anoxic conditions, Fe/Mn (hydr)oxides are microbially reduced and release Fe(ll) and
Mn(11) into the porewater.>*?8 Fe can form iron sulfide phases in reducing environments.''° The
high concentration of dissolved Fe in anoxic cycles of the microcosms of this study suggested
limited or no formation of Fe sulfides. The solution Fe:S ratio in the three anoxic cycles (> 30)
indicates that the total available sulfur is not enough to form substantial amounts of iron sulfides.
Any Fe sulfide that did form would most likely be FeS and not FeS> because the formation of FeS;
is very slow under normal temperature and low sulfur conditions.?%327 Qur recent study also
indicated that riparian wetland soils from this site contained very little FeS (< 5%).2%* The
dissolved Fe concentration is substantially lower in the second and third anoxic cycles, which
indicates that the extent of Fe (hydr)oxide reduction decreased in subsequent anoxic fluctuations.
The limited availability of reducing species, i.e., labile organic matter, could have resulted in less

reduction of Fe (hydr)oxides as the fluctuation progressed in the later anoxic cycles.

Cu behavior was different from that of other trace metals in the wetland soils with its
concentration decreasing during anoxic conditions (Figure 5.4). Cu(ll) has more affinity towards
sulfur moieties than the other trace metals (Ni, Co, and Zn) and forms a variety of sulfide
precipitates. 110141142 Cy(11) can also be reduced to Cu(l) or Cu(0) in reducing conditions by various
electron donors (Fe(ll), natural organic matter, and sulfide moieties), further decreasing its
solubility.3%328 Metallic Cu(0), often in nanoparticulate form, has been observed in other studies
in the roots of wetland plants, organic-rich bog soils and contaminated soils upon flooding. 13136141
XANES analysis of soil samples collected from this same wetland indicated that Cu(0) was absent
in these soils,?** however redox fluctuations could have enabled the formation of Cu(0) or Cu(l),
thus decreasing the solubility of Cu in anoxic cycles. The Cu concentration decreased with time in

the anoxic stage of the first cycle (73 nM to 7 nM) and then increased slightly in consecutive oxic
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and anoxic cycles. The decrease in Cu concentrations during anoxic cycles indicate precipitation
in the form copper sulfides, such as CuS. Metals adsorbed to sulfides are rapidly released upon
exposure to oxic conditions; however, sulfide minerals, such as crystalline CuS, are more stable
and are unlikely to be oxidized in short durations.*'%2"* Under the timescale considered for the
anoxic cycles in our study, it is likely that CuS is present in an amorphous or nanoparticulate
form;126:329330 amorphous CusS can easily oxidize under oxic cycles;! however, nanoparticulate

CusS is stable and can persist under oxic conditions for weeks.3?® The low release of Cu in oxic

cycles may indicate the presence of nanoparticulate CusS.

For all the metals, there was a transient increase in concentration immediately following the
shift to oxic conditions. In the first few hours of each oxic cycle (8-12 h), the pH was 3.5-4.0. The
low pH values would result in desorption of trace metals from clays, aluminum oxides, and organic
matter and low sorption of released trace metals to freshly formed Fe/Mn (hydr)oxides under acidic
conditions.>®313332 Upon pH readjustment, a decrease in the dissolved concentration of Ni, Co,
and Zn was observed due to enhanced sorption as the pH increased back toward the target value

of 5.0 (Figure 5.4).

We used DGT samplers to estimate the bioavailable concentration of metals (equations 1-4 in
Section D.1 in appendix) in the microcosms at the end of each stage of redox fluctuation (Figure
5.6). The bioavailable concentrations of Ni, Co, and Fe were lower under oxic conditions, whereas
the bioavailable concentrations of Cu and Mn were higher under oxic conditions. At low pH
conditions (~4), Mn(lIl) in minerals can disproportionate to Mn(Il) and M(IV), increasing the
dissolved concentration of Mn(ll) in oxic conditions.* Due to lower concentrations of DOC in
oxic cycles to complex Mn(ll), the estimated bioavailable concentrations of Mn could have been

higher in oxic fluctuations. For Zn, the DGT-estimated concentration was similar in the first two
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cycles of anoxic and oxic fluctuations; however, the bioavailable concentration of Zn increased
substantially following the oxic condition of the third redox cycle. For all the trace metals, the ratio
of DGT-estimated concentration to total dissolved concentration (Cpc1/Caiss) (Table D-9) is < 0.30
under anoxic cycles (Cu: 0.16 £ 0.09, Ni: 0.28 £ 0.03, Co: 0.15 £ 0.05, Zn: 0.21 + 0.09). Cpct/Cuiss
was higher (Cu: 0.65 + 0.20, Ni: 0.89 = 0.05, Co: 0.65 + 0.10, Zn: 0.86 + 0.10) under oxic cycles.
Our speciation results (estimated using NICA-Donnan model in Table D-7, details in Section D.3)
showed that DOC was not able to complex Ni, Co, and Zn under anoxic cycles, indicating that
these trace metals might be present in colloidal or nanoparticulate form which prevented their

diffusion inside DGTs.
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Figure 5.6: Variability in the bioavailable concentration of (a) Cu (b) Ni (c) Co (d) Zn (e) Fe and (f)
Mn in riparian wetland soil microcosms during three cycles of redox fluctuations determined by
DGT samplers. Each subplot also contains the bioavailable fraction of metal determined in
microcosms that were sustained at oxic and anoxic conditions as indicated by the “Continuous”

label. Error bars indicate the standard deviation in the duplicate microcosms.
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With successive redox fluctuations, the bioavailable concentrations (Figure 5.6) of Cu and Zn
increased, whereas bioavailable concentrations of Ni and Co decreased. In microcosms with
sustained oxic conditions, the bioavailable concentration of Co was substantially lower than in the
microcosms subjected to redox fluctuations. Similarly, a sustained anoxic environment resulted in
less bioavailable Cu than in the microcosms subjected to redox fluctuations. The formation of more
crystalline and stable minerals under longer flooding or drying periods has been observed to lower
the bioavailability of metals and decrease their accumulation in benthic organisms.3!233% In
contrast, Ni and Co dissolved (Figure D-5) and bioavailable concentrations (Figure 5.6) in
completely anoxic microcosms were higher than in microcosms subjected to fluctuations. The
amount of Fe released in sustained anoxic conditions (8400 uM) was higher than Fe released in
anoxic cycles (cycle 1: 6300 uM, cycle 2: 3200, and cycle 3: 2100 uM), thus, higher dissolution

of iron (hydr)oxides could have caused more release of Ni and Co.

Stream sediments: Like the wetland soils, the trace metals in stream sediments displayed distinct
trends when subjected to fluctuating redox conditions (Figure 5.7). Fluctuating redox conditions
increased the amounts of Co, Zn, Fe, and Mn released to the supernatant upon successive anoxic
cycles, whereas the Cu concentration increased in consecutive oxic cycles. Ni behavior was
different than in wetland soils; dissolved Ni (Figure 5.7b) increased in the first oxic fluctuation

and then remained almost constant (~40 nM) in the subsequent oxic cycles.

The solid-phase speciation of Cu and Ni in the studied sediments likely affected their
dynamics during redox fluctuations. XANES speciation results for the stream sediments collected
from the same site in our earlier study?®* indicated that Cu is present in a CuS-like form,?** and the
oxidation of a CuS-like fraction could have released Cu under oxic cycles. Further, in sulfur-
limited systems, the formation of Cu(0) and Cu(l) complexation to thiol groups on organic matter
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are important mechanisms for decreasing the solubility of Cu.'?%1% Thus, oxidation of Cu(0) and

mineralization of organic carbon under oxic conditions can also release Cu to the solution.'*?

Similarly, approximately 30% of Ni is associated with sulfides in stream sediments collected from

Oak Ridge,?* the oxidation of the sulfide-associated fraction in the first oxic cycle might have

mobilized Ni, and this process may not have been sufficiently reversible to resequester Ni during

the anoxic cycles
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Figure 5.7: Dissolved concentrations of (a) Cu (b) Ni (c) Co (d) Zn at the end of three different
cycles of redox fluctuations spanning 24 days in stream sediment microcosms. Error bars indicate
the standard deviation in the duplicate microcosms. Shaded areas indicate anoxic cycles and

unshaded areas are oxic cycles.

Co, Zn, Fe, and Mn behaved similarly in the stream sediments, and their dissolved
concentrations decreased during oxic cycles of redox fluctuations (Figure 5.7c,e,f). The strong

correlation between dissolved Co/Zn/Mn and dissolved Fe (Figure 5.5) might indicate that the Co
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and Zn concentrations are governed by the dissolution of Fe (hydr)oxides in stream sediments. In
all three oxic cycles, negligible Fe and Mn remained in the supernatant, indicating either the
formation of Fe/Mn oxides and hydroxides®?"* or association of manganese with the iron

oxyhydroxides.333%
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Figure 5.8: Variability in the bioavailable concentrations of metals due to redox fluctuations shown
in (a) Cu (b) Ni (c) Co (d) Zn (e) Fe and (f) Mn during three cycles of redox fluctuations spanning
24 days on the sediments collected from a stream. The results labeled “Continuous” are from the
parallel microcosms that were sustained at oxic and anoxic conditions. DGTs were deployed for a

time period of 24 h at the end of each redox fluctuation. The equations used for estimating the
bioavailable concentration of metals are listed in the methods section. Error bars indicate the

standard deviation in the duplicate microcosms.

Sustained oxic and anoxic environments showed different extents of trace metal mobilization
than did the cyclic redox conditions. As compared to microcosms which experienced redox
fluctuations, higher concentrations of Cu were released in sustained oxic conditions. On the other

hand, less Ni and Co were released during sustained anoxic conditions than after three anoxic
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cycles. Selective extraction results showed that differences in solid-phase speciation between
microcosms subjected to redox cycling and maintained under sustained conditions caused a
variation in the extent of trace metal mobilization. In sustained oxic microcosms, Cu associated
with oxidizable solid phases decreased (Figure D-4, determined using selective extractions)
increasing the concentration of Cu in the dissolved phase. Similarly, in sustained anoxic
conditions, the abundance of Ni and Co bound to oxidizable solid phases is greater than in the
microcosms after 3 cycles of anoxic fluctuations (Figure D-4) which could have resulted in greater

immobilization of these metals.

After multiple cycles of redox fluctuations, the bioavailable concentrations in the stream
sediments increased for all the metals with each successive fluctuation (Figure 5.8 g-I).
Bioavailable Cu was more abundant in oxic cycles, whereas bioavailable concentrations of Zn and
Co were higher during anoxic cycles. For Ni, the bioavailable concentration increased upon a shift
to oxic conditions in the first redox cycle and then decreased in subsequent oxic cycles. The
bioavailable concentration in sustained oxic/anoxic microcosms showed the same trend for all
trace metals with the exception of Ni; for Ni, the bioavailable concentration was similar in
sustained anoxic and oxic conditions. Unlike, wetland soils, we did not observe a substantial
difference in Cpet/Cuiss Values in different redox cycles in stream sediments (Table D-9). The ratio
of Cper to Caiss for Cu was lower than for other trace metals, which suggests the presence of soluble
Cu-organic matter complexes with low bioavailability. This is consistent with the trend observed
in our speciation results obtained through NICA-Donnan, where freely available Cu was less as
compared to other trace metals due to complexation with DOC (Table D-8). Previous studies also
indicate a higher affinity of dissolved organic ligands for Cu as compared to Ni, Cd, and Zn.171338

In both sustained oxic and sustained anoxic microcosms, DGT-estimated Zn concentrations were
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greater than the dissolved concentrations measured in the supernatant. Resin gels can be
contaminated with Zn during casting and assembly procedures due to leaching from common

339

labware items**® which might have caused high DGT-estimated Zn concentrations.

5.3.5 Comparison between Wetland Soils and Stream Sediments

The riparian wetland soil has lower total metal concentrations as compared to the stream
sediments (Table D-3), but it released greater amounts of trace metals during fluctuating redox
conditions (percent mobilized with respect to total content in Table D-10). In stream sediments,
the percent of trace metals released was 0.01% - 0.06%, with Zn < Cu = Co < Ni. The percent of
Cu released in wetland soils was similar to stream sediments, however, mobilized percentages of

Ni, Co, and Zn were substantially higher in wetland soils, especially under anoxic cycles.

Due to the differences in total iron content, pH conditions, and solid-phase speciation of Fe, S,
and trace metals between the two sites, the effects of multiple redox fluctuations on the extent of
trace metal mobilization in wetland soils and stream sediments were different. Reduction of Fe/Mn
(hydr)oxides released Ni, Co, and Zn during anoxic cycles of riparian wetland soil microcosms.
The abundance of Ni, Co, and Zn bound to the oxidizable fraction was substantially lower in
wetland soils as compared to stream sediments (Figure D-3Figure D-4). In our recent study, we
observed that the proportion of sulfur that is elemental sulfur in wetland soils is lower (~20%) than
the proportion for the stream sediments (~70%).2%* Hence, the limited availability of free sulfide
moieties in wetland soils to sequester Ni, Co, and Zn under anoxic cycles probably increased their
dissolved concentrations in the supernatant. The amount of Cu mobilized during the oxic stages
with respect to total Cu present in the sediments was very low in both the systems studied (Table
D-10), owing to the high affinity of Cu for sulfide phases and to complexation with thiol groups

on organic matter; even in oxic cycles, substantial amounts of Cu (> 75%) are present in the form
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of oxidizable fraction (estimated through selective extractions) in both the wetland soil and stream

sediment.

In stream sediments, dissolved concentrations of trace metals increased substantially with each
successive anoxic stage of the anoxic-oxic fluctuations. Sulfur is predominantly present as
elemental sulfur (~70%) in stream sediments collected from ORNL,?** and ~16% of total sulfur
was oxidized in oxic cycles (indicated by the formation of sulfate). The complete reduction of
sulfate did not take place in consecutive anoxic cycles (Figure 5.3); thus, the reductive dissolution
of Fe (hydr)oxides and limited formation of reduced sulfur minerals for immobilizing trace metals
could have increased dissolved trace metals in the second and third anoxic stages. On the other
hand, in wetland soils, the concentrations of mobilized Ni and Co decreased in the second and
third anoxic cycles; dissolved Zn and Cu concentrations increased with multiple redox
fluctuations. XANES analysis on previously collected soils from the wetland site indicated that
this site contained very little FeS (< 5%) and had abundant Fe(l11) (hydr)oxides.?®* In the first
anoxic cycle, ~17% of total Fe dissolved, however, only ~6% and ~4% of the total Fe released in
second and third anoxic cycles, respectively. Thus, the limited dissolution of Fe(l1l) oxides under
fluctuating reducing conditions would have limited the mobilization of Ni and Co in second and

third anoxic cycles.

5.3.6 Implications of Redox Fluctuations for Biogeochemical Processes

The focus of this study on the dynamics of trace metals under fluctuating redox conditions in
systems containing low sulfur and organic matter and trace metal concentrations similar to or
below crustal abundances has implications for the roles of trace metals as micronutrients that affect
carbon and nitrogen cycling. The bioavailability of trace metal micronutrients, Cu, Ni, and Co, is

critical to denitrification and methanogenesis.?>3-2%° Both methanogenesis and denitrification occur
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under anoxic conditions; fluctuating redox conditions might not only affect these processes due to

the variation in redox status but also due to a change in the bioavailability of trace metals.

This study illustrates the cumulative effects of multiple cycles of redox fluctuations on the
bioavailability of trace metals in wetland soils and stream sediments. In wetland soils, the
bioavailable concentrations of Ni and Co decreased with multiple anoxic-oxic cycles; however, in
stream sediments, the bioavailability of Ni and Co increased with redox fluctuations. These
observations suggest that depending on the solid-phase speciation of trace metals and redox status
of the recent past, periodic changes in redox status might inhibit/promote methanogenesis in the
natural aquatic systems. In both systems studied, fluctuating redox conditions increased the
bioavailability of Cu. DGT estimated Cu concentrations in sustained anoxic conditions and the
first anoxic cycle of wetland soils were very low (< 1 nM); such low concentrations can cause
nitrous oxide accumulation in the anoxic zones of riparian wetland soils because of limited
bioavailability of Cu as a trace nutrient required for reduction of nitrous oxide to N2. Our recent
study focused on evaluating the effect of Cu denitrification under completely anoxic conditions
concluded that nitrous oxide accumulated in riparian wetland soils due to limited availability of
Cu.''® Due to multiple cycles of redox fluctuations, bioavailable Cu increased in both stream
sediments and wetland soils, indicating that redox fluctuations might promote nitrous oxide to
nitrogen conversion in these natural aquatic systems when Cu is the limiting factor. Hence, soils
that are prone to flooding and drying events might produce less nitrous oxide than environmental
systems with static anoxic conditions because the bioavailability of Cu as a micronutrient is

important for the biological reduction of N2O to No.
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5.4 Conclusions

This study quantified responses of dissolved and bioavailable trace metal concentrations to
changes between oxic and anoxic conditions as well as the cumulative effects of successive redox
fluctuations. For both systems, the amount of metals released upon redox fluctuations constituted
less than 2% of the total solid-phase associated metals, indicating that only a fraction of metals is
susceptible to mobilization in the events of flooding and drying. The study suggests that trace
metal mobilization in natural environments under events of redox fluctuations is strongly coupled
to solid-phase speciation of the trace metals and the redox status of the recent past. Natural systems
containing high sulfur and iron contents will immobilize more trace metals and may release lesser
amounts of trace metals under fluctuating redox conditions. Our results can be extended to other
natural environments with similar characteristics, such as low organic matter and sulfur content,
to predict trends in the bioavailability of trace metals under dynamic redox environments. Further,
our study suggests that redox fluctuations may alter the rates of metal-dependent biogeochemical
processes in natural environments by varying the bioavailable concentrations of trace metal

micronutrients.
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Chapter 6: Conclusions and Future Outlook

6.1 Conclusions

This doctoral thesis investigated the mobility and bioaccessibility of metals in natural and
engineered water systems by specifically evaluating their interactions with mineral phases and
mineral-organic assemblages. The research provided fundamental information about dominant
interaction pathways between different metals (U, Cu, Ni, Zn, and Co) and iron
oxides/sulfides/organic matter under environmentally-relevant conditions. With the help of this
knowledge, we were able to develop an environmental-friendly technique for removing uranium
from water systems. A deeper understanding of the geochemical cycles of iron and sulfur helped
us determine the bioavailability of trace metals for biogeochemical processes in wetland soils and
stream sediments. With the knowledge of the speciation of metals under different aqueous
chemistry conditions, we were able to predict the fate and mobility of contaminants in engineered

and natural systems.

In our study on uranium removal using magnetite nanoparticles, we provided evidence that
biosurfactants can be effectively used to coat and stabilize iron oxide nanoparticles in aqueous
suspension. Biosurfactants such as rhamnolipids are biodegradable, and their use raises fewer
environmental concerns than the use of their synthetic counterparts. Due to their stability under
environmentally relevant pH and ionic strength conditions, these engineered materials can be
successfully implemented in water treatment systems for the removal of potent contaminants
without causing any further downstream pollution. Rhamnolipid-coated iron oxide nanoparticles

were demonstrated to be able to adsorb the environmentally significant contaminant U(VI), and
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the effects of water chemistry on adsorption were successfully modeled within a reaction-based
surface complexation modeling framework. The formation of stable anionic U(VI) carbonate
complexes decreased U(VI) adsorption onto the negatively-charged rhamnolipid-magnetite
system. The study indicated that both electrostatic and chemical interactions between U(VI) and

rhamnolipid-coated nanoparticles contributed to U(VI) removal.

In our study on trace metal uptake behavior of different natural systems, we observed that
fresh inputs of trace metals to wetland soils and stream sediments resulted in substantial
immobilization in the solid phase with speciation differing substantially from that of the metals
originally present. There were substantial differences in trace metal uptake trends between
different sites, especially for Cu, which can be described by solid-phase characteristics
(mineralogy, organic matter composition, and speciation of sulfur moieties) of the soils and
sediments. This study suggested that the background speciation of metals in natural aquatic
systems cannot be used to determine the speciation and lability of metals introduced to terrestrial

aquatic systems from anthropogenic or natural processes.

With our study on the role of Cu in nitrogen cycling in wetland soils and stream sediments,
we established that natural systems with total Cu concentrations similar to crustal abundances may
lack sufficient Cu to carry out denitrification. In the laboratory-based incubation experiments on
soils and sediments, we observed that N>O accumulated permanently or transiently in all
microcosms lacking Cu amendment. With Cu added to provide dissolved concentrations at trace
levels (10-300 nM), the reduction rate of N2O to N2 in the wetland soils and stream sediments was
enhanced. Our kinetic model could account for the trends in nitrogen species by combining the
reactions for microbial reduction of NO3z" to NO2/N20O/N2 and abiotic reduction of NO2" to N2. The

model revealed that the rate of N>O to N2 conversion increased significantly in the presence of Cu.
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For riparian wetland soils and stream sediments, the kinetic model also suggested that overall
denitrification is driven by abiotic reduction of NO2" in the presence of inorganic electron donors.
These results suggest that natural aquatic systems containing low background Cu may display an
incomplete reduction of N2O to N2 that would cause N2O accumulation and release into the
atmosphere. Thus, the addition of Cu at micronutrient levels to natural aquatic systems could
potentially decrease N2O release into the atmosphere. We also believe that the inclusion of Cu as
an additional input to ecosystem models can help improve their accuracy for predicting N2O

emissions from soils and sediments.

In our redox fluctuation incubation experiments, we observed varied mobilization behavior
for different trace metals. For both natural systems, riparian wetland soils and stream sediments,
reduction of iron oxides under anoxic conditions caused Co and Zn release. In contrast, oxidation
of sulfides mobilized Cu under oxic conditions in both sites. In wetland soils, dissolution of Fe
(hydr)oxides increased Ni solubility; however, in stream sediments, Ni release occurred when
sulfides or organic matter were oxidized. The mobilization behavior in the events of changing
redox conditions can be directly associated with the solid-phase speciation of metals and the redox
status of the recent past. For stream sediments, each subsequent redox cycle increased the
bioavailability of trace metals. Redox fluctuations in wetland soils increased bioavailable Zn and
Cu and decreased bioavailable Ni and Co. The bioavailability of trace metal micronutrients (Cu,
Ni, and Co) is critical to biogeochemical processes, such as denitrification and methanogenesis.
Thus, the biogeochemical cycling of nutrients in systems with redox fluctuations may also be
influenced by the trace metal availability patterns in addition to the availability of electron donors

and acceptors. Our results can be extended to other natural systems with similar characteristics,
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such as low organic matter (<10%) and sulfur content (<3%), to predict trends in the bioavailability

of trace metals under events of flooding and drying.

The results from the dissertation provided insights into the fundamental processes which
govern metal speciation and hence their bioaccessibility in water systems. The understanding of
these processes will not only help in optimizing removal processes for the contaminants but will
also aid in developing fate and transport models to predict metal mobilization in environmental
systems. We also established that availability of Cu may be an important factor in the release of
N20 emissions via denitrification in wetland soils and stream sediments. The conducted research
provided in-depth knowledge of the role of mineral surfaces/mineral-organic assemblages in metal
uptake and release under a variety of environmental conditions. However, a few important aspects

still need to be evaluated which are discussed below.

6.2 Recommendations for Future Research

Based on tunable properties, engineered nanoparticles (NPs) hold significant promise for
water treatment technologies. There are numerous concerns regarding the toxicity and non-
biodegradability of nanoparticles in environmental systems. Our study on rhamnolipid-coated
nanoparticles provided evidence that biosurfactant-coated nanoparticles are stable over a
prolonged period. Further, these nanoparticles can be used to remove inorganic contaminants
under environmentally-relevant conditions without having a significant impact on their stability.
While these results are promising, further research is required to systematically investigate the
efficiency of these rhamnolipid-coated nanoparticles in real water systems containing other metals
and organic moieties. The presence of divalent cations such as Ca?" and Mg?" could cause

nanoparticle aggregation decreasing their efficiency to remove contaminants from water
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systems.>* Further, metals and organic matter could also compete for adsorption at the carboxylic
groups of rhamnolipid. It would be interesting to study the desorption of uranium from the bilayer-
coated nanoparticles which can indicate their reusability for potential water treatment applications.
There is also a need to explore the efficacy of other biosurfactants, such as surfactin and dextran,
for the stabilization of these and similar nanoparticles considered for treatment processes, among

other aqueous-based technologies.

Most pristine natural aquatic systems contain low solid-phase trace metals, and hence they
will have low availability of trace metals for biogeochemical processes. Optimal methanogenic
growth occurs at 0.2-2uM Ni and 0.1-2uM Co, while the Cu concentration required for N2O to N>
via denitrification lies in the range of 3-10 nM.34334 Current ecosystem models, such as Dynamic
Land Ecosystem Model, do not account for the effect of trace metal micronutrient availability (Cu,
Ni, Zn, Co, and Mo) on biogeochemical processes responsible for the release of greenhouse gas
emissions. Thus, we need to collaborate with the groups working on quantification of greenhouse
gas emissions from natural sources to incorporate our new scientific understanding into existing
ecosystem models. These efforts will need extensive field-based measurement of greenhouse gas

emissions under the presence/absence of optimum bioavailable trace metal nutrients.

The wetland soils and stream sediments evaluated in our studies contained low organic
matter (<10%) and sulfur contents (<1%). In environments with high organic matter or sulfur
concentrations, trace metal availability will be lower than in the systems investigated in this
research due to the formation of metal-sulfide precipitates or adsorption onto the organic
matter.%110265 Additionally, metals can form complexes with dissolved organic matter which can
further lower their availability for microbial processes.!'*'3* Thus, a broader understanding of the

bioavailability of metals in ecosystems with high concentrations of organic matter and sulfur
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concentrations is needed to completely identify the roles trace metal micronutrients play in

biogeochemical processes.

Agricultural soils are significant contributors of N2O emissions (~22% of total global N.O)
due to the application of nitrogenous fertilizers and manure. Various studies have indicated that
the physicochemical properties of soils, crop type, and climate zone are significant factors
contributing to N2O release from agricultural soils.*23*3 The common mitigation strategies to limit
N20 release from agricultural soils focus primarily on optimizing N application rate, organic
matter stabilization, and the use of nitrification inhibitors to limit NOz formation.>*® The use of Cu
to limit N2O release in agricultural soils is yet to be evaluated. Cu is a vital micronutrient required
to maximize crop yield and quality; however, high Cu contents (> 500 nmol g*) will result in
adverse effects on plant growth.>** Cu supplements could be applied either as soil amendments or
fertilizers (e.g. in the form of CuSQs) to minimize N2O release.>*® Investigating the trade-off
between the effect of Cu on N2O emissions and plant growth is an important aspect which needs

to be explored.

Methane oxidizing bacteria (MOB) responsible for decreasing CH4 fluxes from natural
aquatic systems via aerobic methanotrophy also require metalloenzymes for catalyzing the first
step of CH4 oxidation to CH3sOH.*® The most prevalent metalloenzyme is Cu-dependent (pMMO);
however, some MOB are also able to express the iron-containing, soluble (sSMMO) under
conditions of copper scarcity. The relation between Cu availability and methane oxidation in
environmental systems is poorly understood. Some studies indicate that methanotrophic activity
is not limited by Cu bioavailability because some MOBs can access mineral-bound and organic-
bound Cu with the help of small Cu-binding peptides, such as methanobactin.®*6347 However,

Morton et al. (2000) showed that the increased surface site concentrations on mineral surfaces
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(goethite, clays, and ferrihydrite) and the presence of strong binding chelates (ethylenediamine
tetraacetic acid, ethylene glycol, and nitrilotriacetic acid) decreased Cu bioavailability to M.
trichosporium OB3b for carrying out aerobic methanotrophy.*® The geochemistry of natural
systems influences Cu bioavailability substantially, thus, careful investigation is needed to
determine the optimum bioavailable Cu concentrations required by MOBs to carry out CH4

oxidation in terrestrial aquatic systems.

In our study on Cu effect on denitrification in wetland soils and stream sediments, we used
the Michaelis-Menten equation to quantify the nitrogen-species reduction rates. Michaelis-Menten
Kinetics is used to describe a process catalyzed by a single enzyme. In complex natural systems,
where multiple enzyme systems and substrates might be involved in carrying out reduction of
nitrogen species, Michaelis-Menten equations might capture the overall rates of reactions for the
environmentally system without describing the specific mechanism associated with a single
enzyme. Monod Kinetics describes both the growth of microorganisms and microbial degradation
of substrate during biogeochemical processes.3*° Thus, by accounting for the microbial growth and
decay using the Monod equation, we may be able to improve the fit of the kinetic model to the

data while better representing the actual transformations processes occurring in the microcosms.

Redox fluctuation experiments provided evidence that trace metal availability may change
substantially under events of flooding and drying due to the change in the metal speciation caused
by the formation/dissolution of minerals. The biogeochemical cycling of nutrients in systems with
redox fluctuations may be influenced by these trace metal availability patterns in addition to the
availability of electron donors and acceptors. The bioavailability of trace metal micronutrients, Cu,
Ni, and Co, is critical to biogeochemical processes such as denitrification, methanogenesis, and

mercury methylation.?>3-?%° These biogeochemical processes can experience promotion/inhibition
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depending upon changes in trace metal bioavailability. Thus, future work is needed to quantify the
responses of CH4 production and N2O production to dynamic changes in trace metal bioavailability
during redox fluctuations in natural aquatic systems. By incorporating the results from these
experiments, we can develop a predictive model to estimate the release of greenhouse gas

emissions from these natural sources under changing climatic conditions.

In our incubation experiments with redox fluctuations, we varied the redox status of the
microcosms by sparging with oxygen and nitrogen for oxic and anoxic cycles, respectively.
Additionally, we also adjusted the pH continuously throughout the incubations to focus on the
effects of dissolved oxygen independent of changes in pH. In actual field conditions, redox
fluctuations are induced by wetting-drying cycles which will be accompanied by pH variations
caused by oxidation and reduction reactions. The column experiments with varying water
saturation levels are required to investigate the dynamics of trace metal micronutrients under

events of flooding and drying.

In our incubation experiments on samples from natural systems, the change in the microbial
community composition was not investigated. We observed that at high dissolved Cu
concentrations (~500 nM) there was a lag in NOs™ reduction owing to the toxicity induced to the
microorganisms by high metal concentrations. The abundance of functional genes associated with
denitrification (nirS, nirK, nosz), dissimilatory nitrate reduction to ammonium (DNRA; nrfA), and
methanogenesis (mcrA) can also change upon trace metal amendments to natural soils and
sediments.* Additionally, microbial communities can respond quickly to redox fluctuations which
can show a varied response to trace metal availability. Thus, systematic investigation to study
microbial community changes upon metal amendments and changing seasons is necessary to

develop a predictive understanding of biogeochemical dynamics.
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We used in-situ passive samplers to obtain an estimate of the bioavailable concentrations of
trace metals in pristine natural environments. The diffusion-based devices provided us with high-
resolution profiles of trace metal bioaccessibility with depth. But this information along with
analysis of other entities like sulfur content and dissolved organic matter concentrations can
enhance our understanding of these complex environments. Additionally, the cost of conducting
an in-situ sampler-based campaign is considerably high after accounting for sampler development,
sampler deployment, and postmortem analysis. The existing equilibrium-based models (NICA-
Donnan and WHAM) that predict the bioavailability of metals in water systems by accounting for
metal ion adsorption to humic substances often over-estimate the labile metal
concentrations.1’%2%3%0 |n order to improve the ability of the models to predict labile metal
concentrations under different aqueous chemistry conditions, there is a need to optimize the

equilibrium constants that determine the amount of metals bound to organic matter.
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Appendix A. Supporting Materials for

Chapter 2

—— 10pM_Carbonate free system
— — 1pM_Carbonate free system
—— 10uM_Fixed DIC system
1uM_Fixed DIC system
—— 10pM_Open to atmosphere

\] = — 1pM_Open to atmosphere

Figure A-1: Variation of log UO2?* as a function of pH. The ionic strength is fixed at 0.01 M
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Figure A-2: Speciation of U(V1) in (a) carbonate-free system, (b) open to atmosphere system, and
(c) fixed dissolved inorganic carbon (DIC) system. U(VI1) loading for all carbonate conditions is 10
MM and ionic strength is 0.01 M.
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Table A-1: Phase transfer efficiency achieved by variation of various parameters for obtaining
aqueous stable suspensions using Rhamnolipids

Iron oxide Rhamnolipid (mg/L) Tir_ne Amplitude Numbered Efficiency
volume (uL) (min) (%) Mean (nm) (%)
400 60 5-6 60-70 61.2 26.21
400 70 5-6 60-70 38.16 28.01
400 80 5-6 60-70 41.07 39.94
400 90 5-6 60-70 47.15 36.83
400 100 5-6 60-70 49.51 32.42
500 60 5-6 60 37.86 17.87
500 70 5-6 60 37.96 25.64
500 80 5-6 60 38.27 23.29
500 90 5-6 60 37.85 24.42
500 100 5-6 60 40.35 20.67
800 60 5-6 80-90 104.4 26.7
800 70 5-6 80-90 41.21 34.57
800 80 5-6 80-90 37.5 52.12
800 90 5-6 80-90 36.24 47.46
800 100 5-6 80-90 39.2 43.48
600 60 10-12 80-100 33.76 51.79
600 70 10-12 80-100 29.86 63.71
600 80 10-12 80-100 26.1 84.78
600 90 10-12 80-100 25.66 80.33
600 100 10-12 80-100 26.29 90.57
800 60 10-12 80-100 38.23 28.5
800 70 10-12 80-100 35.1 46.82
800 80 10-12 80-100 32.59 51.43
800 90 10-12 80-100 31.14 63.05
800 100 10-12 80-100 30.42 69.93
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Table A-2: Aqueous reactions considered for surface complexation modeling®!

Reaction log K°

H,O =H* + OH" -14.00

UO,* + H,0 = UO,OH* + H* -5.25
U022 + 2H,0 = UO,(OH), + 2H* -12.15
UO22* + 3H20 = UO,(OH)s™ + 3H* -20.25
U022 + 4H,0 = UO,(OH)4> + 4H* -32.40
2U02%* + H,0 = (UO,),(OH)® + H* -2.70
2U02%* + 2H,0 = (UO2)2(OH)22 + 2H* -5.62
3U02" + 4H,0 = (UO,)s(OH)42* + 4H* -11.90
3U022* + 5H,0 = (UO,)s(OH)s?* + 5H* -15.55
3U0;%* + TH20 = (UO,)3(OH); + 7H* -32.20
4UO2% + TH,0 = (UO,)4(OH)7* + 7TH* -21.90
U0z + COs* = UO,CO;3 (aq) 9.94
U0, + 2C0O3% = UO2(COs),* 16.61
UO,%* + 3C0O3% = UO2(COs)s* 21.84
3U0z%* + 6COs2 = (UO,)s(COs)e® 54.00
2U022" + 3H,0 + COs? = (UO,),COs(OH)s + 3H* -0.86
0.65

3U0z*" + 3H,0 + COz> = (UO,)sCO3(OH)s" + 3H*
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A.1 Estimating Number of Rhamnolipids Attached per Nanoparticle

Before ultracentrifuge (Rhamnolipid excess +Rhamnolipid attached to IONPs + Oleic acid

attached to IONPs) = 84.48 mg/L as C
After ultracentrifuge, Rhamnolipid excess = 11.16 mg/L as C

Total carbon attached to IONPs = 73.32 mg/L as C

(b)

Figure A-3: Structures of (a) Monorhamnolipid and (b) Dirhamnolipid

As rhamnolipids have two hydrophobic chains so it is assumed that one molecule of rhamnolipid

gets attached to two nanoparticles. This will be considered as one entity in further calculations.

The total number of carbon atoms in one entity = 65.6 carbon atoms (as the standard obtained is a

mixture of monorhamnolipid (40%) and dirhamnolipid (60%))
Density of IONPs as magnetite = 5 g/cm?®
The total volume of particles in V liter of suspension = 6.16*102 V cm?®

Assuming the diameter of 9 nm,
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Number of IONPs in suspension = 1.51 *10" v
Concentration of entities in the suspension= 73.32/ (65.6*12*1000) = 9.31 * 10° M

Moles of entities in suspension of Volume V = 9.31 * 10 mol/ liter* V (liters)= 9.31 * 10° * V

moles
1 mole contains 6.022 * 102 entities, thus total number of entities in suspension = 56.06 x 108V

Number of entities attached per nanoparticle = 371.2 entities per nanoparticle or 185.6
rhamnolipids per nanoparticle (as 1 rhamnolipid molecule gets attached to two oleic acid

molecules)

Site density estimated per surface area of magnetite nanoparticle = 0.73 sites/nm?
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Figure A-4: Fitting SCM obtained parameters to isotherm obtained for NEM model in (a) Open to
atmosphere system and (b) Carbonate-free system. A represent points obtained at pH =8 and m

represent points obtained at pH=6. Solid lines are the fitting lines obtained using NEM at pH 6 and
pH 8.

[162]



- ® No Loading
z o A 1M
~ I
L]
c -10F Y
] on
3 I
O -20F 11
% o ! 4 xa
L L
g ¢ beloim
N 4ot ®
50 B Lauaas [ [ Laaauy Laaas [

Figure A-5: Effect of uranium loading on zeta potential of rhamnolipid-coated nanoparticles
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Appendix B. Supporting Materials for

Chapter 3

Table B-1: Composition of simulated site water used for metal uptake study

Marsh Stream Riparian
Parameter Wetlands Sediments Wetlands
pH 7 7.6 5
lonic Strength 1.65 mM 6.96 mM 0.34 mM

Concentration (uUM)

Na* 170 446 60
K* 165 71 5.3
Ca?* 367 1091 25
Mg?* 288 389 27
Cl- 491 2690 155
SO4* 576 256 7.6
NOs" 8 71 N.A
NH.4* N.A 0.2 N.A
POs* N.A 4 N.A

* PO, represents the total inorganic phosphate in the water. For riparian wetland sites, studies at pH 5 were also conducted. BDLindicates below

detection limit. N.A indicates that the species was not present in the water samples collected from the natural aquatic systems
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B.1 Sampling of Soils and Sediments

Soil and sediment cores were collected using polycarbonate tubes and were transported on
ice to Washington University in St. Louis. Soil cores from marsh wetlands and riparian wetlands
were extruded and divided into upper and lower sections in an anaerobic chamber (Coy Laboratory
Products, 3% H2/97% N2 with Pd catalysts). Sediment cores from EFPC were extruded on the
benchtop and immediately put in the anaerobic chamber. The soils and sediment sections were
stored in an anaerobic chamber until further use to maintain an oxygen-free environment. Water
samples were also collected and acidified to determine the concentration of metals at the sites.

Field blanks were collected to monitor for any contamination during sampling.

B.2 Microwave Digestion of Samples

The detailed procedure used for digestion can be found in our recent study.!*® The digested
samples were filtered using 0.22 um mixed cellulose ester (MCE) filters followed by dilution to
~1% HNO:s for dissolved metal analysis using ICP-MS. This method was able to extract almost all
the trace metals present in the studied soils.!* The efficacy of the soil digestion procedure for
determining total metal contents was assessed by applying it to duplicate samples of reference
materials (Montana Il Soil / Standard Reference Material 2711a and Green River shale/SGR-1b)

with known compositions.
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Figure B-1: Calculated equilibrium solubility for (a-c) Cu (d-f) Ni and (g-i) Zn in simulated water
of marsh wetlands, stream sediments, and riparian wetlands. The solids considered for Zn include
Zn(OH)z, ZnCl; and ZnSOy; for Cu include CuCl;, CuSO4 and Cu(OH); and for Ni only Ni(OH); is

included. The fraction of dissolved metal signifies the amount remaining in the solution at

equilibrium for the different total metal concentrations indicated.
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Figure B-2: Cu Standards used for XANES analysis for estimating the speciation of added metals
onto the soils. Chalcocite (Cu,S) was purchased from Alfa Aesar; Covellite (CuS) was purchased
from Fisher Scientific; CuCl, was purchased from Sigma Aldrich; Cu(ll)-Histidine, Cu(ll)-
Cysteine and Cu(ll) adsorbed to Goethite were synthesized and Cu metal spectra was obtained

from Exafs materials database.
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Figure B-3: Ni Standards used for XANES analysis for estimating the speciation of added metals
onto the soils. Ni(l1) Histidine, Ni(l1) Cysteine, Ni(Il) Glutathione complexes and Ni-substituted
Magnetite were synthesized; Ni-substituted Serpentine and Ni adsorbed to Goethite were
synthesized; NiCl, was purchased from Sigma Aldrich; Ni(ll) Sulfide was purchased from Alfa
Aesar and Ni(ll) Acetate was purchased from Acros Organics.
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Figure B-4: Zn Standards used for XANES analysis for estimating the speciation of added metals
onto the soils. Zn(11)-Glutathione, Zn(11)-Histidine, Zn(l1)-Cysteine and Zn adsorbed to goethite
were synthesized; Zn(l1) Sulfate and Zn(NO3), salt were purchased from J.T. Baker; Zinc(l1) Oxide
and Sphalerite spectra was obtained from Luo et al®*?; Zn(I1) Acetate and Zn(Il) Phosphate were

purchased from Fisher Scientific and Zn-Ferrihydrite and Zn-Clay- Source were synthesized.
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Table B-2: Categories used for XANES analysis for Cu

Category Standards included

CuS Covellite

CuzS Chalcocite

Amine bound Cu-Histidine

Thiol bound Cu-Cysteine

Adsorbed Cu adsorbed to goethite and CuClzg)
Cu® Cu foil

Table B-3: Categories used for XANES analysis for Ni

Category Standards included

NiS NiS

Amine bound Ni-Histidine

Thiol bound Cu-Cysteine

Adsorbed Ni adsorbed to goethite, Ni-Acetate, and NiClzg)
Clay structures FeMg Smectite and Serpentine

Table B-4: Categories used for XANES analysis for Zn

Category Standards included

ZnS Sphalerite

Thiol bound ~ Zn-Cysteine and Zn-Glutathione

Zn0O Zinc Oxide

Adsorbed Zn adsorbed to goethite, ZnSOa, Zn3(POa4)3, ZN(NO3)2(a),
Zn-Ferrihydrite, and Zn-Acetate

Clay

structures Zn-Clay
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Table B-5: Properties of soils and sediments from different sites

Parameter Marsh 1 Marsh 2 Stream 1 Stream 2 Riparian1 Riparian 2
Cu (nmol/g) 730 400 150 80 30 200
Ni (nmol/qg) 420 280 300 160 40 110
Zn (nmol/g) 2100 1700 600 300 100 300
Organic

11 9.8 04 1.8 14 40
carbon (%)
Specific surface 8.2 6.2 7.9 22.0 2.2 6.8
area (m?/g)
Iron content 23 24 20 35 3 26
(ma/g)
Sulfur content 2.6 3.1 1.7 0.8 0.9 1.7

(mg/g)
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B.3 Previous Characterization of Soils and Sediments

Mineral Composition

The mineralogy of all the samples was dominated by quartz, and some differences in minor
phases were observed.!!® Smectite, illite, kaolinite and plagioclase feldspar were the minor phases
detected in the soils of Marsh 1, and the stream sediments contained K-feldspar, chlorite, smectite,
kaolinite, and illite as minor phases. The Riparian 2 wetland soils had minor K-feldspar, kaolinite,
chlorite, and gibbsite, and trace illite; however, only trace amounts of kaolinite, chlorite, and

gibbsite were detected in Riparian 1 wetland soils.*®

Water Sample Characterization

Detailed information on the pH, temperature, conductivity, and element concentrations in
the water samples from the selected sites can be found in our earlier study.'*® The pH at marsh
wetland sites and stream sediment sites ranged between 7.5-8.1, whereas the pH at riparian wetland
sites was lower (~5.0). The dissolved Cu concentration in water samples ranged from 20-80 nM
with no distinct trend among the different sites.'*® The dissolved concentration of Ni in the water
samples collected from marsh wetlands, stream sediments and Riparian 2 lie in the range of 30-60
nM, and Riparian 1 samples contained less dissolved Ni (~12 nM).!*® The dissolved Zn

concentrations were higher than Cu and Ni and varied in the range of 46 - 230 nM.
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Figure B-5: Effect of difference in pH between 5 and 7 on uptake of (a) Cu, (b) Ni, and (c) Zn on

a 10000 E
F < Riparian1pH5 Cu
A Riparian 2 pH 5 @
< 1000 F ¢ Riparian 1pH 7
< = & Riparian 2pH 7 Oo&
c 100
5 10F o K
n E o A
£ 1 <& QA L
=5 E o 00 AA‘
o N Au’a‘o
0.1 ;—’q“ *ne
0.01 Dol vl vl vl
0.01 041 1 10 100

Cu added (pmol/g)

riparian wetland soils.

b 10000 .
& Riparian1pH5 Ni
A Riparian 2 pH 5

< 1000 o Riparian 1 pH 7
A Riparian 2 pH 7

3

= 100 {‘

.o

5

= 10

(]

i= 1

=z

0.01
0.0010.01 01

1
Ni added (umol/g)

10 100

C 10000
F < Riparian 1 pH 5 zZn
A Riparian 2 pH 5
s 1000 £ o R:g:::::wgm' &
= FE A Riparian 2 pH 7 ©
c 100 F OogA
] E T
5 R A.A‘
2 10% o8 S
(=] E o,
= F N
c r <& A oA
= 1F o feA
IE E A & AO‘
0.1 = e M
0.01 [ T EEPRPETTTTY R TTI R
0.01 041 1 10 100

Zn added (umol/g)

Figure B-6: Concentration of (a) Cu (b) Ni and (c) Zn remaining in the supernatant at the end of

uptake experiment in riparian wetland soils at pH 5 and 7.
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Table B-6: Kp values at low and high loading for trace metal uptake at different sites

Kb (L/m?)
Site Cu Ni Zn
1
umol/g 10 umol/g 1 pmol/g 10 umol/g 1 pumol/g 10 pmol/g
Stream 1 135 20.6 0.36 0.1 3.57 1.29
Stream 2 5.06 8.38 0.08 0.01 0.61 0.15
Marsh 1 0.20 0.28 0.14 0.08 0.18 0.11
Marsh 2 0.31 0.57 0.21 0.12 1.16 0.26
Riparian 1 2.53 1.5 0.36 0.12 0.38 0.49
Riparian 2 0.46 1.32 0.25 0.13 0.8 0.37

solid—phase concentration
solute concentration

To account for SSA in determining KD( ) the solid phase concentrations were calculated in terms of

umol/m? and solute concentration in umol/L.
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Figure B-7: Spectra obtained using XAS along with fitting results (data in blue and fit in red) for
Cuin (a) Marsh 1 (b) Stream 1 (c) Riparian 2 and (d) Riparian 1
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Figure B-10: Total amounts of metals in unamended soils and sediments and after uptake for Cu
for the Marsh 1 marsh wetland soils (a), Stream 1 stream sediments (b), Riparian 1 soils (c), and
Riparian 2 soils (d). Total amounts in each category of species are calculated from measured total
amounts of metals in the soils/sediments and fractions in each category determined from fitting of
XANES spectra.
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Figure B-11: Total amounts of metals in unamended soils and sediments and after uptake for Ni for
the Marsh 1 marsh wetland soils (a), Stream 1 stream sediments (b), Riparian 1 soils (c), and
Riparian 2 soils (d). Total amounts in each category of species are calculated from measured total
amounts of metals in the soils/sediments and fractions in each category determined from fitting of
XANES spectra.
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Figure B-12: Total amounts of metals in unamended soils and sediments and after uptake for Zn
for the Marsh 1 marsh wetland soils (a), Stream 1 stream sediments (b), Riparian 1 soils (c), and
Riparian 2 soils (d). Total amounts in each category of species are calculated from measured total
amounts of metals in the soils/sediments and fractions in each category determined from fitting of
XANES spectra.
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B.4 Presence of ZnO Component in Soils and Sediments

We observed a significant fraction of zinc oxide (10 to 54%) in nearly all the samples after Zn
uptake as well as in all the unamended samples (Figure 3.4). Prior studies indicate that ZnO formed
in oxic soil cores does not persist under anoxic conditions and dissolves and transforms to other
phases.1323%3-3%5 These considerations suggest that ZnO in our samples may be due to
contamination during sampling or X-ray data collection. ZnO introduced during field sampling is
unlikely to have persisted under anoxic storage conditions. Thus, the ZnO component in our
XANES results is likely due to beamline components, such as cellulose acetate tape.!** Notably,
the ZnO contribution generally decreases in relative proportion as total zinc content increases
following uptake. This suggests that an approximately fixed ZnO content is present in all samples
and is diluted by added zinc, consistent with this being an artifact and not an actual species in the

samples.
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Table B-7: Dominant solid phase speciation of trace metals at the selected sites

Condition Marsh 1 Stream 1 Riparian 1 Riparian 2
Unamended CusS CuS CusS CuS, CuzS & adsorbed
1 pmol/g CusS CuS CuzS CuS
Cu
. Amine
10 umol/g CuS, thiol bound, CuSand CuS  bound and CuS & Cu(0)
and Cu(0)
adsorbed
Unamended  Clay structures Clay Clay Clay structures
structures structures
Ni 1 pmol/g NiS and adsorbed NiS Adsorbed Adsorbed
10 umol/g  NiS and adsorbed lebzraiéhlol Adsorbed Adsorbed
Clay structures, Clay
Unamended  thiol bound, and  structures and ZnS Adsorbed
adsorbed thiol bound
ZnS and
Zn 1 pumol/g ZnS and adsorbed Adsorbed Adsorbed
adsorbed
Thiol bound,
10 umol/g  ZnS and adsorbed ZnS and Adsorbed Adsorbed
adsorbed
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Appendix C. Supporting Materials for

Chapter 4

Table C-1: Concentration of major elements and species in the simulated site water used for uptake

studies and microcosm experiments

Parameter ANL ORNL B

pH 7.0 7.6 5.0
lonic Strength 1.7mM 7.0 mM 0.30 MM

Concentration (UM)

Na* 170 450 60
K* 170 71 5.3
Ca* 370 1100 25
Mg?* 290 390 27
Cl- 490 2700 160
SO% 580 260 7.6
NOs 8 70 0
NH4* 0 0.2 0
PO* 0 4 0
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Table C-2: Characterization of soils and sediments collected from different aquatic systems

Site Cu Mn Fe c S NH¢  NOy NOs
(nmol/g) (nmol/g) (umol/g) (%) (%) (umol/g)  (umol/g) (umol /g)

Riparian 1 48 220 47 1.3 0.02 11 BDL 0.14

Riparian 2 260 701 460 6.0 0.09 2.7 BDL 0.00

Stream 1 160 3200 204 3.0 0.10 2.7 BDL 0.14

Stream 2 98 5600 420 046  0.02 2.8 BDL 0.43

Marsh 1 280 1960 420 9.0 0.24 21 BDL 0.36

Here, nutrients represent the extractable values from soils and sediments. Total Cu, Mn, and Fe concentrations present
in soils and sediments were obtained using microwave-assisted digestion technique. Carbon and sulfur percent were
estimated using CHNS analyzer. The detection limit of NO2 is 0.02 pumol/g.

C.1 Dissolved Cu Speciation in Microcosms

Two different binding sites are considered in the NICA model, type 1 and type 2, corresponding

to carboxylic (low affinity) and phenolic (high affinity) sites respectively 7,

. . Y . ) .
(Kiici)" [Z(Ki,lci)nl,l] 1 nis (Kiaci)"2 [Z(Kijlci)nl,z] 2
Qmax 1,H Qmax LH

i D R T E(Ki20)"" 14[0(k;1c)"2]

ni1

Q; =

Eq S1

where, ¢; (mol. L) is the concentration of metal; Q; is the amount of bound ion described by two
identical binding expressions, one each for the carboxylic- (1) and phenolic-type (2) site
distributions. Qmaxt,H and Qmaxz,x are the maximum proton binding capacity of humic substances
within each distribution (mol kg !); p1and p2 account for intrinsic heterogeneity of humic

substances; K;; and K;, are median values for affinity distributions for ion, and nj1 and n;. are

used to describe the nonidealities of the ion-binding to each distribution. The ratios% withj=1
H,j

or 2 reflect the average stoichiometry of ion binding.
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The charge on humic substances is neutralized by the nonspecific binding of counter-ions
and exclusion of co-ions within the Donnan volume, Vo (L-kg™ 1), as described by the empirical

relationship.
logVp, = b(1 —logl) — 1 Eq S2

Here, | is ionic strength and b is an empirical parameter describing the variation of Donnan volume
with ionic strength %, The values of parameters used in estimating Cu speciation are listed in

Table S3.

Humic substances are normally assumed to be the main binding substances "%, and their
concentrations were determined from the dissolved organic carbon (DOC) concentrations. Humic
substances account for 60% of DOC in natural water systems 3% and they comprise 50%
carbon, so concentration of HS was assumed to be 1.2 times the DOC concentration. The pH,
temperature, total dissolved elements (Na, Mg, K, Ca, Cl, NOz, SO4, and PO4) (Table EA1), and

dissolved Cu, Fe, and Mn were used as the input parameters for determining Cu speciation.
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Table S3: Parameters used in NICA-Donnan model for determining Cu speciation in the presence

of DOC?%
Parameter Value
b 0.57
Quax 1. 5.88
D1 0.59
logl’{H‘1 2.34
Ny 1 0.66
log l,{Cu,l 0.26
Nyt 0.53
Qmax 2,H 186
D2 0.70
logl’(H‘Z 8.60
Ny o 0.76
log l,{Cu,Z 8.26
Ncy 2 0.36

C.2 Estimation of Organic Carbon Requirements for Complete Reduction of
Nitrate
CH,0 + H,0 - CO, + 4e™ + 4H™ EqS3
NO3 + 5e”+ 6H* — > N + 3H,0 Eq S4
5CH,0 + 4H" + 4NO3 — 5CO, + 2N, + 7H,0 EqS5

Total nitrate available=0.05 mmol

Total organic carbon (OC) requirement = 0.0625 mmol

[186]



Table C-3: Organic carbon required for complete nitrate reduction

Site Organic Total organic TOC
Carbon (%) carbon (mmol) OCrequired
Riparian 2 6.0 13 208
Riparian 1 1.3 2.7 43
Stream 1 3.1 6.3 101
Stream 2 0.46 0.77 12
Marsh 1 9.0 19 304

*Here, total organic carbon represents the total amount of organic carbon present in the solid phase (2.5 g of
soil/sediment) used for incubation experiments.

Table C-4: Estimated labile concentrations of Cu in the microcosms using NICA-Donnan model

Estimated labile concentration (nM)*

Site

Control Low Cu High Cu
Riparian 1 28%0.9 150 + 20 1200 + 80
Riparian 2 1.4+0.8 89+ 3 350 £ 60
Stream 1 0.55+0.3 72+ 2 28 +4
Stream 2 48+0.9 38+ 3 560 + 4
Marsh 1 76%5 35+ 30 150 + 100

*Labile Cu concentration is the sum of Cu, CuOH*, and Cu(OH).. The values represent the average of the labile
concentrations between the pH range studied. pH varied between 5-6 in wetland soils; 7.6-8.6 in stream sediments,
and 7-8 in marsh wetland soils.
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C.3 Estimation of Nitrate Requirements for Abiotic Reaction with Fe(ll)

1
NO3 + 5Fe’* + 12H;0 > 5Ny + 5Fe(OH); + 9H*

Riparian 1:

Decrease in Fe : 7.1 pmol

NOs" required: 1.4 umol

Riparian 2:

Decrease in Fe concentration: 72 pumol
NOs" required: 14 pmol

Stream 1:

Decrease in Fe concentration: 0.084 umol

NOs" required: 0.017 pmol

Riparian 1 Riparian 2 Stream 2
1.2 _ 1.2
— = -
- B =
E 1.0 é g 11 F ié{}{}é
€ qal = E !!
S— 08 — "o ' i
‘o i (@) Om 1.0
S o6 | = < i
- ' I, 4 1 . refi—Tet=X' 0_9 ' R N R |
0 6 12 18 24 30 0 6 12 18 24 30 0 4 8 12 16 20
Time (days) Time (days) Time (days)

Figure C-1: Variation in the concentration of NOs™ during incubation period at different sites

studied. The scale on the plots is selected to show changes in in NOs for the earliest reaction times.
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C.4 One-way Analysis of Variance (ANOVA) on Michaelis-Menten Parameters

One-way ANOVA was used to determine whether there are any significant differences between
the means of Michaelis-Menten parameters obtained for control, low Cu loading and high Cu
loading for different natural aquatic systems. The data were transformed by taking the logarithm
of the values to make them normally distributed. The transformed data satisfied the assumption of

homogeneity of variances i.e. the population variances in each group were equal.
Null Hypothesis: picontrot = Hiow cu = Unigh cu
Alternate Hypothesis: peontror # Hiow cu # Hnigh cu

Case 1: For Kyo; (mmol L)

Control Low High
Riparian 1 1.08 1.04 1.18
Riparian 2 0.04 0.04 0.23
Stream 1 -0.41 -0.39 -0.31
Stream 2 1.59 1.60 1.85
Marsh 1 -0.33 -0.26 -0.42

Summary for One-Way ANOVA

Source of SS df MS F P-value F crit
Between Groups 0.036 2 0.018 0.022 0.97 3.88
Within Groups 10.09 12 0.84
Total 10.12 14

For 95% confidence interval, F < Fcrit and p > 0.05. Hence, there is not enough evidence to reject
the null hypothesis. Hence, there is not enough evidence to suggest that Cu addition altered NO3’

reduction in all the systems studied.
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Case 2: For K Noz (mmol LY

Control Low High
Riparian 1 -1.14 -1.14 -1.17
Riparian 2 -0.17 -0.66 -0.48
Stream 1 0.96 0.99 0.98
Stream 2 -1.10 -2.17 -2.46
Marsh 1 -1.24 -1.17 -1.33

Summary for One-Way ANOVA (mmol L)

Source of SS df MS F P-value F crit
Between Groups 0.35 2 0.17 0.14 0.87 3.88
Within Groups 15 12 1.3

Total 15 14

For 95% confidence interval, F < F¢it and p > 0.05. Hence, there is not enough evidence to reject

the null hypothesis. Hence, there is not enough evidence to suggest that Cu addition altered NO2"

reduction in all the systems studied.

Case 3: For Kab (mmol

LY

Control Low High
Riparian 1 2.00 2.00 1.99
Riparian 2 0.34 0.34 0.34
Stream 1 -0.16 -0.15 -0.19
Stream 2 -1.82 -1.82 -1.82
Marsh 1 -3.62 -3.57 -3.54
Summary for One-Way ANOVA
Source of SS df MS F P-value F crit
Between Groups 0.00042 2 0.0002 4.71E- 0.99 3.88
Within Groups 54 12 4.53
Total 54 14

[190]



For 95% confidence interval, F < F¢it and p > 0.05. Hence, there is not enough evidence to reject
the null hypothesis. Hence, there is not enough evidence to suggest that Cu addition altered abiotic

reduction of NO2" to Nz in all the systems studied.

Case 4: For Ky, o (mmol L)

Control Low High
Riparian 1 3.84 1.38 0.54
Riparian 2 4.04 -0.32 -0.68
Stream 1 0.57 -0.14 -3.11
Stream 2 -2.07 -2.62 -2.49
Marsh 1 -0.85 -1.43 -1.74

Summary for One-Way ANOVA

Source of Variation SS df MS F P-value F crit
Between Groups 17.5 2 8.7 2.2 0.15 3.8
Within Groups 47 12 3.9

Total 65 14

For 95% confidence interval, F < Fcrit and p > 0.05. Hence, there is not enough evidence to reject
null hypothesis. As indicated in the ANOVA table, the variation within the groups is greater than
the variation between groups. The natural systems evaluated varied substantially in terms of
mineralogy, total trace metal concentrations, initial pH concentrations, organic matter, and sulfur
contents. Hence, we think that it will be inappropriate to conduct ANOVA on all the systems

together, because of their inherent variability.
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Appendix D. Supporting Materials for

Chapter 5

Table D-1: Details of different redox conditions and time intervals considered under each cycle of

redox fluctuation

Condition Time (in days)
Anoxic 6

Anoxic-Oxic 8 (6+2)
Anoxic-Oxic- Anoxic 14 (6+2+6)
Anoxic-Oxic-Anoxic-Oxic 16 (6+2+6+2)
Anoxic-Oxic-Anoxic-Oxic-Anoxic 22 (6+2+6+2+6)

Anoxic-Oxic-Anoxic-Oxic-Anoxic-Oxic 24 (6+2+6+2+6+2)

D.1 Estimation of Labile Concentration of Metals using DGTs

The resin gel strongly binds metal species, and the flux of the metals (F in mol/m?-s) towards the
resin gel is calculated using Fick’s law of diffusion (equation 1), where D is the diffusion
coefficient (m?/s) of the labile trace metal species in the diffusion layer, Ag is gel thickness (m)

and Ci is the interfacial concentration of labile trace metal species (mol/m?3).

DC;

FO = 32
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The total mass of trace metal accumulated on the resin gel (M) upon diffusion through area (A) of
the sampler over the deployment time (t) is shown in equation (2). M is determined analytically

by measuring the concentration of the metals (Ce) bound to the resin gel (Eq 3).

DC;tA
M= 2
Ag
M= Ce(Vino, + Ve) 3

fe

where, Vyno, is the volume of HNO3 used for eluting the metals attached to the resin (m?), Ce is
the concentration of metals measured analytically using inductively coupled plasma mass
spectrometry (ICP-MS) (mol/m?), Ve is the resin gel volume (m®), and f. is the elution factor. The
elution factor (fe) is the ratio of the extracted metal to the bound metal. Based on previous studies,
an elution factor of 0.8 was adopted for the calculation of trace metal concentrations in bulk
solution.?®®3%" The time-averaged DGT concentration is then obtained by equation (4), where A is

the exposure area (m?), and t is the time of deployment (s).

MAg
Cper =Ci = D—tA 4
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Table D-2: Recipe for simulated site water for microcosm experiments conducted on wetland soils

and stream sediments

Parameter ORNL TB
pH 7.6 5
lonic Strength 7 mM 0.3 mM
Concentration (uM)
Na* 450 60
K+ 70 5
Ca? 1100 25
Mg?* 400 30
Cl- 2700 150
SO4* 256 8
NOs- 70 0
NH4* 0.2 0
PO.* 4 0

40°N

Stream sediments
East Fork Poplar Creek, Oak Ridge

Latitude

35°N

Riparian Wetlands
Savannah River Site
(Tims Branch)

90°W 85°W 80°W 75°W
Longitude

Figure D-1: Locations of the sites selected for collecting soils and sediments for redox fluctuations

experiments
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D.2 Total concentrations of Metals, Carbon, and Sulfur in Samples

Total carbon, and sulfur contents were determined using the dried soil and sediment samples by
combustion elemental analysis using an Elementar vario MACRO cube CHNS analyzer.!'® The
total metal concentrations in the soils and sediments were estimated using a microwave digestion
analysis method. Specifically, 3 mL of concentrated trace metal grade HNO3z and 0.3 mL of 30%
hydrogen peroxide (H202) were added to 0.030 g of dried soil or sediment in a PTFE microwave
digester vessel. Samples were left to react at room temperature in the fume hood for 30 minutes
and then digested in a CEM MARS6 microwave digestion system. The temperature was ramped
from ambient to 175 °C over 10 min and then maintained at 175°C for 15 min to promote complete
digestion. After the vessels cooled, samples were filtered using 0.22 um MCE filters followed by
dilution to 2% HNOa3. Triplicate digestions were prepared for each soil or sediments. The
concentration of Fe was determined using a Thermo Scientific iCap 7400 Duo inductively-coupled
plasma optical emission spectrometer (ICP-OES). The concnetration of trace metals (CU, Ni, Zn,
and Co) and Mn were determined by inductively-coupled plasma mass spectrometry (ICP-MS,

PerkinElmer NexION 2000).

Table D-3: Total concentration of metals, carbon, and sulfur content at the selected sites

Component Wetland Soil (TB) Stream Sediment (ORNL)
Cu (nmol/g) 470 + 50 320+ 40
Ni (nmol/g) 150 + 20 290 + 50
Co (nmol/g) 20+ 4 170+ 30
Zn (nmol/g) 440 + 40 1300 * 200
Mn (umol/g) 0.74 = 0.09 6.4+0.8
Fe (umol/g) 190 + 50 400 £ 100
C (umol/g) 3000 + 400 2500 + 800
S (umol/g) 18+ 3 31+ 5
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Figure D-2: Effect of anoxic and oxic fluctuations on the pH (a-b) and dissolved oxygen (c-d) in the
always anoxic and always oxic controls initiated with riparian wetland soils and streams sediments.
C1 and C2 indicate the duplicate microcosms initiated under continuous oxic and anoxic
conditions. “Continuous” label represents sustained oxic and anoxic microcosms. The dashed line

represents the pH at which microcosms were initiated and readjusted every 24 h.
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Table D-4: Average initial and final pH values after adjustment in the microcosms during the redox

fluctuation experiments

Wetland Soils Stream Sediments

Time (h) Initial pH Final pH Time (h) Initial pH Final pH
24 6.0 5.0 24 7.6 7.6
48 6.0 5.0 48 7.7 7.6
72 5.6 5.0 72 7.6 7.7
96 5.8 5.0 96 7.7 7.7
120 5.6 51 120 7.6 7.6
144 5.6 5.1 144 7.7 7.6
145 3.7 4.9 145 7.4 7.6
147 3.8 5.0 169 7.5 7.6
150 3.9 5.0 193 7.4 7.6
169 4.3 5.0 216 7.7 7.6
175 4.7 5.0 240 7.7 7.6
193 4.8 5.0 264 7.7 7.6
194 51 5.0 288 7.7 7.6
212 5.2 5.1 312 7.7 7.5
224 5.3 5.1 336 7.7 7.6
248 5.4 5.1 360 7.2 7.6
272 5.7 5.0 384 7.3 7.5
296 55 4.9 408 7.6 7.6
320 55 5.0 432 7.6 7.6
344 55 5.1 456 7.6 7.6
345 4.1 5.0 480 7.7 7.6
348 4.1 5.0 504 7.6 7.5
353 4.6 5.1 528 7.6 7.6
369 4.8 5.0 552 7.3 7.5
375 5.0 5.0 576 7.3 7.6
394 5.2 4.9 592 7.4 7.6
400 5.1 5.1
424 53 5.0
448 5.4 4.9
472 5.4 4.9
496 5.4 4.9
520 55 5.0
545 3.9 5.0
548 4.0 5.0
552 4.5 5.1
575 4.7 5.0
583 4.8 4.9
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Table D-5: Change in ionic strength over different cycles of redox fluctuations in wetland soils and

stream sediments

Cycle 1 Anoxic 49 0.02
Cycle 1 Oxic 213 0.04
Cycle 2 Anoxic 39 0.03
Cycle 2 Oxic 173 0.06
Cycle 3 Anoxic 36 0.01
Cycle 3 Oxic 155 0.07
Total change 665 0.23

Table D-6: Oxygen consumed (minimum and maximum) in different oxic cycles of wetland soils

and stream sediments.

Cycle 1 Oxic 1.8-7.6 1.2-7.2
Cycle 2 Oxic 0.83-5.7 0.62-5.2
Cycle 3 Oxic 0.18-4.5 0.12-2.6
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D.3 Dissolved Cu Speciation in Microcosms

Two different binding sites are considered in the NICA model, type 1 and type
2, corresponding to carboxylic (low affinity) and phenolic (high affinity) sites respectively.®’

. . 1D i . . 1P
_ nj1 (Ki_lci)nl’l [Z(Ki,lci)nl'l] ! ni» (Ki,z Ci)nl'z [Z(Ki,lci)nl’z] 2
Qi - Qmax 1,H Qmax 1,H

— S (Kipc) 1+[Z(f<i,10i)ni‘1]p1 "H,2 3 (Kizc0) b2 1+[Z(I’<i,16i)ni’2]p2

Eq S1

where, c; (mol. L-1) is the concentration of metal; Q; is the amount of bound ion described by two
identical binding expressions, one each for the carboxylic- (1) and phenolic-type (2) site
distributions. Qmaxi,H and Qmaxe,H are the maximum proton binding capacity of humic substances
within each distribution (mol kg™ !); p1and p2 account for intrinsic heterogeneity of humic

substances; I'(i,l and I'(i,z are median values for affinity distributions for ion, and ni1 and ni. are

used to describe the nonidealities of the ion-binding to each distribution. The ratios% withj=1
H.j

or 2 reflect the average stoichiometry of ion binding.

The charge on humic substances is neutralized by the nonspecific binding of counter-ions and
exclusion of co-ions within the Donnan volume, Vp (L-kg™ 1), as described by the empirical

relationship.
logVy = b(1 —logl) — 1 Eq S2

Here, | is ionic strength and b is an empirical parameter describing the variation of Donnan volume
with ionic strength %, The values of parameters used in estimating Cu speciation are listed in
Table S3.

Humic substances are normally assumed to be the main binding substances !, and their
concentrations were determined from the dissolved organic carbon (DOC) concentrations. Humic
substances account for 60% of DOC in natural water systems 03¢ and they comprise 50%
carbon, so concentration of HS was assumed to be 1.2 times the DOC concentration. The pH,
temperature, total dissolved elements (Na, Mg, K, Ca, Cl, NOgz, SO4, and PO4) (Table EAL), and

dissolved Cu, Fe, and Mn were used as the input parameters for determining Cu speciation.
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Table D-7: Comparison of dissolved trace metal concentrations in stream sediments with NICA-

Donnan speciation model

Concentration (nM)

Condition Metal
Dissolved Coert CnNicA-Donnan
Cu 5.0 1.6 0.69
Cycle 1 Anoxic NI 21 6.6 1
Co 7.3 5.9 6.6
Zn 17 15 15
Cu 8.3 5.2 0.76
Cycle 1 Oxic NI 42 30 3
Co 3.9 2.5 3.2
Zn 13 12 12
Cu 7.3 2.7 0.23
. Ni 51 31 41
Cycle 2 Anoxic
Co 11 9.1 95
Zn 29 21 26
Cu 18 5.4 47
Ni 41 18 34
Cycle 2 Oxic
Co 3.6 1.9 3.2
Zn 10.8 104 9.9
Cu 9.7 1.7 1.6
. Ni 51 22 44
Cycle 3 Anoxic
Co 16 6.9 14
Zn 37 20 34
Cu 20 11 6.4
Cycle 3 Oxic NI 37 34 32
Co 45 4.3 4.1
Zn 11 9.7 10
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Table D-8: Comparison of dissolved trace metal concentrations in wetland soils with NICA-Donnan
speciation model

Condition Metal Concentration (nM)
Dissolved Coet CnicA-Donnan
Cu 7.1 0.34 0.13
Cycle 1 Anoxic Ni 370 110 310
Co 120 18 90
Zn 610 190 500
Cu 15 13 6.1
Cycle 1 Oxic Ni 33 28 30
Co 9.2 5.6 7.1
Zn 260 210 230
Cu 24 1.2 0.24
Cycle 2 Anoxic Ni 248 83 170
Co 74 15 63
Zn 1200 220 980
Cu 23 13 6.8
Cycle 2 Oxic Ni 30 28 30
Co 1.7 5.9 6.6
Zn 240 230 216
Cu 26 11 2.6
Cycle 3 Anoxic Ni 270 76 220
Co 88 9.3 67
Zn 1500 200 1280
Cu 45 24 14
Cycle 3 Oxic Ni 52 47 49
Co 17.4 9.7 15
Zn 480 380 430

Cnica-ponnan indicates freely available trace metal in the solution.
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D.4 Details on Selective Extraction Technique used for Determining Oxidizable

and Reducible Phases

For each extraction, a wet mass equivalent to 0.5 g dry mass of soil was added to a 15 mL
polypropylene tube followed by the addition of a selected extractant. The dry mass was determined
on a separate portion of soil by drying at 120°C until a constant mass was achieved. To estimate
the fraction of metals bound to reducible forms, 10 mL of 0.040 M NH>OH-HCI in 25% HOAc
was used as an extractant. The tubes were stored at a temperature of 96°C in an oven for 6 h, and
then the supernatant was cooled down to room temperature, filtered, diluted, and acidified to
determine the dissolved concentration of metals. For estimating the metals bound to oxidizable
phases, 1.5 mL of 0.020 M HNOgz and 2.5 mL of 30% H.O> were added to 0.5 g of soil or sediment.
After 2 h, the tubes were placed in an oven maintained at a temperature of 96 °C for 24 h followed
by the addition of another 1.5 mL of 30% H.O> solution. The tubes were stored in the oven for an
additional 24 h after which 2.5 mL of NH4OAc (3.2 M) was added to the samples. The samples
were then mixed on an end-over-end rotator for 30 min at room temperature, and the supernatant
was filtered and stored for dissolved metal analysis. In the above-mentioned extraction step, H>O>
can reduce manganese oxides to Mn(ll), and the presence of manganese oxides can result in
decreased efficiency of organic matter oxidation by H20,.3%* In our samples, the solid-phase
associated manganese concentration was low relative to the concentration of organic matter (Table
S3), and the presence of such low concentrations of Mn was not expected to interfere with the

oxidation of organic matter
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Figure D-3: Change in the concentration of (a) Cu (b) Ni (c) Co (d) Zn (e) Fe and (f) Mn bound to
reducible phases (Red-P) and bound to oxidizable phases (Oxid-P) upon redox fluctuations in a
wetland soil. The results labeled “Continuous” are from the parallel microcosms that were
sustained at oxic and anoxic conditions. Error bars indicate the standard deviation in the duplicate
microcosms. The data was obtained using selective extractions procedure as indicated in materials
and methods of the manuscript. The amount bound to reducible forms were extracted using 0.040
M NH:OH-HCI in 25% HOAC, and the oxidizable phases were extracted using 0.020 M HNO3,30%
H,0,, and 3.2 M NH4OH solution.
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Figure D-4: Change in the concentrations of (a) Cu (b) Ni (c) Co (d) Zn (e) Fe and (f) Mn bound to

reducible phases (Red-P) and bound to oxidizable phases (Oxid-P) upon redox fluctuations in

sediments collected from a stream. The results labeled “Continuous” are from the parallel

microcosms that were sustained at oxic and anoxic conditions. Error bars indicate the standard

deviation in the duplicate microcosms. The data was obtained using selective extractions procedure

as indicated in materials and methods of the manuscript.
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Figure D-5: Concentration of (a) Cu (b) Ni (¢) Co (d) Zn (e) Fe and (f) Mn in always oxic and
always anoxic controls initiated with riparian wetland soils during the time span of 24 days. Error

bars indicate the standard deviation in the duplicate microcosms.
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Figure D-6: Concentration of (a) Cu (b) Ni (¢) Co (d) Zn (e) Fe and (f) Mn in always oxic and

always anoxic controls initiated with stream sediments during the time span of 24 days.
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Table D-9: Ratio of DGT estimated concentration to dissolved concentration (Cpet/Cuiss) after each

redox fluctuation

Site Condition Cu Ni Co Zn
Cyc 1 Anoxic 0.05 0.28 0.15 0.31
Cyc 1 Oxic 0.88 0.83 0.61 0.79
Wetland soils Cyc 2 Anoxic 0.05 0.29 0.20 0.18
Cyc 2 Oxic 0.54 0.93 0.77 0.99
Cyc 3 Anoxic 0.29 0.28 0.11 0.13
Cyc 3 Oxic 0.53 0.91 0.56 0.80
Cyc 1 Anoxic 0.31 0.32 0.80 0.86
Cyc 1 Oxic 0.63 0.70 0.65 0.88
Stream sediments Cyc 2 Anoxic 0.37 0.60 0.85 0.71
Cyc 2 Oxic 0.31 0.44 0.53 0.97
Cyc 3 Anoxic 0.32 0.44 0.44 0.55
Cyc 3 Oxic 0.53 0.91 0.97 0.87

Table D-10: Percent (%0) of total trace metals in the solid phase released to water in different cycles

of redox fluctuations in wetland soils and stream sediments

Site Condition Cu (%) Ni (%) Co (%) Zn (%)
Cyc 1 Anoxic 0.005 0.830 1.932 0.461
Cyc 1 Oxic 0.010 0.074 0.153 0.198
Wetland soils Cyc 2 Anoxic 0.017 0.551 1.226 0.925
Cyc 2 Oxic 0.016 0.067 0.128 0.180
Cyc 3 Anoxic 0.018 0.603 1.471 1.137
Cyc 3 Oxic 0.032 0.115 0.291 0.366
Cyc 1 Anoxic 0.005 0.024 0.014 0.004
Cyc 1 Oxic 0.009 0.048 0.008 0.003
Stream Cyc 2 Anoxic 0.008 0.059 0.021 0.007
sediments Cyc 2 Oxic 0.018 0.046 0.007 0.003
Cyc3Anoxic  0.010 0.058 0.030 0.009
Cyc 3 Oxic 0.021 0.043 0.009 0.003
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Appendix E. Trace metal bioaccessibility in

freshwater sediments

E.1 Introduction

Trace metals can be present in dissolved form or associated with various phases in sediments.
Sediment-associated forms include trace metals adsorbed to or incorporated in organic matter and
in minerals that include carbonates, iron oxides, sulfides and aluminosilicates.”**! The free metals
(M™) possess greater diffusive transport because of their small size and are the most biologically
and chemically active fractions of trace metals.?®® Strong organic metal-chelates, such as
complexes with humic acids and fulvic acids, are inert and hence not readily bioavailable, but
inorganic hydroxy and carbonate complexes are labile.>>1%-18The sum of the amount of labile
metals in the aqueous phase and the amount retained by the solid phase that can be easily
transferred to the aqueous phase forms the part of the bioavailable fraction of metals. Information
on the chemical speciation of metals in natural aquatic systems is essential to understand their
biogeochemical cycling, bioavailability, and toxicity.*® The estimation of the bioavailable fraction
of metals in the sediments will also help evaluate if the natural metal concentrations are limiting
key biogeochemical processes. The bioavailability of trace metals in sediments is dependent upon
the characteristics of solid phases (minerals, particulate organic matter, iron and sulfur content)
and overlying porewater attributes (pH, redox potential, dissolved organic carbon).’-3%? To evaluate
the availability of trace metals in the porewater of wetland soils and sediments, in-situ passive

samplers can be used.
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The diffusive gradient in thin films (DGT) technique is widely used for in situ
measurements of trace metals in soils, sediments and water systems,2%8:360361.363.364 Tha samplers
based on this technique consist of three layers, a membrane, diffusion layer and a binding gel layer
(Figure E-1).3573% This arrangement provides a pathway for the diffusion of ions from the bulk
solution to the binding layer. The binding gel strongly binds labile metal species, and the flux of

the metals towards the resin gel can be calculated using Fick’s Law.3%":36

The objective of this study was to estimate the bioavailable fraction of metals in the
porewater of sediments and the water column of East Fork Poplar Creek located at Oak Ridge
National Laboratory, Tennessee by using DGT samplers. An extensive field study was conducted

in November 2020 at the site. The methods and results are discussed below.

E.2 Materials and Methods

E.2.1 DGT Development

The diffusion gel and the resin gels were prepared according to the procedure published by Zhang
and Davison.?®® The gel solution used for preparing diffusion and binding gels contained 15% by
volume acrylamide and 0.3% by volume bis (N, N-methylene-bis-acrylamide) crosslinker. Freshly
prepared ammonium persulfate (10%) was used as initiator for polymerization and N, N, N, N
tetramethylenediamine served as a catalyst. For the preparation of 10 mL of diffusion gel, 70 pL
of ammonium persulfate and 20 pL of N,N,N',N'-tetramethylethylenediamine (TEMED)were
added. The resin gel contained 2 g of Chelex 100 (Na form, 200-400 mesh) in 10 mL of gel
solution. Less ammonium persulfate ( 50 pL) and TEMED (15ul) were added in the resin gel
solution to prolong the setting process and allow them to settle by gravity. After 45 minutes of

setting time, the gels were removed from the casting assembly and hydrated in ultrapure water for
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24 hours. The water was periodically changed to remove any contamination of trace metals. The
diffusion gels were stored in NaNOs (0.01 M), and binding gels were stored in ultrapure water at

4°C. Prior to storage, the gels were cut into the desired size for use in DGT samplers.

DGT samplers were assembled 4-5 days prior to shipping them to Oak Ridge National
Laboratory (ORNL), and they were stored in re-sealable zipper storage bags along with a few
drops of 0.01 M NaCl to prevent the desiccation of the gels. The assembled DGT samplers along

with the sample holders were shipped to ORNL in a cooler with ice packs.

(a) (b) o Probe base

- Binding gel

Binding gel = 5.~~  Diffusion gel = =
%t,;:— Membrane filter

l Cap o o
o o
© o o
t

o]

Probe cover
Piston : S -
Membrane filter o o o
Diffusion gel
o] O
ol o o
© © Assembled DGT

sediment probe

Figure E-1: DGT devices (a) a piston device, for water deployments; and (b) a planar device,
designed for sediment deployments.

Table E-1 Details of the samplers deployed at different locations at ORNL

Deployment time Location  No of Samplers

5.4 Loc1 9

' 5.4 Loc 2 9

Solution Samplers 24,48 and 72 2293 Loc 1 9

22-23 Loc 2 9

5.4 Loc 1 10

_ 6. 12. 24 5.4 Loc 2 10
Sediment Prob 3 and 72

ediment Probes 48 and 72 22-23 Loc 1 10

22-23 Loc 2 10
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E.2.2 DGT Deployment

Two sites, ORNL 5.4 and ORNL 22-23 were selected for conducting the study (Figure
E-2-Figure E-3). At each site (ORNL 5.4 and 22-23), DGT solution samplers (Figure E-1a)
and sediment probes (Figure E-1b) were deployed at two different locations. At each
location, for water systems, nine DGT samplers (three for each deployment time i.e., 12,
24 and 48 h) were deployed in the water column. For sediments, DGT sediment probes
were deployed for 6, 12, 24, 48 and 72 hours (in duplicate). The multiple time periods were
selected to understand the response of sediments to the localized sink induced by the probes
at each location, and to obtain the kinetic parameters associated with adsorption/desorption
of metals from the sediments. DGT field blanks were used to assess the possible
contamination from storage, deployment and retrieval procedures and transport. The field
blanks were assembled and shipped along with the other DGT samplers. They were not
deployed at the sites but were washed with deionized water used for cleaning deployed
DGTs upon retrieval. The selected locations for deploying the samplers were sufficiently
far from each other and were not intended to be replicates right next to each other. The
details of the number of DGT samplers deployed and times of deployments are shown in
Table E-1. The pH, temperature, dissolved oxygen and conductivity of the surface waters
were also measured before and after DGT deployment (Table E-2

Table E-3). After removal, DGTs were washed with DI water to remove soil particles and were

stored in the refrigerator in air-tight plastic bags with trace amounts of 0.01 M NacCl to prevent the

gels from drying out.
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Figure E-2: DGT deployment plan at East Fork Poplar Creek at ORNL

Table E-2: Field site conditions before and after deployment of DGT solution samplers

Deployment Time

Site Parameter
24 48 72
pH 8.01 7.84 7.84
5 4 Location 1 DO (mg/L) 9.83 10.06 9.87
Temperature (°C) 9.65 9.1 9.37
Conductivity (uS/cm) 289.6 306.5 330.2
pH 8.01 7.91 7.81
5 4 Location 2 DO (mg/L) 9.85 10.04 9.82
Temperature (°C) 9.75 9.18 9.49
Conductivity (uS/cm) 288.5 305.1 329.3
pH 8.07 8.01 8.00
99-23 Location 1 DO (mg/L) 10.55 10.59 10.37
Temperature (°C) 1151 11.25 12.49
Conductivity (uS/cm) 326.4 337.5 359.0
pH 7.86 7.84 7.82
99-23 Location 2 DO (mg/L) 9.50 9.53 9.21
Temperature (°C) 11.58 11.45 12.54
Conductivity (uS/cm) 326.4 339.9 362.1
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Table E-3: Conditions of the water column before and after deployment of DGT sediment probes at
the selected locations

Deployment Time

Site Parameter
6 12 24 48 72
pH 7.9 7.9 8.0 7.8 7.8
5.4 Location 1 DO (mg/L) 10.1 94 9.8 10.1 9.9
Temperature (°C) 11.7 11.3 9.6 9.1 9.4
Conductivity (uS/cm) 297 293 290 307 330
pH 8.0 8.0 8.0 8.0 7.9
5.4 Location 2 DO (mg/L) 10.1 9.5 9.8 10.0 9.8
Temperature (°C) 11.75 11.31 9.75 9.18 9.49
Conductivity (uS/cm) 295.2 292.2 288.5 305.1 329.3
pH 8.1 8.06 8.07 8.01 8.00
99.93 Location 1 DO (mg/L) 9.87 9.48 10.55 10.59 10.37
Temperature (°C) 13.77 12.65 11.51 11.25 12.49
Conductivity (nS/cm) 336 332.9 362.4 3375 359
pH 8.06 7.95 7.86 7.84 7.82
99-93 Location 2 DO (mg/L) 9.46 8.84 9.50 9.53 9.21
Temperature (°C) 13.41 12.63 11.58 11.45 12.54
Conductivity (uS/cm) 332.4 334.2 326.4 339.9 362.1

Water samples were also collected from the deployed locations after 6 hours and 72 hours
to determine the concentrations of dissolved metals in the stream. The water samples were stored
at 4°C prior to shipment. Sediment cores from each location were also collected to determine the

porewater concentration of metals.

E.2.3 DGT Sampler Analysis

Retrieved DGT samplers along with water samples and sediments were shipped to Washington
University in St. Louis in a cooler with ice packs. DGT solution samplers and sediment probes
were stored in the refrigerator prior to analysis. Water samples were immediately filtered and

acidified to determine the dissolved concentration of metals in the water streams. The sediments
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obtained from ORNL were centrifuged at 5000 rpm for 10 minutes to obtain the porewater. The

porewater was filtered and acidified to determine the concentration of metals in the porewater.

36°N

Latitude

35°58'N

84°20'W 84°18'W 84°16'W
Longitude

Figure E-3: Sites selected for DGT deployment at Oak Ridge National Laboratory

DGT solution samplers were opened using a screwdriver (Figure E-4) to obtain the resin
gel. The resin gel was immersed in 1 mL of 1 M HNOs for 24 hours to extract the metals bound to
the gel. After 24 hours, the acid was diluted and filtered to determine the concentration of metals
using ICP-MS. For sediment probes, the gels and the filter membranes were cut along the window
edges without disassembling the probe (Figure E-4). The filter membrane and diffusion gel were
removed, and the resin gel was cut into 1 cm x 3 cm rectangular slices using a Teflon-coated blade.
The metals were extracted from the resin gel slices by using the same procedure as mentioned

above for solution samplers.
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Figure E-4: Procedure for retrieval of resin gels from DGT solution samplers and sediment probes

E.2.4 DGT Calculations

The resin gel strongly binds metal species, and the flux of the metals (F in mol/m?2-s) towards the
resin gel is calculated using Fick’s law of diffusion (equation 1), where D is the diffusion
coefficient (m?/s) of the labile trace metal species in the diffusion layer, Ag is gel thickness (m)

and Ci is the interfacial concentration of labile trace metal species (mol/m?3).

DC;
Ag

F(t) =
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The total mass of trace metal accumulated on the resin gel (M) upon diffusion through area (A) of
the sampler over the deployment time (t) is shown in equation (2). M is determined analytically

by measuring the concentration of the metals (Ce) bound to the resin gel (Eq 3).

DC;tA
M= 2

Ag
M= Ce(Vino, + Ve) 3

fe

where, Vyno, is the volume of HNO3 used for eluting the metals attached to the resin (m?), Ce is
the concentration of metals measured analytically using inductively coupled plasma mass
spectrometry (ICP-MS) (mol/m?), Ve is the resin gel volume (m®), and f. is the elution factor. The
elution factor (fe) is the ratio of the extracted metal to the bound metal. Based on previous studies,
an elution factor of 0.8 was adopted for the calculation of trace metal concentrations in bulk
solution.?®®3%" The time-averaged DGT concentration is then obtained by equation (4), where A is

the exposure area (m?), and t is the time of deployment (s).

MAg
Cper =Ci = D—tA 4

E.3 Results and Discussion

E.3.1 Water Column Samples

The dissolved metal concentration of metals in the water samples collected after 6 hours and 72 hours were
averaged, and the results obtained are shown in Figure E-5. The trace metal concentrations in the water
streams followed the trend Zn > Ni > Cu. Co was not detected in any of the samples. We also monitored if

the concentration of metals in the water column fluctuated over the deployment period of 72 h (Table E-4).
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The concentration of Zn, Ni and Fe almost remained constant at all the locations throughout the deployment
span of 72 hours, however, the concentration of Mn increased significantly at both the locations of ORNL
22-23 site (200% at location 1 and 100% at location 2) (Table E-4). The concentration of Cu also fluctuated

at all the locations, except 22-23 location 1.
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Figure E-5: Dissolved and labile concentrations of (a) Cu (b) Ni (c) Zn (d) Fe and (e) Mn in surface
water. The concentration of Co was below detection limit at all the locations. The concentrations
are averaged for three deployment time periods (24 h, 48 h, and 72 h). Subplot (f) represents the

boxplot for the R values observed for metals at all the locations.

DGT-estimated concentrations of metals (Cpert) in the water column of the stream for 24-
hour deployment periods are shown in Figure E-5, and the mass accumulated on the resin gel
throughout the deployment span is shown in Error! Reference source not found.. Cpgr values f
ollowed the same trend as observed for dissolved metal concentration in the water streams with

Zn > Ni > Cu. The ratio of DGT estimated and initial dissolved metal concentrations, as shown in

Figure E-7, suggests that the ORNL 22-23 location 2 had a higher fraction of labile trace metals
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than all the other locations. Cpct/Cstream for Cu and Ni lies in the range of 0.3-0.8, however, this
ratio for Zn was significantly higher (0.60 — 0.95). The low fraction of DGT estimated Cu and Ni
concentration at all the locations, except at 22-23 location 2, shows that these metals exist in forms
associated with organic complexes that are not readily bioavailable.*®° The ratio of bioavailable Fe
to dissolved Fe was low (0.2-0.4), suggesting that a high proportion may be complexed by less
mobile humic substances.®’ The higher ratios of Coer and Cstream for Mn (1.5-5.2) indicate that
Mn may be predominantly present as free Mn(l1) that can readily diffuse and bind to the resin gel
in DGT.% Also, the Mn concentration fluctuated over a time span of 72 hours, and hence
comparing DGT-estimated Mn concentrations with initial Mn concentration in the water stream
might not be relevant.

Table E-4: Concentration of dissolved metals in the water samples collected after 6 hours and 72
hours of deploying DGT solution samplers. All the concentrations are in nM.

54 Loc1 5.4 Loc 2 22-23 Loc 1 22-23 Loc 2

6 hr 72 hr 6 hr 72 hr 6 hr 72 hr 6 hr 72 hr

Cu 11.8 7.8 7.8 16.9 10.2 9.1 10.7 4.9
Ni 28.1 24.8 23.1 26.3 194 18.7 17.1 20.7
Zn 116.2 109.3 152.9 117.5 201.3 182.9 165.0 123.3
Fe 2711.0 2161.6 2398.4 2361.8 2206.4 2210.2 2198.9 2412.1
Mn 75.8 65.8 58.7 76.4 28.4 85.9 67.1 134.2
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E.3.2 Sediments

The porewater concentration (Cpw) of metals in the sediments is shown in Figure E-8. The
concentration of trace metals in the porewater followed the trend of 22-23 location 1 > 5.4 location
1>5.4 location 2 > 22-23 location 2. The concentration of Fe was similar across all the locations,
except at 22-23 location 2, where the concentration was significantly lower. The concentration for
Mn in the porewater has the trend 5.4 loc 1= 22-23 loc 1 > 5.4 loc 2 = 22-23 loc 2. Previous
studies have observed similar concentrations of metals in the porewater of uncontaminated

sediments,369-372

1000 F 254 Loc 1

. B 54Loc?2

g @ 22-23 Loc 1

8 100 fF @22-23Loc2 .
©
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K] 10
[=)

Cu Ni Co Zn Mn Fe

Figure E-8: Porewater concentration of metals obtained on centrifuging sediments. The trace metal

concentrations are in nM and the concentration of Fe and Mn are in pM.

DGT sediment probes were used to obtain high-resolution profiles of labile trace metals in
the sediments at the four selected locations (Figure E-9-Figure E-12) for deployment periods of 6,
12, 24, 48 and 72 hours. The mass accumulated on the resin gels was also plotted to understand if
the concentration of metals in the porewater were depleted with time (Figure E-13-Figure E-16).
For all locations, the rate of mass accumulation on the resin gels decreased after 24 hours for all
the metals, which indicates that the metals in the porewater are not fully replenished from the

sediments after the 24-hour deployment period. Hence, a 24-hour time period was selected to
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compare the labile concentration of metals at the selected locations (Error! Reference source not f

ound.).

The Cu concentration did not vary substantially across all the locations and was in the range
of 3-9 nM (Figure E-17a). The ratio of Cpst and Cpw for Cu is low (0.15-0.50), suggesting that Cu
is mostly unavailable at the studied sites. For 5.4 location 1 and location 2, Cu showed a relatively
stable profile down to 10 cm depth, however, the labile concentration increased at depths > 10 cm.
This trend corresponds well with Fe concentrations at 5.4 locations 1 and 2, where the labile Fe
concentration increased with depth and could be due to the dissolution of Fe oxides/hydroxides
under anoxic conditions.3”® For 22-23 locations, a slight increase in the Cu concentration was
observed at depths between 5-8 cm which can be attributed to the dissolution of Mn oxides (Error! R
eference source not found.f). The decrease in the concentration of Cu at depths > 8 cm can be due

to association with stable sulfides in anoxic regions.”*"

The labile Ni concentration remained almost constant at all the depths at locations 5.4
location 1 and 22-23 location 2 (Figure E-17b). At 5.4 location 2, there was an increase in Ni
concentration between depths 6-8 cm that relates well with the increase in Fe and Mn concentration
observed at the same depths (Figure E-17 e,f); however, the Ni concentration decreased at greater
depths indicating its associations with organic matter and sulfide moieties.*®” The trend observed
for labile Ni concentration at 22-23 location 1 varied significantly from other locations. The
concentration increased with depth and reached as high as 40 nM. This could be due to two reasons:
(i) the majority of Ni is bound to Fe/Mn oxides/hydroxides, and the dissolution of these
oxides/hydroxides might have resulted in the release of Ni in the porewater, and (ii) a change in
the redox state of sediments caused the instability of sulfides resulting in the release of Ni into the

porewater. Previous studies have seen the release of S and heavy metals at depths below 11
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cm 361363374 Qyerall, the ratio of Cper to Cpw for Ni varied between 0.2-0.5 indicating that the

stream sediments effectively bind Ni at the studied locations.
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Figure E-9: DGT estimated concentrations for metals (a) Cu (b) Ni (c) Co (d) Zn (e) Fe and (f) Mn
at 5.4 location 1 for deployment period of 6, 12, 24,48 and 72 hours.
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Figure E-10: DGT estimated concentrations for metals (a) Cu (b) Ni (c) Co (d) Zn (e) Fe and (f) Mn
at 5.4 location 2 for deployment period of 6, 12, 24, 48 and 72 hours.
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Figure E-11: DGT estimated concentrations for metals (a) Cu (b) Ni (c) Co (d) Zn (e) Fe and (f) Mn
at 22-23 location 1 for deployment period of 6, 12, 24, 48 and 72 hours.
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Figure E-12: DGT estimated concentrations for metals (a) Cu (b) Ni (c) Zn (d) Fe and (e) Mn at 22-
23 location 2 for deployment period of 6, 12, 24, 48 and 72 hours.
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and (f) Mn at 5.4 location 1.
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Figure E-15: Mass deposited on the resin gels with time for metals (a) Cu (b) Ni (¢) Co (d) Zn (e) Fe
and (f) Mn at 22-23 location 1.
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Figure E-17: DGT estimated concentration of metals (a) Cu (b) Ni (c) Co (d) Zn (e) Fe and (f) Mn at
different locations for a deployment period of 24 hours.

Labile Co followed the same profile at 5.4 location 1 and 5.4 location 2, and the

concentration varied at values below 25 nM at these locations (Figure E-17c). The trend relates

well to the Mn profile at these locations suggesting that Co has strong associations with Mn

oxides/hydroxides present at these locations (Figure E-17f). A dominant relationship between Co

and Mn has also been observed in previous studies.®”>3"® The decrease in Co concentration with
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depth can be due to the formation of, or incorporation into, sulfide phases.”*%® At 22-23 location
1, the Co concentration increased at depths > 5 cm, again similar to the profile obtained for Mn at
that location. Co was not detected at 22-23 location 2. The ratio of Cpct to Cpw goes as high as 0.9

at the studied locations indicating its high mobility.

The concentration change with depth for Zn is shown in Figure E-17d. The labile Zn
concentration varied between 30 - 200 nM at the locations. The concentration profiles of Zn at 5.4
location 2 and 22-23 location 2 were quite similar, almost constant until 11 cm and then with a
slight increase in the concentration below that depth. The increase in the Zn concentration below
11 cm can be due to the instability of sulfides caused by the change in the redox state of the
sediments.3%3377 At 5.4 location 1, the Zn profile corresponds well with the Mn profile at the
location indicating that reductive dissolution of Mn oxides could have resulted in the release of Zn
to the porewater.”3"738 The profile obtained for Zn at 22-23 location 1 is different from the other
locations, as the Zn concentration decreased up to 8 cm depth and then increased. The decrease in
the Zn concentration could have been due to the associations with organic matter or sulfides in the
sediments®®4377378  however, the increase at depths > 8 cm could be due to microbial

decomposition of organic matter, which could result in the release of Zn into the porewater.378-381

DGT-estimated Fe concentrations (Figure E-17¢e) remained almost negligible up to 7 cm
depth at 22-23 location 1, indicating that Fe is bound in the form Fe oxy/hydroxides; however, the
concentration increased between depths 8-13 cm which suggests the onset of reducing conditions
resulting in the dissolution of Fe oxides. At depths > 13 cm, a decrease in Fe concentration was
observed at 22-23 location 2. The lower level of Fe in deeper layers may be attributed to the
formation of stable crystalline pyrite.382-38 A similar trend was observed at 5.4 location 1. Labile

Fe concentrations at 5.4 location 2 were significantly higher than all the other locations; however,
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the trend was similar to other locations as the Fe concentration first increased down to 10 cm depth
and then decreased. Very low labile Fe concentrations were detected at 22-23 location 2. Even the
porewater concentration of Fe (Figure E-8) obtained by centrifuging the sediments was lower than
at other locations. This suggests that the Fe present at 22-23 location 2 is not bioavailable and is

present in the oxidized state in the form of Fe oxides/hydroxides.

Coet for Mn followed the same trend as observed for Fe as the concentration first increased
and then decreased at all the locations, except at 22-23 location 2. The increase in concentration
can be due to the dissolution of Mn oxides, and the decrease in concentration can be attributed to
the incorporation of Mn into sulfides in deeper layers.”3° At 22-23 location 2, the labile Mn

concentration almost remained constant throughout the entire depth.

2.5 50
- a) Surface Water - b) Porewater
~ 20 N - 40 -
© 30
I % 20
S 10
0
L1.1 L1.2 L2.1 L2.2 L1.1 L1.2 L21 L2.2

Figure E-18: Concentration of dissolved organic carbon concentrations in surface water and

porewater of sediments
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E.4 Key Findings

Deploying DGT solution samplers and sediment probes for an extended period of time can
lead to underestimation of the bioavailable fraction of metals at uncontaminated sites like
ORNL.

Depth profiles of metals vary substantially across different metals as well as locations.
Variability in sediment characteristics and redox potential at different locations could drive
these differences in metal depth profiles.

The optimum concentration of Cu required for N2O conversion to N2 in denitrification lies in
the range 4-10 nM.3 Cuoer concentration at the selected locations is 3-9 nM and hence N2O
accumulation might not occur in the stream sediments at ORNL. Optimal methanogenic
growth occurs at 0.2—2 pM Ni and 0.1-2 pM Co.2 DGT-estimated Ni and Co concentrations
are less than the optimum values, which indicates that these trace metals can play an
important role in limiting methane emissions from stream sediments at ORNL.

The trace metals in the porewater are not fully replenished from the sediments after DGT
uptake, which suggests that the solid-phase pool of metals is not easily mobilized under a

local sink induced due to DGT samplers.
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